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1. Introduction
Jon C. Lovett and David G. Ockwell

Environmental management has risen from being the task of technical
natural resource specialists to being the concern of everyone on the planet.
This has led to a rapid expansion in the range of jobs dealing with environ-
mental issues. Not only are ecologists, conservationists, hunters, farmers
and fishers involved; we now also have professionals in social science fields
such as environmental economics, law and politics. Previously a topic that
was dominated by the application and interpretation of technical meas-
ures such as species diversity and population growth rates, environmental
management is now being debated in terms such as property rights and
market trading. Sometimes the technical and social aspects make uneasy
bedfellows: for example, ecologically minded conservationists can find
themselves at loggerheads with human rights lawyers seeking equitable
access to protected areas for indigenous peoples. In this book we aim to
provide overviews and specific examples of case studies and techniques
that are used in environmental management from the local level to
international environmental regimes.

The recognition of a division between technical and social fields of
study is not new. In 1959 the scientist, administrator and novelist C.P.
Snow gave a lecture in Cambridge entitled ‘The Two Cultures and the
Scientific Revolution’. This focused on the idea that the ‘intellectual life of
the whole of western society is increasingly split into two groups’, literary
intellectuals and scientists (Snow, 1998). The “Two Cultures’ theme was
taken up again nine years later in another famous paper, ‘“The Tragedy of
the Commons’, written by the biologist Garrett Hardin (Hardin, 1968). In
this paper, Hardin addressed the classic academic divide between social
and natural sciences. He described the gulf thus:

An implicit and almost universal assumption of discussions published in pro-
fessional and semi-popular scientific journals is that the problem under discus-
sion has a technical solution. A technical solution may be defined as one that
requires a change only in the techniques of the natural sciences, demanding
little or nothing in the way of change in human values or ideas of morality.
The class of ‘no technical solution problems’ has members . . . They think that
farming the seas or developing new strains of wheat will solve the problem —
technologically. I try to show here that the solution they seek cannot be found.
(Hardin, 1968, p. 1243)
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The point of Hardin’s paper is that technical solutions alone cannot
solve environmental management problems. The environment does not
exist in isolation from human society or the economic systems that operate
within society. The environment both defines, and is shaped by, the
activities of human beings. In the past, however, there has been a tendency
amongst environmental managers to try to implement technical natural-
science-based solutions to environmental problems without any attempt
to understand the socioeconomic dynamics that underlie the context
within which such technical solutions are applied. This has often resulted
in misaligned management objectives and ultimately management failure.

Leach and Mearns’ (1996) study of the fuel wood shortage in Africa
in the 1980s provides a good example of this (Ockwell and Rydin, 2006).
The fuel wood shortage was perceived by most environmental managers
as the result of a wood supply gap. In other words, demand for fuel wood
exceeded supply and the technical solution was simple — plant more trees.
Unfortunately, this tree planting approach failed to address the problem
of the fuel wood shortage for the many African people whose livelihoods
were affected. It emerged later that the problem was not a simple issue of
a lack of supply, but a far more complex problem related to the nature
of ownership and use of trees as a source of fuel in Africa. Following the
broad-scale failure of the tree planting policy to address the fuel wood
shortage, social scientists working together with natural scientists later
demonstrated that the basic assumptions that define the idea of a supply
gap ignore more subtle issues such as the fact that most fuel wood comes
from clearing wood for agriculture or from lopping branches valued for
fruit and shade. From the perspective of people affected by the fuel wood
shortage there was not one simple problem of a lack of supply, but many
more complex socioeconomic problems associated with command over
trees and their products to meet a wide range of basic needs. This high-
lights the need to attend to a range of socioeconomic issues in environ-
mental management, such as the nature of property rights regimes, local
cultural practices and the subjective, often conflicting, understanding of
different resource users (Ockwell, 2008).

The constructive outcomes of natural and social scientists working
together to solve environmental management problems have led to an
increasing awareness of the need for interdisciplinary approaches to envi-
ronmental management. This requires managers to combine insights from
both the natural and social sciences in order to ensure sustainable out-
comes. In an attempt to help current and future managers to understand
how they might complement their natural science approaches with insights
from the social sciences, this Handbook of Environmental Management
contains a range of case studies that demonstrate the complementary
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application of different social science techniques in combination with
ecological management thinking.

Tom Brooks et al. (Chapter 2) highlight the importance of an awareness
of how conservation funding is spent. Allocation of money essentially rep-
resents a key way in which human beings interact with the environment.
The approach taken to prioritizing which areas benefit from the $6bn
spent annually on conservation has obvious consequences for global bio-
diversity. In their chapter, a shorter version of which was originally pub-
lished in the journal Science, Brooks et al. present a comprehensive review
of the concepts, methods, results, impacts and challenges of approaches to
nine templates of global biodiversity priorities that have been proposed by
biodiversity conservation organizations over the last decade. Their review
is rooted within the theoretical irreplaceability/vulnerability framework of
systematic conservation planning. This chapter makes an important con-
tribution to improving understanding of these prioritization approaches,
which in turn makes it possible to orient more efficient allocations of
geographically flexible conservation funding.

Neil Burgess et al. (Chapter 3) discuss people versus environment and
people and environment policies in the context of wildlife conservation
as a divide between those promoting ‘fortress conservation’ and those
promoting ‘people-focused conservation’. In their chapter they argue that
for environmental managers involved with implementing conservation
projects on the ground in the developing world, these polarized views
often represent impractical extremes. Furthermore, for people living in
rural areas of developing countries, the divide between ‘development’
and ‘conservation’ is also often quite artificial. Burgess et al. highlight a
third approach to environmental management that falls between the two
extremes. Projects that take this middle ground approach are known as
Integrated Conservation and Development Projects (ICDPs). The authors
present a detailed analysis of the successes and failures of ICDPs over the
years and develop some practical ecological, social and economic criteria
by which ICDPs might be assessed. They then provide a practical example
of how to apply such criteria by using them to analyse the successes and
failures of two ICDPs with which they have had personal involvement.
By combining ecological criteria with social and economic criteria, the
authors’ analysis enables them to make a series of practical management
recommendations for making the ICDP model more effective in achieving
conservation at the same time as sustaining and improving the lives of the
people that live in these areas.

Management efforts to maintain biodiversity do not need to be focused
solely on protected areas. Economically productive landscapes contain
many of the world’s species, and many protected areas now regarded
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as wilderness were formerly managed for livestock, hunting or exten-
sive agriculture. Tom van Rensburg and Greig Mill (Chapter 4) take a
functional approach to the ecology of biodiversity conservation with an
emphasis on disturbance. With rising human population leading to ever-
increasing demand for food and other natural products, policies that offer
incentives for combining biodiversity conservation with other productive
management objectives will become ever more important in the future.

The move away from protection to production has resulted in new laws
that shift the focus of management from central government control of
natural resources such as forests, towards community involvement in
management with corresponding changes in access and utilization. Bhim
Adhikari (Chapter 5) demonstrates the role that social institutions play
in the management of common pool resources (CPRs — natural resources
that are communally owned and managed). Drawing on the new insti-
tutional economics literature, Adhikari shows how an understanding of
the nature of social institutions is vital if environmental managers are to
be successful in intervening in the management of CPRs. This includes a
need to understand the property rights determining the nature of resource
ownership as well as any unwritten social ‘contracts’ that permit members
of the community to access and use the resource. When CPRs begin to
be degraded, it is often as a result of external pressures that erode the
social institutions that have traditionally governed resource manage-
ment regimes. Management interventions that fail to understand these
traditional institutions and the way in which they have been disrupted are
unlikely to be successful in restoring natural resource use to a sustainable
pattern.

David Ockwell and Yvonne Rydin (Chapter 6) explore the idea of
policy discourses in theoretical and methodological terms. They provide
a practical example of how environmental managers might formally
approach the analysis of the hidden assumptions, values and beliefs
that often underpin dominant framings of environmental problems (for
example, the fuel wood supply gap mentioned above) and expose them
to more critical scrutiny. These dominant framings often prevent more
sustainable, alternative policy solutions from gaining policy influence.
Exposing them to critical scrutiny is one way in which to demonstrate the
policy relevance of alternative knowledge. Ockwell and Rydin focus on
the now well-established field of ‘discourse analysis’. They introduce some
of the core theoretical principles behind different approaches to discourse
analysis before demonstrating the methodological and practical implica-
tions of these different approaches via their application to a case study of
fire management in Cape York, northern Australia. Their chapter pro-
vides a practical example of ‘how to do discourse analysis’. At the same
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time it clearly highlights the insights that environmental managers might
derive by using discourse analysis to better understand the hidden assump-
tions that lie behind different management options.

Differing discourses are not only found in approaches to the manage-
ment of specific resources or areas of land, but also in much higher-level
policy. Sofia Frantzi (Chapter 7) reviews different perspectives on interna-
tional environmental regime effectiveness using the Mediterranean Action
Plan (MAP) as an example. Originally conceived by an ‘epistemic commu-
nity’ of scientists as a means of combating pollution in the Mediterranean
Sea, the MAP can also be regarded as a tool that enables Mediterranean
countries to come together for negotiation, with the technical manage-
ment goal of pollution reduction being subsidiary to the objective of more
general political cooperation. This insight is fundamental to understand-
ing why scientists often become frustrated with policy-makers when the
science findings they are trying to promote take a back seat to consid-
erations of trade and security, which are the main drivers of national
interests.

Staying in the marine environment, but with a local rather than inter-
national focus, Fiona Gell (Chapter 8) provides a detailed demonstration
of how understanding the economics behind natural resource use can lead
to a better understanding of how to ensure that resource use is sustain-
able. Gell looks at the economics of a seagrass fishery in the Quirimba
Archipelago, northern Mozambique. Through an in-depth analysis of the
socioeconomic dynamics of the people who rely on the fishery for their
livelihoods, Gell makes an informed set of management recommendations
for the long-term sustainable management of the fishery.

Claire Quinn and David Ockwell (Chapter 9) highlight an issue
common to many of the chapters in this handbook — that environmental
management for sustainable development needs to protect the environ-
ment at the same time as protecting and developing the livelihoods of
those people who depend on it. This is particularly important for some
of the world’s poorest people whose livelihoods are often most dependent
on natural resources. Using the case study of semi-arid Tanzania, Quinn
and Ockwell highlight the reciprocal relationship that exists between the
environment and society. They then demonstrate how the paradigms that
define environmental managers’ and policy-makers’ conceptions of eco-
logical and social problems are integral to defining the policy discourses
that shape the choice of management solutions. The authors provide a
clear example of how the traditional emphasis on the ecologically centred
‘equilibrium theory’ led to a view of pastoralism as responsible for envi-
ronmental degradation in semi-arid regions of sub-Saharan Africa. In
contrast, the alternative, more recently emerging ecological paradigm
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based on ‘non-equilibrium theory’ lends itself to a new perspective that
sees pastoralists and other indigenous populations as being an integral
part of the environment. Most importantly, Quinn and Ockwell show
that these different ecological and social paradigms have fundamental
implications for the policy discourses that are adopted and that define
appropriate management strategies. Equilibrium theory was fundamental
to the policy discourse of people versus environment that has traditionally
defined colonial-influenced approaches to environmental management
in Africa. Non-equilibrium theory, on the other hand, supports a policy
discourse of people and environment, which sees the appropriate manage-
ment response to be inclusive of indigenous people and their knowledge.
Quinn and Ockwell’s central argument is that if the ecological paradigms
that underpin policy discourses fail to recognize the reciprocal link
between the environment and society, the resulting management solutions
can only protect the environment at the expense of the livelihoods of poor
people, thus failing to achieve sustainable development.

The two following chapters by Vanessa Pérez-Cirera (Chapter 10) and
Deborah Kirby (Chapter 11) provide differing methodological perspec-
tives on the semi-arid environment discussed by Quinn and Ockwell.
Pérez-Cirera explores the application of game theory whereas Kirby illus-
trates the use of production function economics. Together, these chapters
provide detailed examples of the potential for different approaches to
environmental decision-making.

The scale of environmental management changes to the macroeconomic
considerations of economic growth and the environment in Chapter 12
by Dalia El-Demellawy. Whilst environmental riches are associated with
either a complete absence of economic activity in pristine wilderness, or
low-level hunter-gatherer economies, it is perhaps wealthier countries that
can afford to have both the technological benefits of development and sus-
tainable environmental policies. Intermediate economies are characterized
by natural resource exploitation and pollution. This observation is formal-
ized in the ‘environmental Kuznet’s curve’, which suggests that there is an
inverted ‘U’-shaped curve of environmental degradation associated with
development. If this is the case, then the macroeconomic environmental
management solution is to enhance economic development to the point
where the whole planet is enjoying environmental sustainability. However,
as explained by El-Demellawy, reality is a bit more complicated.

The final chapter by Mahesh Poudyal and Jon Lovett (Chapter 13) deals
with a controversial issue that has created an environmental management
conundrum. Scientists are agreed that the release of greenhouse gases by
modern economic activity, in particular the burning of fossil fuels, has
resulted in global warming. The environmental effects of global warming
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are predicted to be enormous, changing the whole ecology of the planet. A
technical solution is to replace fossil fuel with renewable resources such as
biofuel derived from agricultural crops. Policy-makers in Europe can see
a wide range of benefits from this move: meeting commitments under the
Kyoto Protocol, improved security of fuel supplies, enhanced European
integration through agricultural subsidies to new European partners and a
strong market for biofuels from developing countries, which can help meet
the Millennium Development Goals. Set against these potential benefits
are environmentally negative changes in land use such as the destruction
of tropical rainforest for biofuel crops and the introduction of large-scale
mono-cultures. The future will reveal if ‘second generation’ biofuels
from wood products are the answer, or if biofuels offer a false dawn for
maintaining our fuel dependence in light of global warming.

Each of the chapters in this handbook provides practical examples
of the ways in which insights from the social sciences can complement
knowledge from the natural sciences to make environmental management
more effective. Sustainable development presents the dual challenge of
maintaining environmental quality whilst improving the livelihoods of
the people who rely on natural resources. In the past, implementation
of environmental management has been hampered by a tendency to rely
on technical solutions without understanding the socioeconomic context
within which these technical solutions were applied. The complementary
application of different social science techniques in combination with
ecology-based management thinking, as demonstrated in this handbook,
provides practical solutions to overcoming this problem. Such an inter-
disciplinary approach to environmental management, working across the
social and natural sciences, is integral to developing effective management
solutions and achieving sustainable development.
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2. Global biodiversity conservation
priorities: an expanded review!
Thomas M. Brooks, Russell A. Mittermeier,
Gustavo A.B. da Fonseca, Justin Gerlach,
Mike Hoffmann, John F. Lamoreux,
Cristina G. Mittermeier, John D. Pilgrim and
Ana S.L. Rodrigues?

Human actions are causing a biodiversity crisis, with species extinction
rates now up to 1000 times higher than the background rate (Pimm et al.,
1995). Moreover, the processes driving extinction are eroding the envi-
ronmental services on which humanity depends (Millennium Ecosystem
Assessment, 2005). People care most about what is close to them, so most
responses to this crisis will be local or national (Hunter and Hutchinson,
1994). Thus, approximately 90 per cent of $6bn annual conservation
funding originates in, and is spent within, economically rich countries
(James et al., 1999). However, this still leaves globally flexible funding of
hundreds of millions of dollars annually from multilateral agencies (for
example, Global Environment Facility), bilateral aid and private sources
including environmentally focused corporations, foundations and indi-
viduals (Balmford and Whitten, 2003). These resources are frequently the
only ones available where conservation is most needed, because biodiver-
sity is unevenly distributed and the most biodiverse places are often the
most threatened and poorest economically (Balmford and Long, 1994;
Balmford et al., 2003; Baillie et al., 2004). Accordingly, geographically
flexible resources exert disproportionate influence on conservation world-
wide, and have a key role in the recently agreed intergovernmental 2010
target to reduce significantly the rate of biodiversity loss (Balmford et al.,
2005).

Since the pioneering work of Myers (1988) on how to best allocate flex-
ible conservation resources, no less than nine major institutional templates
of global biodiversity conservation prioritization have been published,
each with involvement from non-governmental organizations (Figure 2.1).
These strategies have attracted considerable attention (Figure 2.2), result-
ing in much progress as well as controversy. The diversity of approaches
has raised criticisms of duplication of efforts and lack of clarity (Mace et

8
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9

High vulnerability

Crisis ecoregions (Hoekstra et al., 2005)

305 ecoregions with >20% habitat conversion and within
which the percentage conversion is =2 times the percentage
protected area coverage

Biodiversity hotspots (Myers et al., 2000)

34 biogeographically similar aggregations of ecoregions
holding =0.5% of the world’s plants as endemics, and with
>70% of primary habitat already lost [Myers 1990, 1991;
Mittermeier et al., 1998, 1999, 2004]

bility

High irr r‘

Endemic bird areas (Stattersfield et al., 1998)

218 regions holding =2 bird species with global ranges of
<50000 km?, and with more of these endemic than are
shared with adjacent regions [ICBP 1992; Crosby 1994;
Long et al., 1996]

Centres of plant diversity (WWF and ITUCN 1994-97)

234 mainland sites holding >1000 plant species, of which
>10% are endemic either to the site or the region; or islands
containing =50 endemic species or =10% of flora endemic

Megadiversity countries (Mittermeier et al., 1997)
Countries holding 21% of the world’s plants as endemics
[Mittermeier, 1988]

Global 200 ecoregions (Olson and Dinerstein, 1998)

142 terrestrial ecoregions within biomes characterized

by high species richness, endemism, taxonomic uniqueness,
unusual phenomena, or global rarity of major habitat

type [Olson and Dinerstein, 2002]
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Low vulnerability

High-biodiversity wilderness areas (Mittermeier et al., 2003b)
Five biogeographically similar aggregations of

ecoregions with =0.5% of the world’s plants as endemics,
and with >70% of primary habitat remaining and

>5 people per km? [Mittermeier et al., 1998, 2002]
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Frontier forests (Bryant et al., 1997)

Forested regions large enough to support viable
populations of all native species, dominated by native
tree species, and with structure and composition driven
by natural events

ﬁ

FF

I

Last of the wild (Sanderson et al., 2002)

10% wildest 1-km? grid cells in each biome, with wildness
measured with an aggregate index of human density, land
transformation, access and infrastructure

LW
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Note:

For each proposal, we note primary references, definitions paraphrased from the
primary references, maps from the primary references except for Global 200 ecoregions
(Olson and Dinerstein, 2002) and biodiversity hotspots (Mittermeier et al., 2004) for which
more recent maps are available, and secondary references in square brackets. The Global
200 ecoregions also include 53 freshwater and 43 marine ecoregions, not mapped.

Figure 2.1 Global biodiversity conservation prioritizations
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of the primary (most cited) reference for each global conservation prioritization recorded
in the Web of Science (accessed 23 December 2009, searching comprehensively using ‘Cited
Reference Search’).

Figure 2.2 Growth of attention to global biodiversity conservation
prioritization

al., 2000). Although attempts have been made to summarize conservation
planning strategies by scale (Redford et al., 2003), no one has considered
them within the framework of conservation planning generally (Margules
and Pressey, 2000). We review the published concepts and methods behind
global biodiversity conservation prioritization, assess the remaining chal-
lenges and highlight how this synthesis can already inform allocation of
globally flexible resources.

Global prioritization in context

A framework of ‘irreplaceability’ relative to ‘vulnerability’ is central to
conservation planning theory (Margules and Pressey, 2000). Conservation
of all components within such a framework — ‘representation’ of
biodiversity — is not antagonistic to prioritization, as some have argued
(Schmidt, 1996). Rather, the latter is a subset of the former; representa-
tion identifies everything that biodiversity conservation aims to preserve,
whereas prioritization identifies what it aims to preserve first (Ginsberg,
1999). Importantly, in the conservation context, prioritization is quite
distinct from, and should not be confused with, triage. Prioritization
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Note: Codes as in Figure 2.1. (A) Purely reactive (prioritizing high vulnerability) and
purely proactive (prioritizing low vulnerability) approaches. (B) Approaches that do not
incorporate vulnerability as a criterion (all prioritize high irreplaceability).

Source:  Revised version of figure originally published in Brooks et al. (2006).

Figure 2.3 Global biodiversity conservation priority templates placed
within the conceptual framework of irreplaceability and
vulnerability

provides a means of scheduling responses within such an overall frame-
work (Mittermeier et al., 2003a). Triage, by contrast, has been interpreted
as writing threatened biodiversity off the conservation agenda as beyond
hope (Pimm, 2000) — discounting the high vulnerability components of the
framework.

Conceptually all nine templates of global biodiversity conservation
priority fit within the framework of conservation planning theory (Figure
2.3). Importantly, though, they map onto different portions of the frame-
work — while most of the templates prioritize high irreplaceability, some
prioritize high and others low vulnerability. These differences are key to
understanding how, and why, the nine prioritizations differ, yielding pri-
ority maps that cover from less than one-tenth to more than one-third of
Earth’s land surface.

Measures of irreplaceability

Six of the nine templates of global conservation priority incorporate irre-
placeability — measures of spatial conservation options (Margules and
Pressey 2000; Pressey and Taffs, 2001). The most common measure of irre-
placeability is plant (WWF and TUCN, 1994-97; Mittermeier et al., 1997,
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2003b; Myers et al., 2000) or bird (Stattersfield et al., 1998) endemism, often
supported by terrestrial vertebrate endemism overall (Mittermeier et al.,
1997, 2003b; Myers et al., 2000). The logic for this is that the more endem-
ics a region holds, the more biodiversity is lost if that region is lost (even
if anywhere holding even one endemic is irreplaceable in a strict sense). In
addition to numbers of endemic species, other aspects of irreplaceability
have been proposed including taxonomic uniqueness, unusual phenomena
and global rarity of major habitat types (Olson and Dinerstein, 1998), but
these remain difficult to quantify. Despite the fact that species richness
within a given area is sometimes assumed to be important in prioritization
(Prendergast et al., 1993), none of the approaches rely on species richness
alone. This is because species richness is driven by common, widespread
species, thus strategies focused on species richness tend to miss exactly
those biodiversity features most in need of conservation (Orme et al., 2005;
Possingham and Wilson, 2005; Lamoreux et al., 2006). Three approaches
do not incorporate irreplaceability (Bryant et al., 1997; Sanderson et al.,
2002; Hoekstra et al., 2005).

The choice of measures of irreplaceability is to some degree subjective,
in that data limitations currently preclude the measurement of biodiver-
sity wholesale. Further, these same data constraints have meant that, with
the exception of endemic bird areas (Stattersfield et al., 1998), the meas-
ures of irreplaceability used in global conservation prioritization have
necessarily been derived from specialist opinion. Subsequent tests of plant
endemism estimates (Krupnick and Kress, 2003) have proven this expert
opinion to be quite accurate. However, reliance on specialist opinion
means that results cannot be replicated, raising questions concerning the
transparency of the approaches (Humphries, 2000; Mace et al., 2000). It
also prevents formal measurement of irreplaceability, which requires the
identities of individual biodiversity features, such as species names, rather
than just estimates of their magnitude expressed as a number (Balmford,
et al., 2000; Humphries, 2000; Mace et al., 2000; Brummitt and Lughadha,
2003).

Measures of vulnerability

Five of the templates of global conservation priority incorporate
vulnerability — measures of temporal conservation options (Margules and
Pressey, 2000; Pressey and Taffs, 2001). A recent classification of vulner-
ability (Wilson et al., 2005) recognizes four types of measures based on:
environmental and spatial variables; land tenure; threatened species; and
expert opinion. Of these, environmental and spatial variables have been
used most frequently in global conservation prioritization, measured as
proportionate habitat loss (Myers et al., 2000; Sanderson et al., 2002;
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Mittermeier et al., 2003b; Hoekstra et al., 2005). Species—area relation-
ships provide justification that habitat loss translates into biodiversity loss
(Pimm et al., 1995; Brooks et al., 2002). However, use of habitat loss as a
measure of vulnerability has several problems, in that it is difficult to assess
using remote sensing for xeric and aquatic systems, does not incorporate
threats such as invasive species and hunting pressure and is retrospective
rather than predictive (Wilson et al., 2005). The frontier forests approach
(Bryant et al., 1997) uses absolute forest cover as a measure, although this
has been criticized as not reflective of vulnerability (Innes and Er, 2002).

Beyond habitat loss, land tenure, measured as protected area coverage,
has also been incorporated into two approaches (Olson and Dinerstein,
1998; Hoekstra et al., 2005). Other possible surrogates not classified by
Wilson et al. (2005) include human population growth and density, which
are widely thought to be relevant (Sisk et al., 1994; Cincotta et al., 2000;
O’Connor et al., 2003; Shi et al., 2005; Veech, 2003; Balmford et al.,
2001), and were integral to two of the systems (Sanderson et al., 2002;
Mittermeier et al., 2003b). None of the global conservation prioritiza-
tion templates used threatened species or expert opinion as measures of
vulnerability. Household dynamics (Liu et al., 2003) and political and
institutional capacity and governance (O’Connor et al., 2003; Smith et
al., 2003) affect biodiversity indirectly, but have not been incorporated to
date. This is true for climate change as well, which is worrying given that
its impact is likely to be severe (Parmesan and Yohe, 2003; Thomas et al.,
2004; McClean et al., 2006). Finally, while costs of conservation generally
increase with threat, no proposals for global biodiversity conservation
priority have yet incorporated costs directly, despite the availability of
techniques to do this at regional scales (Moran et al., 1997; Wilson et al.,
2006). Two of the templates of global conservation prioritization do not
incorporate vulnerability (WWF and ITUCN, 1994-97; Mittermeier et al.,
1997) and the remaining two only incorporate it peripherally (Olson and
Dinerstein, 1998; Stattersfield et al., 1998).

Spatial units

The spatial units most commonly used in systematic conservation planning
are equal-area grids. However, data limitations have precluded their use
in the development of actual templates of global biodiversity conservation
priority to date. Instead, all proposals, with the exception of megadiver-
sity countries (Mittermeier et al., 1997), are based on biogeographic units.
Typically, these units are defined a priori by specialist perception of the
distribution of biodiversity. For example, ‘ecoregions’, one of the most
commonly used such classifications, are ‘relatively large units of land
containing a distinct assemblage of natural communities and species’
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(Olson et al., 2001, p.933). Only in the endemic bird areas approach are
biogeographic units defined a posteriori by the distributions of the species
concerned (Stattersfield et al., 1998). Relative to equal-area grids, biogeo-
graphic units bring advantages of ecological relevance, while megadiver-
sity countries (Mittermeier et al., 1997) bring political relevance.
However, reliance on biogeographic spatial units raises several compli-
cations. Various competing bioregional classifications are in use (Jepson
and Whittaker, 2002), with the choice of system having considerable
repercussions for resulting conservation priorities (Pressey and Logan,
1994). Further, when unequally sized units are employed, priority may be
biased towards large areas as a consequence of species—area relationships.
Assessment of global conservation priorities should, therefore, factor out
area, either by taking residuals about a best-fit line to a plot of species
against area (Balmford and Long, 1995; Brooks et al., 2002; Werner and
Buszko, 2005; Lamoreux et al., 2006) or by rescaling numbers of endemics
using a power function directly (Veech, 2000; Brummitt and Lughadha,
2003; Hobohm, 2003; Ovadia, 2003). Nevertheless, use of a priori bio-
regional units for global conservation prioritization will be essential until
data of sufficient resolution become available to enable the use of grids.

Spatial patterns
In Figure 2.4, we map the overlay of the global biodiversity conservation
priority systems into geographic space from the conceptual framework
of Figure 2.3. Figure 2.4A illustrates the large degree of overlap between
templates that prioritize highly vulnerable regions of high irreplace-
ability: tropical islands and mountains (including montane Mesoamerica,
the Andes, the Brazilian Atlantic forest, Madagascar, montane Africa,
the Western Ghats of India, Malaysia, Indonesia, the Philippines and
Hawaii), Mediterranean-type systems (including California, central Chile,
coastal South Africa, south-west Australia and the Mediterranean itself),
and a few temperate forests (the Caucasus, the central Asian mountains,
the Himalaya and south-west China). Highly vulnerable regions of lower
irreplaceability (generally, the rest of the northern temperate regions)
are prioritized by fewer approaches. Figure 2.4B shows a large amount
of overlap between templates for regions of low vulnerability but high
irreplaceability, in particular the three major tropical rainforests of
Amazonia, the Congo and New Guinea. Regions of simultaneously lower
vulnerability and irreplaceability, such as the boreal forests of Canada and
Russia, and the deserts of western USA and central Asia are prioritized
less often.

Two general observations are apparent. First, most land (79 per
cent) is highlighted by at least one of the prioritization systems. Second,
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Note: (A) Reactive approaches, corresponding to the right-hand side of Figure 2.3A,
that prioritize regions of high threat and those that do not incorporate vulnerability as a
criterion (Figure 2.3B); the latter are only mapped where they overlap with the former. (B)
Proactive approaches, corresponding to the left-hand side of Figure 2.3A, that prioritize
regions of low threat and those that do not incorporate vulnerability as a criterion (Figure
2.3B); again, the latter are only mapped where they overlap with the former. Shading
denotes number of global biodiversity conservation prioritization templates, in both cases.

Source:  Revised version of figure originally published in Brooks et al. (2006).

Figure 2.4 Mapping the overlay of approaches prioritizing reactive and
proactive conservation
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despite this, a noticeable pattern emerges from the overlay of different
approaches. There is significant overlap among templates that prioritize
irreplaceable regions (WWEF and IUCN, 1994-97; Mittermeier et al., 1997,
2003b; Olson and Dinerstein, 1998; Stattersfield et al., 1998; Myers et al.,
2000), among those that prioritize highly vulnerable regions (Myers et al.,
2000; Hoekstra et al., 2005), and among those that prioritize regions of
low vulnerability (Bryant et al., 1997; Sanderson et al., 2002; Mittermeier
et al., 2003b), but not between approaches across each of these three
general classes (Table 2.1). This provides useful cross-verification of
priority regions (Fonseca et al., 2000).

These patterns of overlap reflect two approaches to how vulnerability is
incorporated into conservation in the broadest sense: reactive (prioritizing
areas of high threat and high irreplaceability) and proactive (prioritizing
areas of low threat but high irreplaceability). The former are considered
the most urgent priorities in conservation planning theory (Margules and
Pressey, 2000; Pressey and Taffs, 2001) because unless immediate con-
servation action is taken within them, unique biodiversity will soon be
lost. The latter are often de facto priorities, because the opportunities for
conservation in these are considerable (Norris and Harper, 2003; Cardillo
et al., 2006). Biodiversity conservation clearly needs both approaches, but
the implementation of each may correspond to different methods. On the
one hand, large-scale conservation initiatives may be possible in wilder-
ness areas, such as the establishment of enormous protected areas, like
the 3800000 ha Tumucumaque National Park, created in the Brazilian
state of Amapa in 2003. On the other hand, finely tuned conservation will
be essential in regions of simultaneously high irreplaceability and threat,
where losing even tiny patches of remnant habitat, like the sites identi-
fied by the Alliance for Zero Extinction (Ricketts et al., 2005), would be
tragic.

Impact of global prioritization

The appropriate measure of impact is the success of prioritization in
achieving its main goal — influencing globally flexible donors to invest in
regions where these funds can contribute most to conservation. Precise
data are unavailable for all of the approaches (Halpern et al., 2006), but
hotspots alone have mobilized at least $750m of funding for conservation
in these regions (Myers, 2003). More specifically, conservation funding
mechanisms have been established for several of the approaches, such
as the $100m, ten-year Global Conservation Fund focused on high-
biodiversity wilderness areas and hotspots, and the $125m, five-year
Critical Ecosystem Partnership Fund, aimed exclusively at hotspots
(Dalton, 2000). The Global Environment Facility, the largest financial
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mechanism addressing biodiversity conservation, is currently exploring a
resource allocation framework that builds on existing templates. Both civil
society and government organizations often utilize the recognition given
to regions as global conservation priorities as justification when applying
for geographically flexible funding. In addition, the global prioritization
systems must have had sizeable effects in the cancellation, relocation or
mitigation of environmentally harmful activities, even in the absence of
specific legislation (Kunich, 2001). Unfortunately, resources still fall an
order of magnitude short of required conservation funding (James et al.,
1999). Nevertheless, the dollar amounts are impressive, and represent
dramatic increases in conservation investment in these regions.

Challenges facing global prioritization

Limitations of data have thus far generally restricted global conservation
prioritization to specialist estimates of irreplaceability, to habitat loss as a
measure of vulnerability, and to coarse geographic units defined a priori.
Over the last five years, spatial datasets have been compiled with the
potential to reduce these constraints (Baillie et al., 2004), particularly for
mammals (Ceballos et al., 2005), birds (Orme et al., 2005), and amphibians
(Stuart et al., 2004). When these maps are combined with assessment of
conservation status, they enable the development of threat metrics based
on threatened species directly (Sisk et al., 1994; Rodrigues et al., 2004a). So
far, the main advances to global prioritization enabled by these new data
are validation tests of existing templates (Fonseca et al., 2000; Burgess et
al., 2002). Encouragingly, global gap analysis of priorities for the repre-
sentation of terrestrial vertebrate species in protected areas (Rodrigues et
al., 2004a, b) and initial regional assessment of plants (Kiiper et al., 2004)
yield results similar to existing approaches (Figure 2.5).

A few have argued that global conservation priorities should be driven
solely by those vertebrates known and loved by society (Jepson and
Canney, 2001). However, invertebrates represent the bulk of eukaryotic
diversity on Earth with over a million known species (Baillie et al., 2004)
and many more yet to be described (Novotny et al., 2002). The conser-
vation status of only ~3500 arthropods has been assessed (Baillie et al.,
2004), and so even setting aside microbes as near-irrelevant to conserva-
tion (Nee, 2004), global conservation priority is still far from being able to
incorporate megadiverse invertebrate taxa (Mace et al., 2000; Brummitt
and Lughadha, 2003). While regional data can show little overlap between
priority areas for arthropods and those for plant and terrestrial vertebrate
taxa (Dobson et al., 1997), there are strong correlations between phytopha-
gous insects and plant species richness (Kelly and Southwood, 1999), and
preliminary global data for groups like tiger beetles and termites suggest
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Note: Global conservation prioritization templates have been based almost exclusively

on bioregional classification and specialist opinion, rather than primary biodiversity data.
Such primary datasets have recently started to become available under the umbrella of the
IUCN Species Survival Commission (Baillie et al., 2004), and they allow progressive testing
and refinement of templates. (A) Global gap analysis of coverage of 11633 mammal, bird,
turtle and amphibian species (~40% of terrestrial vertebrates) in protected areas (Rodrigues
et al., 2004b). It shows unprotected half-degree grid cells characterized simultaneously by
irreplaceability values of at least 0.9 on a scale of 0—1, and of the top 5% of values of an
extinction risk indicator based on the presence of globally threatened species (Rodrigues

et al., 2004a). (B) Priorities for the conservation of 6269 African plant species (~2% of
vascular plants) across a 1-degree grid (Kiiper et al., 2004). These are the 125 grid cells with
the highest product of range-size rarity (a surrogate for irreplaceability) of plant species
distributions and mean human footprint (Sanderson et al., 2002). Comparison of these two
maps, and between them and Figure 2.4, reveals a striking similarity among conservation
priorities identified using independent datasets. The difference in taxonomic and geographic
coverage between A and B also highlights the challenge facing the botanical community

to compile comprehensive primary data on plant conservation in order to inform global
conservation prioritization (Callmander et al., 2005). Rectifying this is part of the Global
Strategy for Plant Conservation of the Convention on Biological Diversity.

Source:  Revised version of figure originally published in Brooks et al. (2006).

Figure 2.5 Incorporating primary biodiversity data in global conservation
priority-setting

much higher levels of congruence (Mittermeier et al., 2004). Similarly,
pioneering techniques to model wholesale irreplaceability by combining
point data for megadiverse taxa with environmental datasets produce
results commensurate with existing conservation priorities (Ferrier et al.,
2004). These findings, while encouraging, in no way preclude the need to
use primary invertebrate data in global conservation prioritization as they
become available.
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Aquatic systems feature poorly in existing conservation templates,
although there is evidence that marine biodiversity may be at least as
threatened as (Dulvy et al., 2003) and freshwater biodiversity even more
threatened (McAllister et al., 1997) than that on land (Baillie et al.,
2004). Only one conservation prioritization explicitly incorporates aquatic
systems (Olson and Dinerstein, 1998). The irreplaceability dimension has
been particularly overlooked in the seas, with the traditional emphasis of
marine conservation being on species richness (Briggs, 2002) despite little
correspondence between marine species richness and endemism (Hughes
et al., 2002; Price, 2002). Nevertheless, the most comprehensive study yet,
albeit restricted to tropical coral reef ecosystems, identified ten priority
regions based on endemism and threat (Roberts et al., 2002). Eight of
these regions lie adjacent to priority regions highlighted in Figure 2.4,
raising the possibility of correspondence between marine and terrestrial
priorities despite the expectation that surrogacy of conservation priorities
will be low between different environments (Reid, 1998). Efforts to iden-
tify freshwater priorities lag further behind, although initial studies reveal
a highly uneven distribution of freshwater fish endemism at regional
(Darwall et al., 2005) and global (Mittermeier et al., 2004) scales.

Most measurement of irreplaceability is species-based, raising the
concern that phylogenetic diversity may slip through the net of global
conservation priorities (Mace et al., 2000; Jepson and Canney, 2001;
Brummitt and Lughadha, 2003; Kareiva and Marvier, 2003). However,
analyses for mammals (Sechrest et al., 2002) and birds (Brooks et al., 2005)
find that priority regions represent higher taxa and phylogenetic diversity
better than would be predicted by the degree to which they represent
species. Islands such as Madagascar and the Caribbean hold especially
high concentrations of endemic genera and families (Mittermeier et al.,
2004). A heterodox perspective argues that the terminal tips of phyloge-
netic trees should be higher priorities than deep lineages (Erwin, 1991). In
any case, the balance of work implies that even if phylogenetic diversity
is not explicitly targeted for conservation, global prioritization based on
species provides a solid surrogate for evolutionary history.

That global conservation priority regions capture phylogenetic history
does not necessarily mean they represent evolutionary process (Mace
et al., 2000; Myers and Knoll, 2001; Smith et al., 2001). For example,
transition zones or ‘biogeographic crossroads’, frequently overlooked by
conservation prioritization, could be of particular importance in driving
speciation (Smith et al., 1997; Spector, 2002). On the other hand, the scale
of global conservation priorities is often coarse enough to capture the
transitions necessary in facilitating evolutionary processes, such as resili-
ence to climate change (Midgley et al., 2001). There is also evidence that
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areas of greatest importance in generating biodiversity are those of long-
term climatic stability, especially where they occur in tropical mountains
(Fjeldsa and Lovett, 1997), which are incorporated in most approaches to
global conservation prioritization. A related hypothesis states that regions
with particularly high percentage endemism — tropical mountains and
islands — necessarily capture evolutionary process (Fa et al., 2004). The
development of metrics for the maintenance of evolutionary process is in
its infancy, and represents an emerging research front (Araujo, 2002).

A final dimension that will prove important to assess in the context of
global conservation prioritization concerns ecosystem services (Jepson and
Canney, 2001; Kareiva and Marvier, 2003; Odling-Smee, 2005). Although
the processes threatening biodiversity and ecosystem services are likely
similar, the relationship between biodiversity per se and ecosystem ser-
vices remains unresolved (Loreau et al., 2001). Thus, while it is important
to establish distinct goals for these conservation objectives (Sarkar, 1999),
identification of synergies between them is strategically vital. This research
avenue has barely been explored and questions of how global biodiversity
conservation priorities overlap with priority regions for carbon sequestra-
tion, climate stabilization, maintenance of water quality, minimization of
outbreaks of pests and diseases, and fisheries, for example, remain unan-
swered. However, the correspondence between conservation priorities and
human populations (Cincotta et al., 2000; Balmford et al., 2001; Baillie
et al., 2004) and poverty (Balmford et al., 2003; Baillie et al., 2004) is an
indication that the conservation of areas of high biodiversity priority will
deliver high local ecosystem service benefits.

From global to local priorities
The establishment of global conservation priorities has been extremely
influential in directing resources towards broad regions. However, a
number of authors have pointed out that global conservation prioritiza-
tion has had little success in informing actual conservation implementa-
tion (Dinerstein and Wikramanayake, 1993; Mace et al., 2000; Jepson,
2001; Brummitt and Lughadha, 2003). Separate processes are necessary
to identify actual conservation targets and priorities at much finer scales
(Supriatna, 2001), because even within a region as uniformly important
as (say) Madagascar, biodiversity and threats are not evenly distributed.
Bottom-up processes of identification of priorities are therefore essential
to ensure the implementation of area-based conservation (Whittaker et
al., 2005).

Indeed, numerous efforts are underway to identify targets for conser-
vation implementation. Many focus on the site scale, drawing on two
decades of work across nearly 170 countries in the designation of
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important bird areas (BirdLife International, 2004). There is an obvious
need to expand such work to incorporate other taxa (Eken et al., 2004),
and to prioritize the most threatened and irreplaceable sites (Ricketts et
al., 2005). Such initiatives have recently gained strong political support
under the Convention on Biological Diversity, through the development
of the Global Strategy for Plant Conservation and the Programme of
Work on Protected Areas. Both mechanisms call for the identification,
recognition and safeguarding of sites of biodiversity conservation signifi-
cance. Meanwhile, considerable attention is also targeted at the scale of
landscapes and seascapes, to ensure not just the representation of bio-
diversity but also of the connectivity, spatial structure and processes that
allow its persistence (Cowling et al., 2003).

Global conservation planning is key for strategic allocation of flexible
resources. Despite divergence in methods between the different schemes,
an overall picture is emerging in which a few regions, particularly in
the tropics and in Mediterranean-type environments, are consistently
emphasized as priorities for biodiversity conservation. It is crucial that the
global donor community channels sufficient resources to these regions, at
the very minimum. This focus will continue to improve if the rigour and
breadth of biodiversity and threat data continue to be consolidated, espe-
cially important given the increased accountability demanded from global
donors. However, it is through the conservation of actual sites that bio-
diversity will ultimately be preserved, or lost, and thus drawing the lessons
of global conservation prioritization down to a much finer scale is now the
primary concern for conservation planning.

Notes

1. This chapter is an expanded version of Brooks et al. (2006), ‘Global biodiversity conser-
vation priorities’, Science, 313(5783), 58-61, originally published by AAAS.

2. Wethank G. Fabregas, D. Knox, T. Lacher, P. Langhammer, N. Myers, A. Sugden and
W. Turner for help with the manuscript, anonymous peer reviewers for comments, the
Gordon and Betty Moore Foundation for funding, D. Ockwell and J. Lovett for the invi-
tation for this contribution and for editorial help, and AAAS for permission to reprint
this expanded version of our original review paper.
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3. Integrated conservation and development
projects: a positive role for forest
conservation in tropical Africa?’

Neil Burgess, David Thomas,
Shakim Mhagama, Thomas Lehmberg,
Jenny Springer and Jonathan Barnard

Background

A debate has been going on for a number of years on the best ways to
achieve conservation in Africa (and elsewhere). Two eclements of the
debate involve those espousing ‘fortress conservation’” and those promot-
ing ‘people-focused conservation’. In some circles this debate has become
highly polarized, with a considerable divide on the best ways to achieve
conservation opening between biologists (Spinage, 1996, 1998; Kramer et
al., 1997; Oates, 1999; Attwell and Cotterill, 2000; Bruner et al., 2000) and
social scientists (Grove, 1995; Neumann, 1996, 1998; Borrini-Feyerabend
and Buchan, 1997; Ghimire and Pimbert, 1997; Hackel, 1999; Leach et
al., 2002). However, for those involved with implementing conservation
projects on the ground in the developing world, the polarized views often
represent impractical extremes. Moreover, for the people living in the
rural areas of developing countries, the divide between ‘development’
and ‘conservation’ is often quite artificial. The third element of the debate
involves attempts to merge human development and wildlife conservation
issues within a single integrated programme, ideally where all sides benefit,
the basis of Integrated Conservation and Development Projects (ICDPs).
These kinds of projects can be considered to fall between ‘fortress conser-
vation’ and ‘sustainable resource use for rural development’. The ICDP
has become one of the dominant approaches to field implementation
of conservation in the developing world over the past 30 years. In this
chapter we look at where ICDPs have come from, what their successes and
failures have been and where they are heading.

Where have ICDPs come from?

In the earlier part of the twentieth century, national governments in
African countries (often the colonial power, but in some cases African
royalty) tended to take a preservationist approach to the conservation of
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wildlife and forestry resources (Neumann, 1996; Schrijver, 1997). Areas of
land were set aside for colonial and royal hunting and local uses were pro-
hibited. In other cases, areas of mountain forests were reserved to ensure a
water supply for people over a broader area (see Rodgers, 1993).

In the later part of the twentieth century the preservationist models
came under significant criticism from social scientists working primarily
with human development issues (Anderson and Grove, 1987; IIED, 1994;
Pimbert and Pretty, 1995; Alpert, 1996; Chambers, 1997). In an attempt to
create a more socially equitable model for conservation in poor develop-
ing countries, conservation agencies borrowed ideas from development
practitioners and created a single integrated model for conservation and
development — the ICDP. The model proved extremely popular, not least
amongst the development assistance agencies from developed countries,
which were charged with assisting developing countries to solve their human
development and environmental problems. This popularity provided signif-
icant new funding opportunities, and the ICDP model was rapidly adopted
by many of the larger conservation NGOs working in developing countries.
The first operational projects were established in the middle 1980s (Hannah,
1992; Stocking and Perkin, 1992; Sanjayan et al., 1997; Larsen et al., 1998;
MacKinnon, 2001; Jeanrenaud, 2002a, b; Franks and Blomley, 2004; Wells
and McShane, 2004). Since that time, hundreds of ICDPs have operated
across the world, especially in Africa where people live side by side with
biological resources (Brandon and Wells, 1992; Brown and Wyckoff-Baird,
1993; Barrett and Arcese, 1995; Fisher, 1995; Caldecott, 1998; Margolius
and Salafsky, 1998; Wainwright and Wehrmeyer, 1998; Newmark and
Hough, 2000; Adams and Hulme, 2001; Hughes and Flintan, 2001).

The ICDP differs from protectionist approaches to conservation in
that the local people surrounding the areas of high natural resource value
also form a focus for project attention (Franks, 2001). In the protected
area management systems of the past, people were often excluded by
force and regarded as ‘poachers’ who should be punished or even shot if
they ventured into the protected area without government permit. If they
suffered costs from living close to the protected area these were ignored
and it was often suggested that they should move elsewhere. This caused
much antagonism between protected area staff and local residents. Most
protected area management agencies have softened their stance in recent
years and many agencies share some of their revenues, assist with local
development projects, or allow local populations to take some resources
from the reserve. Such changes have improved relations between protected
areas and people in many places, and such changes bring the park closer
to the ICDP model.

The ICDP differs from community-based natural resource management
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because it always contains a core area protected for conservation reasons
(either government or community-managed), whereas community-focused
approaches may or may not contain core conservation areas (Dubois and
Lowore, 2000; Songorwa et al., 2000; Roe and Jack, 2001). However, in
some of the developing models of community-based forest or community-
based wildlife management the villagers are taking over the management
of former government forest or wildlife reserves. Hence, there is a blend-
ing of the ICDP model and that of community-based natural resource
management — which is perhaps not surprising as many of the management
and implementation issues are the same.

The advantages of ICDPs

There are a number of ways in which ICDPs have been seen as advanta-
geous implementation models in the context of poor African societies. A
major advantage to the poor is that these projects aim to be socially just
(Carney, 1999; Koziell, 2000; Franks, 2001). They do not aim to work to
further the interests of elites, but instead are trying to achieve a long-term
solution to poverty alleviation and natural resource management with the
participation of local communities.

The fact that ICDPs have aimed to address the needs of the rural poor
has also been a major advantage in terms of their acceptability to agencies
engaged in poverty alleviation (Wells and Brandon, 1992). The attention
of ICDPs to development issues has allowed the approach to be main-
streamed within the portfolio of development assistance agencies, which
provide by far the largest source of external funding to poor develop-
ing countries (see, for example, Wells et al., 1999). Stricter conservation
approaches can be funded using private foundation money, or by money
collected by NGOs from wealthy individuals in northern countries, but
this represents a significantly smaller pool of resources.

The declarations from the World Summit on Sustainable Development
in South Africa in September 2002 focused heavily on the alleviation of
poverty and the benefits of good environmental management to achieve
this aim (WSSD, 2002). This was regarded as especially important in
Africa where there remains the greatest levels of global poverty (UNDP,
2001). The potential of the ICDP approach to tackle both poverty and
natural resource management issues provides significant advantages over
other conservation approaches.

The problem with ICDPs

Over the past ten years there have been increasing critiques of ICDPs,
from both the development and the conservation communities. These cri-
tiques arise from a perception that ICDPs have not performed as well as
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expected in delivering either conservation or development results. ICDPs
have also been criticized for their focus on defining problems and under-
taking solutions at local levels, when many local problems are driven by
powerful social, economic and political forces external to project sites
(Sanjayan et al., 1997; Larson et al., 1998). Critics have also noted the high
level of funding required for ICDPs, and difficulties in achieving long-term
sustainability. The fact that ICDPs place natural resource conservation
as a central goal is often seen as privileging an international conservation
agenda while the local communities bear the local costs of that conserva-
tion (Leach et al., 2002). For those involved with human development
work, projects should focus exclusively on the needs of poor local people,
rather than find ways in which development activities can be devised to
maintain the status quo of established protected areas (for wildlife or
forest conservation).

On the other side, some conservationists have advocated returning to
the ‘core values’ of conservation — that of protecting wild habitat in offi-
cial conservation areas (generally government owned in Africa), that will
ensure the survival of species and habitats valued at a national or interna-
tional level. It is stated that ICDPs put too much effort into the develop-
ment interests of local communities, to the detriment of the conservation
work (Oates, 1995, 1999).

Among economists there have also been critiques of the ICDP approach
as not being sufficiently direct to create incentives for conservation
(Ferraro and Kiss, 2002). It is argued that direct payments to local com-
munities for the costs they incur from conserving natural resources would
create a direct link between the receipt of money and the conservation
of a resource value. ICDPs do not make such a direct link as the natural
resource benefits are a more indirect product of multiple programme
interventions, including human development.

One difficulty with much of the debate on the value of the ICDP
approach is that it reflects the political and social perspectives of those
framing the debate, what their goals are, and where in the world they
live (Adams and Hulme, 2001). Management approaches for conserva-
tion interventions exist along a gradient from strict protection through
to community management (see matrix on p. 34). Strict Nature Reserves
and most National Parks would come on the left, and community-based
management approaches to the right. As ICDPs have a philosophy of
integrating their management approach, they fall somewhere near the
centre of this gradation. For those people favouring a protectionist
approach to conservation, ICDPs are too ‘social’ in their approach, and
for those focusing on community management, ICDPs represent a means
to support the established government and ‘outsider’ elites.
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CATEGORIES OF INTERVENTION

Protectionist Integrated Communal Management
EXAMPLES
Strict Nature Reserve Joint Forest Management Community-based
Forest Management
National Park Community-based
Wildlife Management

Forest Wilderness Area

Improving the ICDP model

We believe that recent experiences with the ICDP model, despite all
the harsh criticism, do not argue for the cessation of the approach. The
blending of poverty alleviation with conservation goals (or conservation
with poverty alleviation) is in line with many international conserva-
tion agreements, and is evidently morally correct in poor regions of the
world. ICDPs are not aiming for conservation at the expense of lives and
livelihoods — but instead are trying to find a solution to this dual goal
through a multidisciplinary approach. This is not only an issue of rel-
evance to conservation staff, as it has been shown that the environment
does matter to poor people in Africa (Posey, 1999; Songorwa, 1999), and
that maintaining a strict divide between ‘development’ and ‘conservation’
is often quite artificial in the minds of the people living in the sites where
conservation projects are implemented.

Instead of abandoning the overall ICDP approach, we believe that the
limitationsidentified in ICDP design and performance need to be addressed,
new interventions tested and performance of these interventions evaluated
in a rigorous way. Failure to build upon the ICDP model and to truly
create the conditions where livelihood enhancement is linked carefully with
natural resource conservation will almost certainly result in a significant
decline of funding for conservation-related activities. This becomes more
likely as funding from northern governments is targeted to the improve-
ment of livelihoods and the reduction of poverty across Africa.

Through our experience, and from discussions with colleagues and a
review of the literature, we have identified seven issues that need more
attention during the design and the implementation phases of future
ICDPs in Africa.

Scale is appropriate
Recent discussion has focused on whether the ICDP model only applies
to small sites of isolated habitat, or whether it can be used as a model
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BOX 3.1 DEFINING GOALS, FOCAL BIOLOGICAL
ELEMENTS AND TARGETS

® A goal is essentially the long-term conservation outcome
you wish to achieve. For example, in a forested landscape
of south-west Cameroon, the goal might be, ‘Conserve
sufficient connected habitat to maintain viable long-term
populations of lowland gorilla, forest elephant, and forest
buffalo’.

® Focal elements refer to the set of biological characteris-
tics that make an area significant for conservation. Focal
elements include species (such as elephants, endemic
birds and plant species), habitats (cloud forest, wetlands,
miombo woodlands) and processes (colonial nesting sites
for birds, elephant migration routes). For example, in the
Cameroon Highlands the endemic birds would be focal
species; the montane forests would be focal habitat; and
the hydrological function of water catchment to lowland
areas would be a focal ecological process.

® A target is the amount, type, and configuration of the
land needed to conserve the focal elements. It might also
contain, in the case of species, a determination of viable
population levels. Following the example above, a target
for, for example, mountain gorillas might be, ‘Conserve
minimum of 500 km? of interconnected forests ranging
in altitude from 1400 metres to 3000 metres, and access
to water. A full set of targets should maintain the focal
elements of an area.

for interventions across larger landscapes (Franks, 2001; Burgess et al.,
2002b). In recent years, a landscape approach to the design and imple-
mentation of ICDPs has been in favour, for example in the Participatory
Environment Management Programme in Uganda and Tanzania.>? The
design of ICDPs at the landscape scale is perhaps even more challenging
than at smaller scales. Landscape-level design can use biological features
(forest cover, area-dependent species, ecological processes) to derive the
conservation targets (Box 3.1). Alternatively, the targets for the ICDP
can be derived from analyses of the threats (or pressures) to the natural
resource values (Box 3.2), or can use human socioeconomic indicators to
design the conservation interventions. Whether using biological features,
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BOX 3.2 POTENTIAL SOCIOECONOMIC ISSUES
THAT CAN FORM THREATS TO
BIOLOGICAL DIVERSITY

@ Patterns of land and resource use:
damaging land and resource use (including forest, water,
wildlife);
damaging development plans (roads, dams, and so on)
or projected changes in land use;
lack of existing zoning regulations;
lack of protected areas.
® Governance and land/resource ownership and man-
agement:
political boundaries (provinces, districts);
insecure or conflicting land tenure (private, public,
ancestral/communal areas);
conflicting responsibilities for management (for example,
Forestry vs. Agriculture Departments).
® Population data:
high population density and growth rates, population
centres;
unhelpful human migration patterns (in- and out-
migration);
high levels of poverty.

threats, or a combination of attributes including human development
needs will make a more targeted ICDP able to function across landscapes
is not yet known, but this thinking may have helped to clarify some of the
structural issues of I[CDP design.

There is real local ownership

Experience indicates that ICDPs are more likely to succeed if they have
two levels of support. First, in African countries, it is important that
the government authorities support the project, as it will be impossible
to implement if their support is lacking. Once operational, the issue of
ownership moves to the people who live in close proximity to the natural
resource values the ICDP is seeking to conserve. In general the involvement
of many different groups of people (stakeholders) during the design and
implementation stages of a project is fundamental to making the project
work and for it to become sustainable. However, this is often difficult to
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achieve as different groups of local people can have highly conflicting
points of view about the best use of the natural resources (for example,
government forestry/wildlife staff, pitsawyers, commercial agriculturalists,
traditional healers, hunters, rich people/poor people). Making all of these
groups feel that they are involved in the ICDP and that it is working on
their behalf is extremely difficult, and some trade-offs are inevitable.

Protection components are included

It is important for a conservation project to define what it is trying to con-
serve and for whose benefit. In most cases ICDPs have listed the species
that the core habitat area is important for, and perhaps some from the
surrounding lands as a part of the project justification. Many projects
proceed no further, and do not know if the habitat is large enough, suit-
able enough, or in the right spatial configuration to maintain the bio-
logical values. In recent years attempts have been made to structure these
questions, so that an ICDP could establish targets for species, habitats and
important ecological processes as a part of its planning phase. Box 3.1 out-
lines simple approaches for defining focal biological elements and setting
targets, as core parts of the project design. These targets could be built as
indicators into a logical framework for an ICDP, typically at the level of
overall project goal or objectives.

The management of any form of natural resource implies a need for
rules, regulations, boundaries and enforcement mechanisms. It is there-
fore not surprising that supporting protection and regulation is a common
part of ICDPs. Indeed, it has been concluded that protection of the core
natural resource values is essential for all ICDPs (Hannah, 1992; Rodgers,
1993; Abbot et al., 2001). In many African ICDP locations, there is a
government-managed protected area at the core of the ICDP. In such
cases, the government officers traditionally undertake the protection
component. This system works well in some places and poorly in others.
Reasons for a poor performance range from a lack of staff or equipment
to allow them to do the job, through to their personal exploitation of the
resource for their own profit, or for the profit of the government agency
managing the area.

Poor governance by the official managers of the core area (or percep-
tions of it) can result in negative perspectives of the local people towards
the official managers, which makes ICDP models difficult to operate
without considerable work on building trust and cooperation. In other
ICDPs a locally controlled and managed area of natural habitat may be
found instead of a government reserve. In many places these local systems
are long-standing and can provide good protection. If there is no gov-
ernmental protected area, and no traditional management systems, some
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ICDPs have attempted to create management systems that take on their
own institutional form over the long term.

A related issue is whether there is an appropriate and functioning legal
framework for the ICDP, and for actions related to conservation and
development. If there are no legal frameworks (either from the national
government, or from traditional leaders) then it is difficult to design
project interventions that require the ‘control’ of use of natural resources.
In many parts of Africa, projects start by working with the government-
authorized village leadership, and gradually discover that there may be an
equally (or sometimes more) powerful system of traditional leadership.
Working with the right people from the outset of an ICDP has obvious
benefits, but is often difficult to achieve.

Project targets are clearly formulated

Importantly, within the context of an ICDP there needs to be a clear
and strong linkage between the development activities of the project and
the conservation objectives of the project. Often the ICDP development
activities are executed separately to the conservation activities and have
no obvious linkage to the overall conservation goals, for example the
improvement of roads, purchase of sewing machines, or improvements in
local health care facilities. In such cases it is difficult to link the develop-
ment interventions to the conservation, which may cause the project to
fail. However, this strategy may work if the linkages have been developed
carefully over a long period of time, or people know that they are receiving
these benefits as a form of ‘payment’ for not damaging species, habitats or
ecological processes.

Most ICDPs are developed by teams of consultants, generally from
outside the area. There is a tendency for these consultant teams to build
assumptions about the state of the local community and the natural
resource management systems into the targets for the ICDP, without
having the data to validate or refute these assumptions. They also bring
their own biases on the ‘best’ ways to achieve conservation in a particular
situation. One kind of assumption that is often inadequately tested is the
source of threats to natural resources. Over-simplistic analyses are often
made of the threats to the system, and to the natural resource value that
the ICDP is targeting. The main threat to a mountain forest may come
from agricultural expansion, but this may not be aimed at providing more
food to the local populations, but rather a commercial crop for export to
townspeople. The clearance of natural habitats to expand the commercial
agriculture may be organized by a powerful person based well away from
the site of the ICDP and who is simply paying local people to work on his/
her behalf.
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BOX 3.3 DEVELOPMENT ACTIVITIES THAT ARE
WHOLLY CONSISTENT WITH FOREST
CONSERVATION OBJECTIVES

Activity Benefit

Tree planting Reduces dependence on extraction
from natural forest

Community management Empowers local populations to protect
forest (generally outside reserves)

Agricultural improvement Reduces shifting cultivation, con-
trols soil erosion and reduces loss of
natural forest

Ecotourism Provides a value to the natural forest
resource

Sustainable extraction Provides a value to the natural forest
resource

Small animal husbandry  Can reduce hunting pressure in
natural forest (but care has to be
taken to maintain these links)

Alternative incomes Can take pressure from forest (but
care has to be taken to maintain the
beneficial links between the utilization
of the resource and the conservation
of the habitat and species of concern

Assumptions about threats need to be validated before the project
starts, or at least early in its lifespan. Targeted studies using appropriate
specialists can explore different assumptions, and in cases where assump-
tions are shown to be false, this can be a painful experience. Failure to
understand assumptions is another major cause of project failure. Linked
to understanding assumptions is the idea of undertaking better analyses of
the threats to the natural resource value in question. Methodologies exist
to analyse both the surface and ‘root-cause’ threats that are impacting on
a system.

A number of development actions are entirely consistent with the objec-
tives of, for example, forest conservation (Box 3.3). These and activities
like them form suitable interventions for future ICDPs.

One of the best ways to ensure that project targets are well structured
and logically arranged is to use the Logical Framework Approach,’ a
methodology that is popular in both government development agencies
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and conservation NGOs. This approach starts with an analysis of threats
to develop a problem tree for an area. By reversing the problem tree a set
of solutions is developed, which forms the basis for the project interven-
tions in the area. The log frame structures the project in terms of broad
goals, narrower objectives and the activities that need to be done to
achieve the objectives (and ultimately the goal). Although some criticize
the framework as too restrictive and not permitting adaptive management
approaches, the ‘log frame’ provides a very effective way to organize a
project. This method has the additional advantage that it can be designed
using participatory methods in workshops of the relevant stakeholders. It
also takes consideration of the assumptions made when proposing actions
to solve threats, and can be used to develop a framework to measure
actual conservation success (a monitoring and evaluation framework)
(Caldecott, 1998; Margolius and Salafsky, 1998).

During the design phase of an ICDP, and throughout its lifespan,
people coming from a natural resource management background (biolo-
gists and foresters and so on) and those coming from a human develop-
ment background (social scientists and development scientists) need to
pool their ideas and approaches to achieve the conservation of an area of
high importance for biological diversity. Compromise over the idealized
scenarios of a number of different stakeholders is an essential component
of the development and long-term management of such projects. The
theme of compromise and negotiation continues into the implementation
phase, and without it the project becomes difficult to manage. The lack
of compromise and a failure to appreciate the points of view of others
involved in ICDP design and management is, we believe, the fundamental
cause of the conflict that has arisen around these projects in recent years.
But it is also the nature of the compromises that need to be made that have
prevented ICDPs achieving as much conservation or development as was
originally envisaged — in most cases a neat win-win situation is not possible
and success is much vaguer and difficult to measure.

Specialized computer software is now available that allows biological
and social data to be integrated easily and cheaply and that might provide
some assistance to the spatial design of ICDP interventions and to achiev-
ing ‘consensus’ over different possible conservation scenarios (Box 3.4).
This process is possible at a remote computer lab, but can also be done
using participatory methods in the field. Stakeholder negotiations can
form a part of this form of ‘land use planning’ and may assist in resolving
some of the conflicting stakeholder interests, or at least exposing them
clearly, as the ICDP is designed and interventions for different geographi-
cal areas are proposed.
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BOX 3.4 USE OF SPATIAL DECISION SUPPORT
SYSTEM (SDSS) SOFTWARE TO
INTEGRATE CONSERVATION TARGETS
AND THREATS

What is an SDSS?

A decision support software (DSS) can be generally defined as
an interactive computer-based software to help decision-makers
utilize data and models to solve problems. For our purposes, we
further define a DSS to include a spatial (mappable) component,
commonly provided through a GIS. Therefore a spatial decision
support system (SDSS) is a software program that uses a variety
of spatial data and analytical and statistical modelling capabilities
to answer problems in a map or graphic display. Most SDSSs can
be adapted to meet decision-makers’ needs to solve problems,
formulate alternative displays, interpret and select appropriate
implementation options and modify or include new data.

Why use an SDSS?

SDSS allows users to input a variety of spatial data (thatis, species
ranges, future land use plans, cost of land parcels, development
zones) into a computer system and specify a set of requirements
(for example, select areas of forests that maximize tiger habitat
but minimize cost and distance from roads). These requirements
can be modified or changed and therefore are useful in develop-
ing a series of conservation planning options. A common output
of an SDSS is a map or series of maps that indicate various land
use configuration options that will meet conservation, develop-
ment, or combined goals. The outputs of an SDSS can provide
compelling visualization of the conservation landscape that can
aid in communicating the plan with broad stakeholder groups.
However, as with all computer-generated solutions, your answer
is only as good as the data used in the program.

Currently, a range of SDSS software is being used by some
conservation organizations, including SITES (Marxan and
Spexan), C-PLAN, IDRISI, NatureServe DSS, TAMARIN
and GeoNetWeaver. All of these programs can accept both
conservation-orientated and development-orientated information.
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Clearly identify livelihoods opportunities (productive potential of different
habitats is taken into account)

In Africa the ICDP approach has perhaps been most successful in savanna
woodland regions with large mammal populations that generate tourist
revenues, and/or can be used for hunting and meat production for local
people. There are numerous examples of successful or nearly successful
savanna woodland ICDPs from southern and eastern Africa (Leader-
Williams et al., 1996; Hulme and Murphree, 1999). In the dense forest
habitats there is a lower density of large mammals, a lower rate of biomass
production that can be hunted for food and a lower potential for tour-
ists to visit the area (see Lukumbuzya, 2000; Wily and Mbaya, 2001).
Most direct forest values have been realized by logging timber trees, or
hunting animals as bush-meat, and conservationists argue that these uses
are unsustainable everywhere they have been attempted in Africa. The
difficulties of designing sustainable management approaches with poverty-
stricken people whose short-term survival is likely to override long-term
management opportunities are well known (Hackel, 1999). Far more of
the forest values are indirect and realized by people away from the forest
edge, for example clean water supply, reliable water flows to downstream
users (both people and industry), carbon sequestration, genetic resource
conservation and so on. Exceptions are rare, but include some of the
montane forests of the Albertine Rift in Central Africa; here the presence
of mountain gorillas makes the conservation of the forests financially
viable. There is a large direct economic benefit to the local people from
tourists and a large international interest in the conservation of the gorilla
as a species.

A sustainable end point is defined

All ICDPs have the ultimate aim of solving resource management prob-
lems and leaving a sustainable system in place that can carry on the work
of the project at the local level, forever. One of the first problems is decid-
ing how to measure sustainability. Ecological sustainability is often dif-
ferent from agricultural sustainability, or economic sustainability. Most
experiences so far indicate that in poor developing countries the problems
are not solved entirely, even after a decade of ICDP interventions, and cre-
ating the funding and institutional mechanisms to sustainably manage the
resources is complex. Typically, an ICDP will remain in an area working
to solve these issues for as long as funding is in place. Once the funding
ends, or is set to end, then attempts are made to leave as sustainable a
system as possible. It is a common perception that interventions quickly
disappear as soon as the project leaves the area and the situation returns
to how it was before the project was operational.
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Although hard to achieve, it is perhaps best to try to define a sustainable
end point for the ICDP from the outset, and work towards this end point.
If the natural resource values are in a government reserve then building
the strength of that agency to achieve its mandate in an equitable manner
should assist long-term management sustainability. If the resources are
found in community-controlled areas, then building the capacity and
management authority of locally constituted bodies (village committees or
similar) to take on the role of managing the resource may be the best way
to achieve sustainability.

If the natural resource requires funding to manage, then working to
achieve financial sustainability is critical. Most sources of sustainable
funding for long-term conservation interventions in Africa come from
tourism (for example, ecotourism, see Ashley and Roe, 1998), or use
the natural resource to generate funds. One other source of long-term
funding is the trust fund, where a capital sum is used to generate some
interest to manage the resource in perpetuity. Another mechanism is the
national or local taxation system that might — for example — generate
funds from water users and then provide these funds to the managers of
the relevant watersheds — in particular in some relatively dry countries like
Kenya, Zimbabwe, Tanzania and Malawi. Considerable discussion now
takes place around the issue of whether schemes that entail ‘Payments
for Environmental Services’ can provide a real solution to the matter of
sustainably financing conservation around ICDP sites. The most popular
schemes — and those where there has been the greatest amount of work —
are those related to carbon and water payments.*

A number of other issues can make achieving a sustainable end point
to project interventions challenging. Changing politics and changes in the
local/global economies can alter an apparently ‘sustainable’ outcome to
one that is unsustainable. There may also be local differences in interpret-
ing a sustainable end point. Local farmers may accept a balance between
habitat conservation and agricultural development, but a powerful local
politician may have different aims for use of these resources. Finally,
valued biodiversity sites may need a subsidy (in perpetuity) to have a sus-
tainable conservation outcome, that is, if in economic terms the benefits
from conversion greatly outweigh the benefits from conservation.

Monitoring and evaluation confirms project success

Most ICDPs have failed to measure their conservation impact (Kremen et
al., 1994; Salafsky and Margolius, 1999; Klieman et al., 2000; Danielsen et
al., 2001; Wells and McShane, 2004). Without such measures it has been
relatively easy for them to be heavily criticized (for example, Oates, 1999;
Leach et al., 2002).
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A major challenge for ICDPs is to devise systems to collect data system-
atically that show that they have delivered conservation better than doing
nothing (the null hypothesis), or when compared with other conservation
(or development) approaches. ICDPs, especially those set up using devel-
opment assistance funds, were in the past often only required to measure
their activities, such as numbers of meetings held, numbers of people
trained, newsletters produced, study tours completed, accounts produced
on time and audited correctly and so on. Such measurements illustrate
that the project is working according to its schedule and that its activities
are being done. However, this level of measurement does not illustrate
real conservation impact in terms of reducing the threats to the natural
resources within the ICDP area, and does not measure the biodiversity
and societal state of the region before, during and after the project inter-
vention. These fundamental problems are harder to solve. Successful
changes would generally be regarded as a successful ‘outcome’ of the
project, and much effort is now placed on devising monitoring systems to
look at project impact and the achievement of the relevant outcomes.

In addition to assisting project design, the Logical Framework Approach
can also be used to assist in the development of a scheme for measuring
the effectiveness of an ICDP. At all levels of the log frame (but especially
at the higher levels of the goal and objectives) the development of meas-
urable indicators of pressure (threat), state (biodiversity and people) and
response (biological and people) would provide a real mechanism to assess
ICDP success. Monitoring of activities and budgets and reports produced
on time and so on, would continue to be important as well, but if conser-
vation success were measured across a wide suite of ICDPs this would
provide the data to answer many currently unanswerable questions.

In addition to ICDPs themselves seeking to measure their conservation
success by looking at how effectively they address threats, preserve or
change the biodiversity state, there is also a clear need for multiple ICDPs
to roll up their results into a more formal assessment of the success of the
approach in general. Currently most of the statements of project success
or failure are opinion- or case-study-driven. We are not aware of any study
that uses quantitative data to test the success of ICDPs, when compared
with any other conservation mechanism, either in monetary terms, or in
terms of conservation delivery or livelihood improvements. This lack of
hard data allows considerable unproductive debate to occur.

We believe that monitoring and evaluation schemes that look at con-
servation impact need to be built into every ICDP. For species, surveys of
endemic, rare or focal species can provide the evidence that these elements
of value are maintained, or increased. Satellite, aerial photographic or
ground surveys of habitats (and reserve boundaries) provide an additional
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measure whereby the success of the project at conserving biological
elements of value can be assessed. Rates of extraction, levels of distur-
bance and habitat ‘condition’ provide a further tranche of data whereby
conservation impact can be determined. Measuring the effect the project
has, such as reduction of threatening activities, increased protection, fewer
purchases of illegally hunted animals, and so forth links the response of
society to the state of the resources. Surveys of the knowledge, attitudes
and practices of the local population provide an indirect measure of the
success of a project at changing practices and perceptions — which can be
repeated to assess change over time.

Measuring development impact is also possible, for example using
measures such as numbers of people within the project area who are short
of food, do not send their children to school, or have very poor levels of
agricultural productivity. As income levels increase, then the number of
people making a living from the sustainable use of the forest resource,
or forest-related activities (for example, tourism) can also be used as a
measure of development impact. Measuring the combination effect of
conservation and development interventions within an ICDP is the most
challenging issue of all. We are not aware of any attempt to measure the
synergistic effects of different interventions.

Building success in ICDPs in the forests of Africa

Here we look at two case-study ICDPs from African forests and assess
how well they have addressed, or are addressing the issues we outline
above as fundamental concerns in improving the performance of ICDPs in
the region. These projects are ones with which we have had a long personal
involvement, hence our comments are certainly not unbiased. However,
due to this involvement we also know some of the failures that the projects
have experienced, and have seen in some cases how these have later been
solved.

The Uluguru Mountains of Tanzania

The Uluguru Mountains are located in eastern Tanzania (Figure 3.1)
and comprise a forest-capped area covering 1500 sq km of highlands,
with forested areas found discontinuously from 150 m up to 2630 m
above sea level. The main ridge runs almost north-south, and there are
a number of smaller outlying hills that are broadly regarded as a part of
the Uluguru Mountains landscape. Administratively the area falls within
two Tanzanian rural districts and a part of one urban municipality. More
than 50 villages have a border with the larger forests of the area, which are
found in 22 government Forest Reserves (Figure 3.2a). Over 100 villages
cover the entire Uluguru Mountains landscape, and these often have their
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Figure 3.1 The location of the Uluguru Mountains in eastern Tanzania in
relation to other mountain forest blocks in the ‘Eastern Arc’
biogeographical region of Africa

own smaller patches of forest, often for traditional spiritual purposes, and
50 of these villages touch the forest margins (Figure 3.2b). Population
density is somewhat variable, but typically there are high densities of
people up to the borders of the Forest Reserves and in some parts of the
area human populations increase at higher altitudes where the farming
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Figure 3.2 The Uluguru Mountains landscape, showing geographical
features of importance when designing an ICDP

potential is better (Figure 3.2c). Most people living on the mountains are
poor (Hartley and Kaare, 2001). For an outsider it is quite a daunting
region and a car can only reach a few higher regions of the mountain.
However, for the people of the Ulugurus, paths link nearby villages and
there are paths crossing the mountains to facilitate longer-distance travel-
ling. It is often quicker to walk (or run) over the mountain than it is to
drive around it. Distances are measured in hours of walking.
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The biological importance of the Uluguru Mountains is well known,
with more than 135 species of strictly endemic plants and 16 species of
strictly endemic vertebrates (Lovett and Pocs, 1993; Lovett and Wasser,
1993; Svendsen and Hansen, 1995; Burgess et al., 1998, 2002a; Burgess
and Clarke, 2000; Doggart et al., 2005). The mountains are also impor-
tant hydrologically as they provide the source for the main water supply
to the largest city in Tanzania, Dar es Salaam (see for example, Pdcs,
1974, 1976), grow considerable quantities of food for export to towns and
are home to over 100000 people — primarily from the Luguru tribe. The
Ulugurus therefore have high international values for biodiversity conser-
vation, high national values for water supply to the national and regional
capital cities, and high local importance as a living place for the Luguru
people.

Externally funded ICDP activities have been undertaken in the
Ulugurus for over a decade (see for example, Bhatia and Buckley, 1998;
Burgess et al., 2002b), but have tended to cover small geographical areas
(Figure 3.2d). Three project phases are recognized here:

e Phase 1. The planning phase where socioeconomic surveys were
undertaken to try to understand the interventions that were appro-
priate and needed in the area (Bhatia and Ringia, 1996; Bhatia and
Buckley, 1998). This phase was funded by the European Union
and the Royal Society for the Protection of Birds and worked with
Tanzanian NGO and government partners.

o Phase 2. This phase (after a gap of three years) started to imple-
ment the findings of the preparatory studies. Danish International
Development Agency (DANIDA) funded this part of the work,
which involved Danish (Dansk Ornitologisk Forening — DOF) and
Tanzanian (Wildlife Conservation Society of Tanzania — WCST)
NGOs and Tanzanian government staff.’

e Phase 3. This phase represented an expansion of Phase 2, where
the existing Danish government-supported programme was joined
by a second project funded by GEF and managed by the devel-
opment agency, CARE. The DANIDA-supported programme
started in 2002 and the GEF one started in 2003. Both ran for
five years.

The focal area for intervention by these projects is the region of highest
forest biodiversity and greatest threats to the forests. Until 2002, this
caused project actions to concentrate in the forest remnants outside
the official government Forest Reserves on the northern end of the
range (Figure 3.2d). The area was heavily forested in 1955 (from aerial
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Figure 3.3 Loss of the non-reserved forest outside the Uluguru North
Catchment Forest Reserve, 1955-2000

photographs), but had been largely deforested by 2000, apart from some
remnants (Burgess et al., 2002a; Figure 3.3). The project attempted to
preserve these fragments by building them into the village land use pattern
as ‘Village Forest Reserves’. In the Phase 3 project there will be a greater
spread of interventions around the mountain, both north (DOF/WCST)
and south (GEF/CARE), and more funding for the conservation of the
Forest Reserves that contain the highest levels of biodiversity.

Scale is appropriate The Ulugurus are a large and topographically
complex range of mountains and are occupied mainly by one tribe, the
Luguru, although an influx of other tribes is noted. Biologically there is a
considerable similarity in the flora and fauna of the forests across the entire
mountain range, with the major differences being due to altitude. Due to
these factors it makes sense to consider a large-scale ICDP design across
the entire Uluguru landscape. During Phase 2 support there was a mis-
match between the scale of the project planning and monitoring (covering
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the entire landscape) and the scale of project interventions (Figure 3.2d).
Project interventions were focused in a smaller part of the mountain that
had the greatest problems in terms of forest and biodiversity loss (Figure
3.3), and where there was the highest rate of commercial agriculture and
impact from outside interests. During the design of the third phase of
activities on the mountain, efforts were made to expand activities to cover
the entire landscape. However, funding remains insufficient to fully tackle
the whole area.

There is real local ownership The earliest phases of project input into
the Ulugurus were designed and implemented in collaboration with
regional government partners, who managed the programme as their own.
However, these earlier phases did not adequately involve the people living
around the mountains and apart from studies, training, and some tree
planting efforts, no significant impacts of project interventions were felt in
the villages on the mountain.

The second and third phases of this ICDP engaged with district govern-
ment officers, village governments, farmers’ groups, tree planting groups,
women’s groups and government forestry officers based in the mountains.
By working at these levels the project has found greater resonance with
local people, but has also experienced some problems of ‘partnership’,
especially within the elements being coordinated by CARE. By working at
the local level, the communities agreed to set aside patches of both natural
forest and human-made woodlots as Village Forest Reserves. Towards
the end of the second phase, the project started to work closely with the
traditional chiefs as well as with a broader range of government-appointed
staff in the villages (Figure 3.4). This has further improved the perception
and ownership of project interventions among the local communities, and
has also raised awareness of the project and the conservation issues of
these mountains at the national level. Changes to a more people-focused
approach to forest conservation in the Ulugurus have been facilitated
by the publication of a new Forest Policy (GOT, 1998), Guidelines for
Community-based Forest Management (GOT, 2001), and a new Forest Act
(GOT, 2002). These legal changes provide the mechanisms to empower
local populations to manage forest resources, either in collaboration with
the central government, or alone.

Project targets are clearly formulated The initial project, starting in
1993, was designed using the traditional approaches — teams from outside
working with government authorities in the nearby towns developed
project proposals based on their best-available understanding of the situa-
tion on the ground, and some targeted case studies (Lyamuya et al., 1994).
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to a variety of measures easily gathered by the project management, often with several
measures added to produce this index of change. The scheme was not continued for the
full three years of the project phase due to changes in staff and because political changes in
government priorities in Denmark resulted in much additional work for staff in Tanzania.

Explanation of outputs:

Output 1.1  Administration of WCST and skills of its staff enhanced.

Output 2.1 Activities provided to involve Tanzanian members and volunteers in the work
of the Society.

Output 2.2 Training provided to develop skills of members and volunteers as a resource
to promote the work of the Society.

Output 3.2 Uluguru project assists the formulation of agreements between District
Forestry and local people on sustainable uses of the Uluguru Public Land.

Output 4.2 Uluguru project supports sustainable agricultural practices in villages adjacent
to Uluguru Forest Reserves.

Output 4.4 Uluguru project produces written materials to promote its work within
Tanzania and internationally.

Source:  WCST Uluguru Mountains Biodiversity Conservation Project.

Figure 3.4 Simple measures of success in the implementation of Logical
Framework Outputs during part of the second phase of the
Uluguru ICDP (with DANIDA funding)
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Between 1993 and 1995 extensive further studies were undertaken to feed
into the development of further ICDP activities in the Ulugurus (Bhatia
and Ringia, 1996; Bhatia and Buckley, 1998). The results of these studies
were used to design the Phase 2 DANIDA support on this mountain. At
this point a logical framework approach was used to capture the links
between the inputs and outputs of the project, and the ways to measure
conservation achievement. Planning of the Phase 3 project involved
Tanzanian and foreign development experts, social scientists and a series
of consultative meetings with relevant local people living on the mountain
to further refine the series of project interventions (Hartley and Kaare,
2001). A further detailed logical framework was developed, but despite
the increased stakeholder involvement it was quite similar to that from
the second phase. Designing the third phase did, however, highlight the
importance of the traditional leadership on the mountain. The village gov-
ernment that was part of the Tanzanian government structure held some
power, but it was not in charge of land allocation, which passed through
the female line of different clans of the Luguru people. By looking closely
at different stakeholders, the Phase 3 proposals were able to capture the
facts that:

e Almost all government officers (national, regional, district, divi-
sion, ward and village) wished to retain the reserves in their present
form to ensure the maintenance of national (water flow) and local
(better climate for farming) values. As the reserves had been under
government control for a long time (almost 100 years) most of the
local population also accepted their existence as a part of the local
pattern of land use.

e The traditional chiefs wanted to retain the Forest Reserves (and
other non-reserved forest areas) as places where their ancestors
could remain undisturbed, and also because of some sacred sites and
so animals (in particular a mythical giant snake) could find refuge.

e Some groups of people within the villages also wanted to retain the
Forest Reserves as sources of clean water, medicinal herbs (tra-
ditional healers), for hunting, to provide fuel and building wood
(which was often not available in farmland areas), or for spiritual
reasons (a place for the ancestors to live).

However, other stakeholder groups wished to obtain greater freedom of
access to the forests to pursue a number of activities:

e For some people, growing bananas has become a lucrative activity
(Hymas, 1999). This crop grows best on recently cleared forest soil,
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and has resulted in the loss of over 20 sq km of non-reserved forest
on the Ulugurus over the past 20 years (Burgess et al., 2002a, 2002b).
Some of those people involved in this activity would like to expand
their production into the reserved forest, which would provide even
greater financial rewards.

e For most people farming on the Ulugurus, their crop yields are very
low, typically only one to three bags of maize per acre of cultivated
land (Hymas, 2000, 2001). Much better yields can be obtained from
newly cleared areas of forest — at least for a few years. Hence many
farmers have a desire to obtain ‘fresh’ land from the forest, and
some manage to obtain ‘permissions’ to cultivate on the edge of the
Forest Reserve from village authorities.

e Pitsawyers regarded their extraction of high-value timber from the
forest as beneficial as it generated money, did not destroy the forest
and was a better option for using the forest than converting it to
farmland. In areas being cleared for banana farming the pitsawyers
were actively sawing up felled trees, and expressed regret at the loss
of their future work opportunities through the clearance. However,
they also wished for greater legal access to the reserve so that they
could extract more trees and sell them — activities that were currently
illegal.

e® Other villagers sought the right to access the forest to collect fire-
wood and other woody products that they need (and already obtain
illegally) from the forest (Hymas, 2000). Even the issue of crossing
the mountain through the forest was a vexed one — the paths across
the forests are essential lifelines for villagers, saving days of travel-
ling in some cases, but they do not have the official right to use the
paths, even though they are centuries old in some cases.

The biggest compromise during the design process from the side of
those wishing to retain the reserves was to agree to explore methods of
collaborative management of the forest resources with forest-adjacent vil-
lages. Devolution of power and authority from district and national gov-
ernment level to village and traditional authorities would be required for
this, and its effective implementation will need a period of negotiation and
formalization through signed agreements (bye-laws). Currently ICDPs on
the Ulugurus have only been gathering experience on the potential ways to
achieve this goal by working in remaining patches of non-reserved forests
to establish Village Forest Reserves. The experience provides some models
that can be applied to the village communities living around the official
government Forest Reserves.



54 A handbook of environmental management

Protection components are included The Uluguru ICDP is working at
three levels to ensure that forest protection components are included. Most
of the remaining natural forest and the highest biodiversity values are
found within large Forest Reserves on the top of the mountain managed by
the Catchment Forest Project, a branch of the Forestry Department that is
under central government control. These reserves are maintained for their
water catchment functions. Smaller patches of forest are also found in a
number of Local Authority Forest Reserves managed by the district, gen-
erally on the slopes of the mountains. These smaller forest patches are of
lower biological importance when compared with the Catchment Forest
Reserves. Finally, there are traditionally protected areas of forest on the
Ulugurus, which are under the authority of the traditional chief (one large
area) or individual villages or clans (smaller patches). The current Uluguru
ICDP is working with Catchment Forestry, with the district Forest Officer
and with the traditional chief and the relevant village authorities to try to
enhance the protection of these different categories of forest.

However, the funding allocation within the Uluguru ICDP for protec-
tion activities is modest. Most funding has been provided for developing
arrangements between the local village authorities and the government
agencies over some kinds of collaborative management of the forest on
the Ulugurus. The extent that nationally important Catchment Forest
Reserves should be managed collaboratively with communities, and what
the community benefits will be, remains a major issue of debate. The
current view is that collaborative management should go ahead, but that
much more work is required to identify the benefits that communities can
get. Another reality is that with only three Forest Officers stationed on the
mountain, but with more than 50 villages and several tens of thousands of
people, there remains a strong need to involve villagers in the management
of these reserves. Since 2005, it has also been proposed that the Uluguru
Forest Reserves be upgraded to the status of Nature Reserve. This status
would not prevent collaborative management agreements, but might
bolster the government management capacity.®

Productive potential of different habitats is taken into account Resource
extraction agreements have not been formulated for the Uluguru
Mountains, as legally the majority of the forest (within reserves) is pro-
tected and utilization is not allowed. However, the local villagers do utilize
the forests as a source of firewood, building materials and medicines.
There is also some pitsawying of valuable timber species. If and when
agreements are formulated between the local villages and the catchment
forestry managers, they will need to consider the potential of the forest
to supply materials sustainably. Hunting pressure has already removed
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large mammals and reduced populations of smaller ones, and some
timber species are no longer of harvestable size due to past logging. The
true sustainable level of resource utilization on the mountain has not
been assessed, and will be difficult to achieve because of the centuries of
exploitation that have already occurred.

A sustainable end point is defined In the Ulugurus the maintenance of all
remaining forest cover, the reconnection of separated forest patches, and
full local participation in forest management could represent a sustain-
able end point. Having the funding in place to manage these areas forever
would also represent a sustainable end point. But such sustainability has
not been defined by the existing projects and given the scale of the area
and the problems that it faces in terms of population growth and resource
needs, reaching a sustainable conclusion is highly problematic. In simple
financial terms, the various government offices with a responsibility for
the management of the reserves on these mountains lack the funds to
effectively undertake their jobs. Moreover, the local populations are poor
and the forests do not provide them with much in terms of cash revenues.
It’s much more profitable for them to convert the forests to banana plan-
tations or other forms of agriculture, at least in the short term. But the
forests have huge national cash value as a source of water to the capital
city and much of the industry of the country. They also have an interna-
tional value as the home of hundreds of unique species including species of
commercially valuable genera (African violet, busy lizzie, begonia, coffee
and so on). If these indirect values could be captured using tax on water
users, or through other kinds of monetary system then the management
of the Ulugurus over the longer term could be ensured. The World Bank
has recognized the indirect monetary values to the Tanzanian economy
and started a trust fund mechanism for the region during 2002, with
initial capitalization of $7m. In its initial phase the trust fund will not
fund projects in the Uluguru Mountains, but may in future years. Current
projects through WWF-CARE-IIED are investigating whether the estab-
lishment of water payment schemes (Payments for Water Environmental
Services) is a viable conservation funding mechanism for the Ulugurus.
Such a mechanism could provide the required management funds, while
at the same time ensuring that the natural values required for Tanzanian
development (water supply) continue to be provided.

In many ways these forests epitomize the problems of ending an ICDP
programme — there is no end point because management interventions will
be needed forever to assist agriculture to improve, to resolve disputes over
land use, to maintain the existing reserves and so on. Working to develop
sustainable funding mechanisms is perhaps the only way to achieve the
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sustainability of project interventions and thus end the ICDP cycle of
donor support.

Monitoring and evaluation confirms project success The Uluguru ICDP
has undertaken various forms of biological, social, habitat, disturbance
and attitude surveys since 1993.7 Most of these studies are baselines
against which future trends can be measured. A few studies have also tried
to look backwards in time to assess what has changed over time, in terms
of habitat and species values (see for example, Burgess et al., 2002b). The
WWF-World Bank Management Effectiveness Tracking Tool has been
recently used to gauge the impact of project activities on the Uluguru
Forest Reserves, showing an improvement over time. The other system
that might have been used to measure the impact of conservation interven-
tions is the ‘Threat Reduction Assessment’ methodology, which measures
the extent to which the projects have reduced pressures/threats in the area
(Salafsky and Margolius, 1999).

Conservation and development in the Bamenda Highlands, Cameroon

The Bamenda Highlands support remnant arcas of montane forest of
global biodiversity importance for endemic species, within a landscape
dominated by farmland and high human population densities. People are
poor and derive most of their livelihoods from farming and exploiting
natural resources. Most of the natural forests remaining in this area are
managed either by traditional authorities, or by the more remote govern-
ment forest department.

The Kilum-Ijim forest (Figure 3.5) forms the core area of the community-
based conservation in the Bamenda Highlands Programme. This forest
extends over about 17300 hectares on the slopes of Mount Oku (3011
metres) and the adjoining Ijim Ridge and is the last significant remnant
of Afro-montane forest in West Africa. Mount Oku lies in the Bamenda
Highlands, part of the Cameroon Mountain chain. The forest is a globally
important centre of endemism: 15 bird species endemic to the Cameroon
Mountains can be found at Kilum-Ijim, of which Bannerman’s turaco
(Tauraco bannermani) and the banded wattle-eye (Platysteira laticincta)
are restricted to the Kilum-Ijim forest and a few other forest remnants
within the Bamenda Highlands. Both species are threatened and the forest
represents the only possibility of conserving viable populations of these
two species. Surveys of other taxa also demonstrate very high endemicity,
not only of the Bamenda Highlands, but of the Kilum-Ijim forest.

The alternative forest conservation strategies suggested at the start
of the project in the 1980s were either to advocate the establishment of
a protected area (an option that had been proposed and attempted, by
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Figure 3.5 Location of forest patches that form part of the Bamenda
Highlands ICDP network, within the geographical extent of
the Cameroon Highlands

government, for several decades) or to support conservation without an
official protected area that was based instead on community agreements
and sustainable use of forest resources. When the project started in 1987,
the first step was to agree and demarcate a forest boundary. This was
urgently needed to avoid further loss to encroaching farmland, and the
project worked closely with community leaders to agree a boundary that
was then marked with Prunus africana trees. In these earlier phases, the
project focused on education and awareness, sustainable use of forest
products (especially honey) and a ‘livelihoods’ programme that aimed to
assist farmers to improve production on their farmlands bordering the
forest. Following the passing of a new Forestry Law in 1994, the Kilum-
Ijim Forest Project started a major new phase, in which the focus became
support to decentralized forest management by adjacent communities
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(under management plans drawn up by the community and approved by
the Ministry of Forests and Wildlife (MINFOF)).?

Scale is appropriate Initially the project focused only on the Kilum-Ijim
forests. But over time the approach was requested by more and more
surrounding villages with their own patches of similar forest and similar
development issues to be solved. Therefore, whilst the Kilum-Ijim forest is
still the top conservation priority, the project was expanded to a regional
scale of approach, and the scale of operations became the wider Bamenda
Highlands. Under this enlarged programme, communities in the region
were invited to approach the project for assistance — but support came with
conservation-related conditions attached. This aimed to ensure genuine
commitment on behalf of the village before any work commenced. The
project also comprised components focused on building a local constitu-
ency in support of forest conservation (a diverse education and awareness
programme) and components focused on capacity-building for supporting
community forest management within government (MINFOF) and local
NGOs. Indications are that this approach had significant success in some
components —especially the education and awareness programme.’ Possibly
as a result of the success of this awareness campaign, many more communi-
ties approached the project for support for forest management than had
been anticipated (the project planned to work with 30 communities, and
focus on supporting the eight highest priorities, but received over 60 appli-
cations for support). The project was reluctant to turn communities away
and so initially attempted to respond to all inquiries. However, it was clear
that limited resources required activities to be more focused, and the project
subsequently prioritized ten key communities who received high levels of
direct support, 15 communities who received limited direct support, and
supported the remaining communities indirectly through local NGOs.
Within the context of national and local constraints (for example, a
poorly resourced and motivated civil service, political interference, inad-
equate levels of funding), the regional, landscape approach was judged a
success. It allowed cost-effective use of resources and materials (trained
staff, methodologies, awareness materials), encouraged engagement of a
wider constituency both in government and civil society (since Bamenda,
the Provincial capital, lies at the heart of the project areca) and has the
potential, through the institutional structures built through the project,
to justify a mechanism for the long-term management of the forests (see
below). The attention to the wider Bamenda Highlands landscape has also
revealed the biodiversity importance of many of the smaller forest frag-
ments, which had previously not been well surveyed, and helped to put
Kilum-Ijim into a wider context. This approach would seem to be suited to
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similar landscapes, where habitats of high biodiversity value are scattered
in an agricultural landscape, but of course solutions need to be situation
specific.

There is real local ownership When BirdLife International (then ICBP)
began working at the Kilum-Ijim forest in 1987 one of the first steps was to
assist local communities in the demarcation of a forest boundary beyond
which no further clearance for agriculture would take place. Nineteen
years on that boundary remains largely intact, and traditional authorities
have dealt with the few infringements that have taken place promptly and
effectively. Each of the communities surrounding the forest has a working
and legally recognized Forest Management Institution (FMI) and 11 com-
munities have produced forest management plans and now hold legal title
to the resources of their forest (with the management responsibilities that
implies). The project has supported communities in the process of devel-
oping the necessary institutional capacity, and with the highly complex
legal process of forest registration and management plan approval. This
has been combined with a development programme that has demonstrated
methods of improving productivity and sustainability of land use outside
the forest, as well as enhanced production and value of products harvested
from inside the forest (such as honey).

There is real overlap at Kilum-Ijim between long-term community
interests from forest conservation (especially watershed protection but
also non-timber forest products like honey, medicinal plants, fuel wood
and bamboo) and biodiversity conservation. Most of the remaining forest
is on very steep slopes and conversion to agriculture is almost certainly
not sustainable (as landslides in adjacent areas testify) and would lead to
loss of watershed protection functions (again, as demonstrated by many
adjacent areas where springs have dried up). However, whilst most people
recognize the convergence of biodiversity conservation interests with their
own social and economic concerns, and therefore support the project,
the process continues to be undermined by individuals or groups with no
immediate interest in forest conservation — especially graziers (most of
whom are wealthy individuals who are no longer living in the area) and
Prunus africana exploiters (external, and very often armed). Regrettably
these interest groups have been able to influence the judicial process, and
their illegal activities (which are also unwanted by the community) have
been extremely difficult to control. What this shows is that the interests
and wishes of the majority, who have organized themselves into demo-
cratic community institutions, and who have legally backed rights, can
still be frustrated by powerful or stubborn individuals in situations where
capacity (or commitment) in state authorities is lacking.
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Project targets are clearly formulated Over the 19 years that BirdLife
International has been working in the Bamenda Highlands, the plan-
ning mechanisms have been constantly developed. Project interventions
were based on a detailed logical framework that was itself created from
a detailed problem tree developed with project staff and villagers around
the forests.

Detailed logframes and workplans have proved critical tools in the
regular cycle of planning, implementation, monitoring and evaluation, and
have been used in a flexible way, with managers prepared to modify objec-
tives (with the agreement of donors) if circumstances made that appropri-
ate. However, what the full problem tree demonstrates is an immense web
of problems that can only partly be solved by a project approach of fixed
duration (and budget). The Bamenda Highlands project aimed to put in
place a sustainable outcome within the constraints of politics and national
economics (the context — national debt and an underpaid civil service).
These factors are not within a single project’s ability to influence and yet
clearly they significantly affect what can be achieved — and the strategies
that must be put in place to try to accomplish a project’s objectives.

Protection components are included A 1000 hectare plantlife sanctuary
forms a core protection area in the centre of the Kilum-Ijim forests, and
the people-centred approach at Kilum-Ijim also takes place within a legal
context (provided by a Provincial Decree) that imposes (state) controls on
land use (banning inappropriate activities such as burning and grazing).
The project additionally chose to support a traditional protected area in
the form of an ancestor living place (forest) under the authority of the
traditional chief (fon). This traditional protected area has been formal-
ized through the creation of local forest management institutions around
the forest who ensure that the boundaries are respected and that resource
utilization agreements are adhered to. Effective implementation of the
management plans they produce is in turn monitored and enforced by
MINFOF. Although different from the model of a government-managed
Forest Reserve or National Park, the proximity of the people to the
resource and their acceptance of traditional authority make this model
work. Although no detailed comparisons have been made it is believed
that the level of protection of the forests under the Bamenda Highlands
programme is stronger than those under government protection. The
forest is highly valued culturally, and many taboos and regulations exist
that are enforced by the fon and his ruling council (kwifon). De jure gov-
ernment ‘control’ over forests had eroded this traditional authority and
management system, without replacing it with an effective alternative
(MINFOF Forest Officers were too few, poorly resourced and often not
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motivated to manage the forest). The project has helped to rebuild the
traditional authority of the fon and kwifon within a parallel and integrated
system of management and control by community-based institutions of
users (FMIs). However, experience shows that government support is still
essential as a back-up and endorsement of FMIs and traditional authority
rules, especially where powerful outside (and internal) interests threaten
to destabilize the situation. For example, the valuable bark of Prunus
africana is illegally exploited by outside gangs that are often armed, and
illegal livestock graziers in the forest enter with the backing of wealthy
and influential livestock owners. This experience suggests that a three-
pronged approach (FMIs-traditional authorities—government) may be the
most effective combination, and that each group has its role to play in an
effective overall protection system.

Productive potential of different habitats is taken into account The project
has made efforts to assess the sustainable levels of offtake for key forest
products — those studies examined harvesting and production of fuel
wood, honey and small mammals (mainly rodents), and future work
will attempt to assess the sustainable offtake for Prunus africana bark.
These studies suggest that the forest is already exploited at levels equal
to or exceeding its productive potential. For resources such as mammals
this is self-evident — it is very rare now to see duikers, monkeys or other
mammals in the forest, and most hunters have resorted to trapping a
range of small rodent species. Although the reproductive potential of these
species is probably very high, their detailed biology in this respect is not
known and in most cases studies have not been carried out. Since rodents
are likely to be key seed dispersers for some tree species the long-term
impact of over-harvesting on ecosystem functioning could be severe. The
project’s approach of integrating conservation and development aimed
to address this issue, by finding alternatives (supplements) to harvest of
products from the forest.

A sustainable end point is defined The main projects in the Bamenda
Highlands lasted for 17 years and cost a total of over US$3m with the
objective of conserving montane forests with a total area of about 30000
ha. In its very early stages the project was ‘fire-fighting’ — its priority was
to try to halt the rapid encroachment of farmland into the forest. The
strategy then shifted to education and awareness and building sustainabil-
ity of local livelihoods through support to agricultural development and
income-generating activities linked to the forest. However, it is now recog-
nized that the conservation of the forest is a long-term enterprise, and that
to be sustainable key elements are going to be strong institutions to carry
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the process forward (first and foremost) possibly combined with some
form of ‘subsidy’ to enable national government and local communities to
conserve a resource of global significance into the future. As a result the
present project strategy for sustainability is based on achieving sustainable
institutions for the long-term management of the forest. This will work
at three levels — that of community institutions (FMIs), the traditional
authorities and the government. As suggested above in relation to pro-
tection activities, each of these levels needs to work effectively for forest
management to succeed. It was envisaged that these three institutional
elements would be supported financially in the long term through a trust
fund (CAMCOF — CAmeroon Mountains COnservation Foundation) to
support sustainable management and conservation of forests through-
out the Cameroon Highlands, with an initial focus on the Kilum-Ijim
Forest and Mount Cameroon. However, despite considerable investment
from the Global Environment Facility and the UK’s Department for
International Development towards project development, CAMCOF
failed to get the necessary support and the Foundation has been closed.
Sustainable financing for conservation and sustainable use in the region
remain unresolved issues.

Monitoring and evaluation confirms project success For much of the
past 19 years there has been no formal monitoring scheme in place to
measure the conservation success of project interventions in the Bamenda
Highlands. An initial survey of the extent of the montane forest carried
out in 1983/84 noted the rapid rates at which montane forest in the region
was being cleared for cultivation, and concluded that without rapid
intervention the remaining Kilum-Ijim forest would be destroyed by the
year 2000. The fact that the forest remains is an important measure of
success, especially considering the continued loss and degradation of
other montane forests, including Forest Reserves, over the same period.
Monitoring of forest extent using satellite images and aerial photogra-
phy has shown the impact of the project’s interventions. They show that
between 1958 and 1988 (that is, pre-project) more than 50 per cent of the
forest was lost. This was followed by a period of forest regeneration and
in the period 1988-2001 the forest extended by 7.8 per cent of the 1988
area. This extension of forest cover has taken place largely through forest
regeneration on cleared areas within the boundary that was demarcated
in 1988.

In 1994 a conscious change in approach was made to ensure that the
success of the project in terms of conserving the key bird species in the
forest (a key conservation target) could be reported. A thorough analysis
of the conservation objectives helped to define what the project hoped
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to achieve in terms of key species (especially endemics and threatened
species of plant and animal), habitats and ecosystem functions (Maisels,
1998). The monitoring system then evolved to comprise a comprehensive
monitoring system designed to operate on a number of scales (Maisels
and Forboseh, 1999) and combining point counts of birds, permanent
vegetation quadrats and occasional sightings of mammals with fixed point
photography and satellite image analysis. It aimed to combine species
monitoring with ‘functional’ monitoring (monitoring of keystone species,
such as pollinators (sunbirds, bees) and seed dispersers (frugivorous birds
and mammals). However, this level of monitoring is very labour intensive
(and therefore costly) and proved not to be sustainable when major-donor
funding of the project came to an end in 2004. However, initial results sug-
gested some stability in forest condition (although the effect of ‘lag’ is not
known). For example, survey data from the census of Bannerman’s turaco
from 1991, 1995-97 and 1999-2001 failed to detect significant changes
in the population of this ‘flagship’ species (Kilum-Ijim Forest Project,
2002).

It was recognized by the project that measurement of ‘biodiversity’
rather than ‘resources’ is mainly of interest to conservationists (be it
MINFOF, or national or international NGOs) rather than local commu-
nities. In order to address this the project also put in place a programme
of institutional monitoring and natural resource monitoring designed to
be implemented by FMIs. Based on discussions with forest users, these
participatory measures allow FMIs to measure the state of their institu-
tion (by asking questions on certain indicators such as “What percentage
of the population are members of the FMI’, “What proportion of FMI
members participate in collective forest management activities such as fire-
tracing?’ and ‘How representative is the FMI (number of women, men,
youth, elders, Fulani and so on)?)’. Another set of indicators are designed
to allow FMIs to assess and monitor the condition of the forest resources,
and the threats it faces, using measures that are relevant to them and their
livelihoods. This uses indicators such as ‘number of streams flowing in
the dry season’, ‘annual yield from bee hives’ and ‘number of seedlings of
selected species (mainly species of economic importance such as food trees
and those whose timber is used for carving) that are over knee height’.
This community-based monitoring is at an early stage, and its effectiveness
in directing management by FMIs has not yet been assessed.

The project has also undertaken specific (one-off) exercises in order to
measure both the uptake of technologies introduced by the project and
the attitudes of people towards the forest and its conservation. An uptake
survey in 1999 interviewed 950 farmers in villages around the forest to
determine their uptake of technologies promoted by the project through
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its ‘livelihoods’ programme (such as contour ridging, tree production,
live fencing, erosion control and improved livestock feeding). This dem-
onstrated levels of outreach (that is, percentage of respondents who had
received information on the technology) ranging from 24 per cent (for
training in raising fruit trees) to 93 per cent (for training in methods of
controlled burning and alternative land preparation methods) and uptake
levels (percentage of farmers who had received training who then adopted
the technology) of between 49 per cent and 98 per cent (for uptake of con-
trolled burning) (Tsongwain, 1999; Kilum-Ijim Forest Project, 2002).

Assessment of changes in behaviour have been complicated by the
lack of any baseline statistics. However, using qualitative, participatory
methods and a comparative approach (comparing communities that
had little contact with the project, with those that had had high levels of
contact and uptake) has demonstrated the significant positive impact of
the project on people’s attitudes to the forest and its conservation (Abbot
et al., 1999, 2001).

Discussion

Looking at our two ICDP examples from the forests of Africa, a number
of issues emerge. First, it is clear that neither of these ICDPs is perfect,
even to those who have been involved with them over a period of years.
In this regard we accept some of the criticisms that the ICDP approach
does not deliver as much conservation or development as some originally
proposed it would. But, both of these projects are working in some of the
least developed regions of the world, where billions of dollars of develop-
ment assistance and the best economists in the world have largely failed to
improve national economic fortunes (UNDP, 2001). We therefore believe
that any conservation successes need to be set in the context of greater
economic failures.

Scale and ownership/benefits

In both of our examples, the projects operate over relatively small parts
of the landscape of biological importance, and focus on maintaining
critical patches of forest cover for their biodiversity values — principally
endemic species with no known economic importance. The values of the
biodiversity are uncosted. The local values for villagers living adjacent to
the forest habitats, in terms of direct cash generated from these forests or
their endemic species, are small. However, in both of our case examples
the local perception of the value of the forest in terms of providing a water
supply through the dry season is high. Numerous villagers in both regions
tell stories of the drying of their local stream when its catchment area
was deforested. The cultural value of the remaining forest is also high in
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both of these areas, as places for the ancestors to live in. Moreover, in the
Uluguru Mountains of Tanzania the national cash values of the forests in
terms of maintaining water flow to the capital city and most of the nation’s
industry are huge. The appreciation of these values and the development
of systems that capture some of this value and use it for long-term man-
agement, offers one of the best ways to achieve sustainable management
of the forest resources and some assistance to the development of local
human populations.

Ownership

Both of our two example projects illustrate a gradual shift in emphasis from
forest ownership by the national government to a situation where local
people have a role in the management of government-owned reserves (for
example, in the Ulugurus), or more promisingly perhaps where they estab-
lish and manage Village Forest Reserves on their own land and where the
government, or a local NGO, is a facilitating and problem-solving agency.
The legal mechanisms that allow these community approaches to forest
ownership and conservation may provide a boost to forest conservation
efforts more widely across Africa in coming decades. An evolving issue in
development thinking involves attempts to ensure that issues of equity and
rights are considered fully in development projects. This novel thinking,
especially on rights, is likely to become an important aspect of ICDP design
and implementation, especially given the global re-emphasis on solving
some of the fundamental issues of poverty and inequality across the devel-
oping world, especially in Africa. One of the risks of this approach is that
the choices that local people make might not be ones that ‘conservationists’
want, but equally there is a potential for people to reject centralized govern-
ment models (for example, large-scale concessions, clearance for industrial
agriculture — oil palms and so on) and choose their own pathway.

Planning

In our opinion one of the most helpful mechanisms for designing and
managing an ICDP to ensure that it works towards its goals, and has the
chance to periodically review and alter these goals, has been the Logical
Framework Approach (or related planning systems). By building a set
of interventions around solving the environmental (and human develop-
ment) problems in an area, and monitoring these carefully over time, best
practice conservation management can result. However, even in cases
where log frames have been developed, many are poorly formulated and
do not attempt to measure conservation impact — instead they monitor
whether activities are progressing and funding is being used. The major-
ity of ICDPs in operation have this flaw, which is one reason why it has
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been easy for them to be criticized — most cannot provide data to answer
what their conservation achievements have been. In this regard we would
endorse exploring ways to measure the pressure/threat to an area and
how it has changed, the state of the system (both biodiversity/habitat and
socioeconomic) and what responses occur (reserves declaration, attitude
changes, activity changes, degradation changes, governance changes and
so forth). If logical frameworks could be used to develop and help main-
tain monitoring programmes that capture information on these broad
areas, this would be a significant step forward. If a sufficiently large sample
of ICDPs were operating similar monitoring schemes then some statisti-
cally analysed conclusions about the success or failure of the ICDP model
might be developed.

Sustainability

Long-term sustainability has rarely been achieved by ICDPs, even those
that have operated for a decade or more. It may be that this model of
project cannot achieve a sustainable end point, especially when working in
developing countries where the economic situation is stagnant and there
are few funds from government or local leaders to support conservation
activities. Solving the macroeconomic problems of many African nations
would enhance the chances of long-term sustainability for projects operat-
ing in poor rural areas. In the absence of economic improvements, working
to establish mechanisms that ensure the supply of modest funding over the
long term, and the availability of reliable and trained staff, may offer the
best chances to reach a sustainable end point. If there are no funds then
good staff will move to other areas, or will start to engage in other activ-
ities to support themselves. If there is too much funding for a known short
period, then people may seek to capitalize on it while it is there.

Neither of our two example ICDPs are close to being economically
sustainable. The models used by these projects have involved significant
sums of money, expatriate support, purchase of transport and fuel, inter-
national travel and some foreign management costs. The local economy
of these areas involves small amounts of money, local decision-making, a
lack of mechanized transport, few income-generating opportunities and
traditional beliefs and norms. In order for the ICDP approach to become
more sustainable it has to become financially, technically and operation-
ally closer to the normality for the areas concerned, which is a serious
challenge using current project implementation models.

Protection components
We endorse the criticism that ICDPs do not expend as much effort as
required on natural resource conservation. Our experience with ICDPs
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funded by development agencies shows how their focus on poverty allevia-
tion, while providing valuable funds, can force the ICDP to expend nearly
all its effort on development with only weak and insufficient components
targeting the protection of natural resource values. Part of the current
criticism that ICDPs are trying to achieve conservation using indirect
mechanisms comes from this mismatch of agendas — on the one hand the
funding agency wants to see conservation by development, whereas the
conservation agency wants to see conservation gain and will try to design
development interventions to achieve this goal. However, there need not
always be this dichotomy, and there are many situations where conserva-
tion and development agendas directly overlap, especially in poor rural
communities in Africa.

Implementation constraints

Our two example ICDPs, and especially the Uluguru Mountains ICDP
managed by CARE have been dogged by implementation constraints.!®
This has affected the efficiency of the projects, and has resulted in some
significant time delays and failures to achieve some of the planned targets.
This issue has already been explored in some detail in the review by Wells
and McShane (2004) where they note that even a well-designed project
can fail because of problems with its implementation strategy — including
problems of obtaining suitable staff, and so on.

Learning components

One general observation is that ICDPs would benefit from a more scien-
tific approach, including designing interventions to test hypotheses about
different kinds of interventions. The learning component of many ICDPs
is generally small and often given a low priority. However, this means that
ICDPs will continue to fail to show what they have achieved, or indicate
what interventions give the best value for money.

Local people can collect much of the data required to monitor conser-
vation impact. This can both simplify the methods, allow local under-
standing of what is required and what the project is trying to achieve, and
also keep costs low (Danielsen et al., 2001). However, as with many other
elements of ICDPs, the data collected by local investigators will need peri-
odic field validation to ensure that standards are maintained. These locally
based methods of monitoring can tell a lot about resource use and man-
agement actions, but they might not satisfy the requirements of conserva-
tion biologists interested in the number of particular species or details of
ecological services. In these cases more professionally based monitoring
may be required, involving trained scientists.

In addition to measuring biological and threat-related measures within
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an ICDP, measuring perceptions and attitudes of the local population
over time can also indicate conservation trends. Local populations are
often reported to have a negative perception of protected areas. However,
our Bamenda Highlands case study provides evidence that ICDPs can
change these negative perceptions over time. Such changes go a long way
to making the interventions sustainable in the long term.

Other management options
Given the long-term funding input to our two example ICDPs, and the
relatively low level of impact, it is relevant to consider whether other
forms of conservation might have been more successful. In many parts of
the world National Parks or Strict Nature Reserves are regarded as the
most secure means for conserving wild areas. Would these have worked
in the case of the Ulugurus or the Bamenda Highlands? The possible sce-
narios for these two sites are highly different. For the Ulugurus, most of
the forest remains in two large central government Forest Reserves and
the boundaries are fairly well marked. As the national government already
controls the forest area, then changing the Forest Reserves into a National
Park would only involve a transfer of control within the government, from
the Forest Department to Tanzania National Parks. An alternative that
is now being pursued in Tanzania is to upgrade the status of these Forest
Reserves to a Nature Forest Reserve, which would make the reserves more
secure but keep them under the authority of the same part of government.
For Kilum-Ijim in the Bamenda Highlands, any protected area would be
strongly resisted by local people — for example, previous attempts to des-
ignate a Forest Reserve failed. The creation of a National Park or other
form of government reserve would be highly problematic, strongly resisted
by the local people, and difficult to implement in a meaningful way.
Other models of conservation management that have been advocated
in recent years include direct land purchase, purchase of concessions for
conservation purposes and direct payments to communities. Direct land
purchase and concession purchase models cannot easily work in these two
project areas, although legal changes are making this more possible (see
Wily and Mbaya, 2001 for Tanzania). Current ideas about making direct
payments to communities in return for specific conservation targets (area
of forest, population of a species, number of annual fires and so on) may
help to focus attention on making conservation interventions as direct as
possible (Ferraro and Kiss, 2002). A relevant question is whether if all the
funds placed in ICDPs had instead been used for direct payments, would
the communities have been better off? The total funds used in the Uluguru
Mountain ICDPs since 1993 are around US$2.5m. If all that funding
had been available in Tanzania at the project site it would represent less
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than US$2 per locally based person (assuming around 100000 people
on the mountain) per annum over eight years. Although this is not a
major financial inducement, it is a more tangible sum than most received
from the project activities. However, we predict that the direct payments
model would be difficult to implement in poor rural communities. The
mechanism of delivering funds would need to be carefully worked out and
monitoring this would require considerable effort — and would therefore
rapidly become expensive. Funds would also need to be available over
the long term if this was the only mechanism employed to conserve the
forests. The direct payment approaches may work best linked to a trust
fund mechanism that provides small funding to local communities over
long periods.

In conclusion, the ICDP model has certainly been challenged in recent
years but we believe that the jury is still out and nothing is yet in place/
proposed that can realistically (proven to) replace it. Few would argue
that it makes sense (moral, practical) to conserve areas that are rich
in biodiversity without involving the people that are living in the area.
Falling back totally on the strict ‘protection’ approach with the exclusion
and marginalization it implies is not a direction most conservationists in
Africa want to take. The integration of conservation at high biodiversity
sites with alleviation of social and economic problems is a goal that has
popular support, but the challenge is to find ways of making it work,
to learn from the successes (and failures) of existing projects and not to
dismiss the approach without proposing viable alternatives backed by
detailed scientific analysis.

Notes

1. BirdLife International managed the Kilum-Ijim Forest Project and Bamenda Highlands
Forest Project in collaboration with the Cameroon Ministry of the Environment and
Forestry and forest-adjacent communities. The projects received funding from the
Global Environment Facility (GEF/UNDP), the UK Community Fund (National
Lottery Charities Board), the British Department for International Development
(DFID) through the Civil Society Challenge Fund, the Joint Funding Scheme
(DFID), the Global Environment Facility (GEF-World Bank) through the Cameroon
Biodiversity Conservation and Management Programme, the Dutch Ministry of
Agriculture, Nature Management and Fisheries through the Programme International
Nature Management (PIN) and WWF Netherlands. Current work at Kilum-Ijim is
funded by the JJ Charitable Trust and the Dutch Ministry of Foreign Affairs.

Conservation Projects in the Uluguru Mountains landscape have been funded
by the European Union, the Royal Society for the Protection of Birds (RSPB), the
Government of Tanzania, Danish International Development Agency (DANIDA),
Dansk Ornitologisk Forening (DOF) and the Wildlife Conservation Society of
Tanzania (WCST), Christian Aid, the Spanish NGO INTERMON and will soon
receive funds from the GEF. We would like to the thank the following Tanzanian staff
from the various parts of government and projects working around the Ulugurus for
their support and assistance: Lameck Noah, Cheyo Mayuma, Elisha Mazengo, Elisa
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Pallangyo, Sia Aroko, Phanuel Bwimba, John Mejissa, Eliakim Enos, Ernest Moshi,
Prof. Amon Mattee, Athman Mgumia. The following also collected data in the field in
Tanzania, some of which is used here: Andrew Perkin, Tom Romdal, Marcel Rahner,
Anders Tottrup, Klaus Telbel Serensen and Olivier Hymas.

2. See http://www.care.org/careswork/projects/TZAO38.asp, accessed 11 August 2009.

3. See http://www.wikipedia.org/wiki/logical_framework_approach, accessed 11 August
2009.

4. See www.ecosystemmarketplace.com, accessed 12 August 2009.

5. See www.africanconservation.com/uluguru, accessed 12 August 2009.

6. See www.casternarc.or.tz for details of the Nature Reserve Process, accessed 12 August
2009.

7. See www.easternarc.or.tz, accessed 12 August 2009.

8. Formerly the Ministry of Environment and Forestry — MINEF.

9. A recent (2003) independent mid-term review of the project wrote that ‘Regarding
general awareness and support for natural resource conservation the work of the past
has paid off. The Northwest Province is without doubt the most conservation minded
in the entire land, and past efforts by the Kilum-Ijim Forest Project and more recently
the Bamenda Highlands Forest Project have contributed immensely to this achieve-
ment through its hard work in the field of Environmental Education. This has been so
successful, that the output may be considered achieved at this point in time. An impres-
sive list of Environmental Education material has been developed and disseminated,
ranging from e.g. 22000 posters, courses for 60 biology teachers, to 32 newspaper
articles, 25 radio programmes, etc. The conservation constituency is so overwhelmingly
present at all levels of North-western society, that it would not be irresponsible for the
Project to consider winding down its activities in this domain, unless in direct support
of achievement of other outputs, and reallocate the available resources in time, money
and staff to the implementation of other activities’ (Bamenda Highlands Forest Project,
2003, independent mid-term review, BHFP, Cameroon).

10. See progress reports on www.easternarc.or.tz, accessed 13 August 2009.
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4. Biodiversity conservation in managed
landscapes
Tom M. van Rensburg and Greig A. Mill

Introduction

Biodiversity conservation has emerged as one of the most important and
controversial global environmental issues in recent years (UNEP, 1995).
First, it has been suggested that we are on the verge of mass extinctions,
the like of which have not been observed in the fossil record (Wilson,
1985). Second, it is argued that biodiversity loss matters because it is of
fundamental importance to human society. It provides food, shelter, fuel,
supports recreation and tourism and is thought to play an important part
in global life support and in the functioning of ecosystems (Lindberg,
1991; Raven et al., 1992; Brown et al., 1994).

A decline in habitat is thought to be one of the most significant causes
of the loss in terrestrial biodiversity (Wilson, 1985). A large proportion
of the earth’s fertile land has been converted into managed agricultural,
forest and urban landscape. Recent estimates by the FAO (2004) indicate
that some 38 per cent of land globally is now utilized for agriculture. One
solution proposed by ecologists is to expand reserves and protected areas.
However, there are a number of problems with this approach: protected
areas cover a limited area — approximately 11 per cent of the earth’s
surface (WRI, 2005); protected areas generally exclude economic activities
and they can impose costs on land managers and prevent future economic
opportunities from taking place. Consequently, it is unlikely that the pro-
portion of land allocated to protected areas will be sufficient to maintain
all biodiversity.

In recent years a number of studies indicate that biodiversity conserva-
tion must focus on managed human-dominated ecosystems (Miller, 1996;
Reid, 1996; Dalily et al., 2001; Rosenzweig, 2003; Polasky et al., 2005).
Economically valuable managed landscapes do not necessarily have to
exclude biodiversity conservation goals. A wide range of species occur in
the presence of human activities and much of the world’s biodiversity is
found in human-dominated ecosystems (Pimmental et al., 1992). Instead
of threatening biodiversity, many managed systems may actually enhance
biodiversity because of, rather than in spite of, the day-to-day manage-
ment activities carried out by land managers. Indeed, the phenomenon
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of land abandonment has become a subject of major concern in many
countries because it results in the loss of biodiversity. It is also thought
that land managers may conserve biodiversity because it supports the
productivity and resilience of the ecosystems they manage and there is
now a significant literature on the functional and ecosystem service values
associated with biodiversity (Ellis and Fisher, 1987; Daily, 1997; Barbier,
2000; Daily et al., 2000).

However, the intensity and mode of disturbance clearly play an impor-
tant part in the management of ecosystems. Heavily disturbed agricultural
and forest ecosystems in many parts of the world are threatened by human
intervention that has resulted in a loss of biodiversity and resilience.
Clearly it is important to distinguish between managed landscapes that
undergo disturbance in which biodiversity appears to be thriving and
those in which it is threatened. In this chapter we explore the relationship
between human-induced disturbance and biodiversity. We also consider
the relationship between disturbance regimes and the properties of a
managed ecosystem — its productivity, resilience and stability.

All too frequently the application of ‘good science’ is not in itself
sufficient to guarantee desirable environmental outcomes with respect
to biodiversity conservation. This also requires an understanding of
socioeconomic and policy considerations: how markets allocate scarce
resources, how they influence decisions taken by land managers and why
they frequently fail to protect biodiversity and other non-market values.
To a degree, most land managers are affected by the market. Thus, the
chapter also explores the economic linkages between markets and natural
resources, and the possibilities of exploiting the powerful creative forces
of the market in a manner that conserves biodiversity whilst also provid-
ing useful marketable goods and services. Finally the chapter concludes
with some policy recommendations on making markets account for the
benefits of biodiversity conservation in managed landscapes. We begin by
distinguishing between genetic and functional diversity.

Genetic and functional diversity in managed landscapes
Several definitions have been proposed to capture the multifaceted nature
of biodiversity (ecosystems, species and genes). This is acknowledged in
the definition developed in the Convention on Biodiversity as follows:
““Biological diversity” means the variability among living organisms from
all sources, including inter alia, terrestrial, marine and other aquatic eco-
systems and the ecological complexes of which they are part; this includes
diversity within species, between species and among ecosystems’ (UNEP,
1995. p.8).!

A distinction is made in the literature between genetic diversity and
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functional diversity. Genetic diversity usually refers to the genetic variation
that exists within a species (the gene pool). Genes are the fundamental unit
of biodiversity and the ultimate source of all variation among all animal
and plant species (Dobzhansky, 1970; Soulé and Wilcox, 1980). Genetic
diversity has been proposed as the basis on which to make conservation
decisions using the evolutionary distinctiveness of taxa when assigning
them priorities for preservation (Vane-Wright et al., 1991; Crozier, 1992;
Solow et al., 1993; Weitzman, 1998). Here, the relative ecological value is
based on how far away species are from one another genetically and an
objective value is assigned to the taxonomic distinctiveness or degree of
‘independent evolutionary history’ (IEH) that is vested in a species (Vane-
Wright et al., 1991).

Conservation organizations frequently employ descriptions and meas-
ures of ecosystem diversity based on genetic diversity and they tend to
place great emphasis on species and their populations (IUCN, 1988).
Although considerable sums have been allocated towards species preser-
vation, there is frequently a bias towards charismatic species, large birds
or mammals that are very familiar to the public. Conservation groups and
professional conservationists often exploit certain species and ecosystems
to further their own conservation goals. Conservationists have called
the charismatic species that win the hearts of the general public ‘flagship
species’. This may be at the expense of less well-known species that may be
critical for the functioning of ecosystems (Metrick and Weitzman, 1994).

Understanding the value of biodiversity to land managers requires a
different perspective that is linked to the functional value of biodiversity.
How then does functional diversity differ from genetic diversity and if
so, why do these differences matter to managers? First, genes are after
all just chemicals that have no value in and of themselves. Instead, genes
have value in what they do — control the structure and function of life —
instead of in what they are. Measures of genetic distance may not capture
the relative values of species such as the complex functional relationships
embodied in ecosystems. Two species might be very similar with respect to
genetic distance but they may perform very different functions within the
ecosystem. One might be a keystone species that is vital to the well-being
of the managed ecosystem whilst the other is ‘functionally redundant’.
Species diversity is relevant to land managers because some species appear
to play a more important functional role than others. An individual who is
evaluating a species in terms of its functional role would be more sensitive
to a change in the ecosystem’s productivity than would a person focusing
on biodiversity. A person assessing an ecosystem from an ecosystem func-
tion perspective would be more likely to focus on key species and processes
and might overlook the disappearance of a rare species. There is greater
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emphasis on the biological integrity of the system than simply ensuring
that all the biotic elements are present.

Functional diversity refers to the characteristics of ecosystems and
includes ecosystem complexity at different levels of organization such as
trophic levels (Cousins, 1991). This approach uses trophic-level analysis
to relate species diversity to functional ecosystem parameters such as food
web structure or the transfer of energy, water and chemicals between dif-
ferent trophic levels. Functional diversity can be interpreted as the number
of species required for a given ecological process.

In managed ecosystems, although every species may have a particular
role, it does not follow that these roles are of equal importance. Ecologists
acknowledge that some species have a greater ecological impact than
one might expect from their abundance or biomass and these have been
referred to as keystone species (Power et al., 1996). Some ecosystem
studies indicate that only a small number of the numerous species found
in ecosystems perform key functions or so-called keystone roles and that
most species perform a perfunctory role (Holling, 1992). For example,
beavers have been shown to have a profound impact on streams, forests
and wetlands through dam construction.

Many species may play keystone roles that involve interdependencies
with other species (Daily et al., 1993). The elimination of any single com-
ponent of an ecosystem could lead to an unanticipated unravelling of com-
munity structure and to local extinctions of some species. Bird dispersers
such as the blackcap (Sylvia atricapilla) interact with shrub species to
influence floristic diversity, spatial patterns of vegetation development and
plant dynamics in patchy Mediterranean vegetation in southern France
(Debussche and Isenmann, 1994). Seeds deposited by blackcaps under-
neath pioneer shrubs (which have positive ‘nurse’ effects on other plants)
were more likely to survive than in the open field and birds may actually
trigger dynamic successional processes initiated by pioneer woody peren-
nials in Mediterranean grasslands and shrublands.

The ‘keystone role’ of a species may also depend on whether a number
of other species can assume its functional role within the ecosystem
(Schindler et al., 1989). Functional redundancy is known to occur if
other species can perform similar roles (Hutchinson, 1961: Walker, 1992).
Although there is evidence that the deletion of some species has very little
effect on ecosystem functioning, in many diverse tropical forests there are
so many rare species that collectively they may have an important impact
on the ecosystem. Here, top predators in ecosystems are relatively scarce
because they are large in size and at the top of the food chain but may
nevertheless be important in terms of ecosystem structure.

Most research has focused on which species are important here and now.
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However, millions of species have not even been identified let alone evalu-
ated for their potential values to humans. There are difficulties in predict-
ing which species will be important in the future since the present functions
performed by a species may provide no clues as to its role when environ-
mental conditions change (Main, 1982; Lovejoy, 1988). Tree species that
colonize gaps in tropical forests and species that require fire to enhance
germination provide such examples. The population of Cactoblastis
cactorum, which is relatively rare in Australia today, would not provide
an accurate description of its importance in controlling Opuntia in that
country in previous decades. However, studies on ecosystem function may
reveal clues as to the most sensitive components of food webs, and nutri-
ent and energy flows. Research reveals that the most sensitive components
of ecosystems are those in which the number of species performing a
particular function is thought to be very small (Schindler, 1990).

Most ecologists recognize that some species play a more important
functional role than others. But what does this imply in terms of the prop-
erties of an ecosystem? Land managers are principally concerned with
ecosystem productivity and its variability. The next section provides a
review of the relationship between biodiversity and the stability, resilience
and productivity of ecosystems.

Importance of biodiversity in managed landscapes

The importance of biodiversity is associated with a controversial theoreti-
cal debate amongst ecologists that began in the early 1950s: does biodiver-
sity affect the stability of an ecosystem? Holling (1973) refers to stability
as a characteristic of the individual populations of an ecosystem. For
example, stability is defined as the propensity of a population to return to
some kind of equilibrium following a disturbance. The stability of ecosys-
tems may be linked to their biodiversity and it has long been hypothesized
that more diverse ecosystems are more stable. A clue as to why this may
be the case is illustrated by a natural disturbance that deleted some species
from the ecosystem. A diverse system might be little affected by the impact
because other species with similar niches could perform similar functions
to the missing species. Early advocates of this theory include MacArthur
(1955) who postulated that a highly diverse ecosystem would change less
upon the removal or addition of a species than would an ecosystem with
fewer species. Elton (1958) also suggested that less diversity resulted in less
ecological stability.

However these theories were not without their critics. May (1973)
challenged this argument and showed that a highly connected system
(higher biodiversity) may be less stable than simpler ones and more vul-
nerable to disturbance because all its components closely interact and are
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therefore subject to the effects of perturbations. A drought that eliminates
key species in a complex ecosystem, for example, will have widespread
repercussions on the animals that depend on them.

More recent work (Tilman, 1996) has shown that there exists an impor-
tant distinction between the properties of a community and its individual
species, so although diverse ecosystems are more stable than less diverse
ecosystems the populations within them can have great variability. From
this perspective, what matters is the stability of the community or eco-
system, not their individual populations. There is some experimental
evidence to support these assertions. Tilman and Downing (1994) have
shown that an ecosystem with many species is more likely to be stable even
though the populations of individual species may experience considerable
fluctuations.

Resilience is a further factor that refers to properties of the stability of
a system. The traditional concept of resilience is a measure of the speed of
return to an equilibrium state after an ecosystem has been disturbed (Pimm,
1984; O’Neill et al., 1986). Alternative definitions have been proposed by
Holling (1973). He describes resilience as the propensity of an ecosystem to
retain its functional and organizational structure following a disturbance.
Expressed another way, resilience is the amount of disturbance that can
be absorbed before the system changes its structure by changing the vari-
ables that control how the system behaves (Holling, 1973). A characteristic
feature of ‘Holling-resilience’ then is that though the system parameters
(net primary production, or system growth rates, species composition)
may change after disturbance, a resilient community will return quickly
to equilibrium after disturbance is removed. A resilient ecosystem does
not necessarily imply that all of its component populations are stable.
Environmental perturbation may result in the extinction of an individual
species without affecting ecosystem function or resilience. Holling (1973)
distinguishes between stability as a property associated with individual
populations of an ecosystem, and resilience as a property of an ecosystem.

Early work by Holling (1973) has suggested that, in general, the resili-
ence of an ecosystem is an increasing function of the diversity of that
system. There is some empirical evidence to support this view. In a series
of field experiments in drought-affected grasslands in Minnesota, Tilman
(1996) has shown that species-poor plots were less productive in terms of
biomass than species-rich plots (see Figure 4.1A). He also demonstrated
that species-poor plots were more greatly harmed by drought (less resist-
ant), took longer to return to pre-drought conditions (less resilient) and
were less stable than species-rich plots. Tilman et al. (1997) also demon-
strated that plots with lower functional diversity had lower productivity in
biomass terms than plots with high functional diversity (see Figure 4.1B).
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Figure 4.1 (A) Dependence of 1996 above-ground plant biomass (that
is, productivity) (mean and standard error) on the number
of plant species seeded into the 289 plots. (B) Dependence of
1996 above-ground plant biomass on the number of functional
groups seeded into each plot

Having considered some reasons why biodiversity might be important
we now provide some evidence as to why managed landscapes might be
so significant in supporting biodiversity conservation goals. Managed
landscapes that are vital economically in supporting human populations
can also make a very important contribution to biodiversity conservation.
Biodiversity can coexist alongside human activities and economically
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valuable managed landscapes do not necessarily have to exclude biodiver-
sity conservation goals. Indeed, there is a significant literature that sug-
gests that many managed systems may actually augment biodiversity and
that land abandonment or a decline in management activities can actually
threaten biodiversity. We now turn to some examples of how land manag-
ers from around the world manage systems that conserve biodiversity. We
also consider what can happen to biodiversity when land and management
activities are abandoned.

Landscape management and biodiversity

In many managed landscapes good conservation practice succeeds because
it is perceived to coincide with the interests of land managers whose
support is vital for conservation initiatives. Such conservation practices
may also have been developed to avoid over-utilization of the resource on
which the human population depends. Consequently most biodiversity
exists in human-dominated ecosystems (Pimmental et al., 1992).

First, some examples of where good conservation practice is coinciden-
tal with the interests of land managers are provided, and second, we look
at abandonment. In areas where human populations have long been an
integral part of the landscape and had much to do with its recent evolution,
species may have adapted to ‘managed’ landscapes. For example, human
impacts on biodiversity in the Mediterranean basin may play a positive
role where current levels of biodiversity are in part maintained by contin-
ued human influence. Pignatti (1978) reports that domestic livestock, and
an opening up of evergreen oak forests in the Mediterranean, provided
new opportunities for speciation of herbaceous annual flora. For example,
the dehesas of south-west Spain have evolved around a distinct and long
history of anthropogenic influence. These open wood pasture systems are
derived from ancient Mediterranean forests and are managed to support
livestock production with some accompanying arable cultivation and
silviculture but are widely recognized as being of high conservation value
(Baldock et al., 1993; Telleria and Santos, 1995; Diaz et al., 1996).

Floristic diversity is high and dehesa grasslands are remarkable for
maintaining some of the most species-rich grasslands outside the tropics,
with as many as 60 plant species per square metre having been recorded
(Marafion, 1986). A number of explanations have been advanced for the
high floristic diversity associated with dehesas. The Mediterranean basin
acts as a transitional biogeographical location. It has been suggested that
its flora, which comprises several different genetic elements, has been
enriched by historical climatic fluctuations during the Quaternary, by
complexity of mountain relief and by altitudinal heterogeneity and histori-
cal human disturbance (Zohary, 1973; Whittaker, 1977, Marafion, 1986).
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Defoliation by domestic herbivores and the occurrence of frequent fires
in association with periodic droughts are also thought to have promoted
plant diversification particularly of annual species and initiated adapta-
tions to drought, fire and grazing (Pignatti, 1978; Naveh, 1994).

Many bird species from northern Europe overwinter in the dehesas and
are reliant upon the dehesas as a food source. Telleria et al. (1992) provide
evidence that suggests that dehesas may support more diverse communi-
ties of passerines than neighbouring stands of high forest. Dehesa habitat
supports 64 per cent of the population of common cranes wintering in
Spain (50 000-60 000 birds), which represents 70-85 per cent of the western
European population (Alonso et al., 1990). The crane population is not
widespread in other habitats as cranes rely on acorns, so holm oak dehesas
are of great importance for this species, considered vulnerable because
of their decreasing population trend (Tucker and Heath, 1994). It is also
thought that the distribution of white stork is most strongly associated
with open holm oak wood pasture and it has been suggested that conver-
sion of this habitat could lead to a decline in its populations (Carrascal et
al., 1993).

Managed woodland and grazing systems elsewhere in Europe are also
important for maintaining biological diversity. The bird community of
western oak woods in the United Kingdom, particularly the abundance of
the wood warbler (Phylloscopus sibilatrix), pied flycatcher (Ficedula hypo-
leuca) and redstart has long been recognized as unique and some grazing
may help to create the open conditions in the understorey and field layer
favoured by these species. Some studies that focus on grazing even report
that subspecies of grasses may develop according to the specific ecological
conditions that occur in a grazed or mowed sward (Reinhammar, 1995).
The development of species-rich raised coastal dune and bog habitats in
north-western Europe, known as machairs, is also thought to be strongly
associated with agriculture and human activity, particularly fire and
grazing (Mate, 1992; Edwards, et al., 2005). Machairs, which are priority
habitats under the European Habitats Directive, are unique ecosystems
confined, in the northern hemisphere, primarily to west and north-west
coasts of Ireland and Scotland. Machairs are priority habitats because
of the high plant species richness which contain elements of calcareous
grassland and sand dune plant communities. We now turn to the issue of
abandonment.

Londo (1990) reports that, in the absence of management, semi-natural
grassland communities revert by processes of natural succession to natural
woodland and forest and the diversity of herbaceous species falls. Many
traditional extensive farming practices have been shown to maintain plant
and animal diversity (Gonzalez Bernaldez, 1991; Naveh, 1994), and where
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these activities cease, susceptibility to disturbances, especially fire, can be
increased. Fire in turn can have a negative effect on biodiversity (Faraco
et al., 1993). Landscape homogenization can also result from the aban-
donment of agricultural/pastoral land (Alés et al., 1992). Without human
management diverse plant communities in the Mediterranean basin, for
example, become overgrown, and displaced by relatively few, shrubby
unproductive species. Livestock may play a positive role in influencing the
system.

Bokdam and Gleichman (2000) have suggested that abandonment is
a major threat to traditional pastoral landscapes and their wildlife in
Europe. They report that increased labour costs have undermined tradi-
tional herding systems, which are being replaced by free-ranging grazing
systems leading to a decline in species-rich open heathland. The manage-
ment of Mediterranean woodland has become an important issue in many
areas because of the abandonment of large areas that were previously
exploited by grazing. In many cases impenetrable thickets have developed
with continuous accumulation of fuel leading to catastrophic wildfires.
Valderrabano and Torrano (2000) evaluate goats as a potential manage-
ment tool for controlling encroachment of Genista scorpius in black pine
stands in the Spanish Pyrenees. They report that as a consequence of goat
browsing and thinning, dense woodland was opened up and desirable tree
growth and development was stimulated.

In traditional land husbandry, maintenance of biodiversity and eco-
nomic outputs are closely intertwined. For example, the relationship
between habitat characteristics, weather and spatial variation in animal
behaviour was investigated by De Miguel et al. (1997). They suggest that
shrub areas provide shelter and represent an important browse resource
during winter and that this leads to the occurrence of a diversified land-
scape with different successional stages (from pastures to clear and dense
woodlands) that occur in close proximity, which in turn leads to high
levels of flora and fauna.

Clearly there is evidence to suggest that biodiversity can coexist in land-
scapes of economic importance but can land managers from around the
world actually use biodiversity to support the productive process? This is
the subject of the next section, which considers how land managers may
conserve biodiversity because it supports the productivity, stability and
resilience of the ecosystems they manage.

Landscape management and ecosystem properties

Maintenance of biodiversity may be coincident with management goals
such as improved agricultural productivity under highly variable environ-
mental and socioeconomic conditions. For example, pastoralists in Africa
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deliberately maintain as many as a dozen breeds of camel in the Sudan
because they are able to exploit the vegetation of extreme environments,
including deserts and other uncultivated land. The loss of these hardy
animal breeds therefore means a reduction in the area of human habitat
(Kohler-Rollefson, 1993).

In Mediterranean dehesa systems good conservation practices that
promote biodiversity have arisen because local farmers recognize that a
diverse system helps reduce variation in productivity from year to year.
Local farmers do not necessarily have biodiversity conservation goals
in mind as a management aim. Nevertheless, biodiversity coincides with
certain production goals such as improved stability of production under
unpredictable environmental conditions. Large differences in climatic,
geological and topographical gradients contribute to a considerable
degree of variation in productivity across the regional landscape. Climatic
factors are instrumental in dictating plant and animal dynamics and prod-
uctivity. Consequently, a long history of anthropogenic influence has led
to the development of a high level of management and functional com-
plexity as a means of ensuring stability. Attempts to reach an understand-
ing of the relationship between management practices and environmental
variability have prompted research effort into the interactions between the
individual components that comprise this complex ecosystem including
tree, herbaceous and shrub, and livestock components.

For example, holm oak is preferred by dehesa farmers because it
favours the growth of highly productive perennial herbaceous species
through improved retention of soil moisture, modification of micro-
climate, improved nutrient availability and improved soil properties
(Marafion, 1986; Joffre and Rambal, 1993). Marafion (1986) has observed
a much higher phenological diversity in dehesa systems that include a tree
component (Figure 4.2).

Groups of perennial herbaceous species may be significant for maintain-
ing productivity because they are able to utilize nutrients and moisture
more effectively. These include Agrostis castellana, Dactylis glomerata,
Lolium perenne and Phalaris aquatica, which were all found more fre-
quently beneath tree canopies than in the open field (Joffre et al., 1988).
Joffre et al. (1988) hypothesized that differences in nitrogen utilization
occurred between annual and perennial species and that the efficiency of
nitrogen utilization by herbaceous species was affected by the tree canopy.
They report higher nitrogen mineralization in grasslands with perennials
compared with annuals and greater nitrogen mineralization below the tree
canopy.

Farmers have evolved complex farming systems specifically to be able
to exploit resources in species-rich environments. Diverse multispecies
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Figure 4.2 Average species richness (number of species in 4m’ plots)
in three habitats: oak understorey, canopy edge and open
grassland

herbivore systems, such as game ranches on the savannas of Africa, may
include up to 20 different mammal herbivore species (Cumming, 1993).
Managers exploit differences in grazing habits that can lead to a degree of
complementarity in the use of forage resources where the total productiv-
ity of the range is seen to increase. Short grass (concentrate) grazers benefit
from the modification of sward structure brought about by long grass
(bulk) grazers, for example, sheep generally perform better when grazed in
mixed systems than when grazed alone (Nolan and Connolly, 1977). This
is usually only the case when large quantities of unpalatable poor-quality
fodder are available. McNaughton (1984) reports that in the Serengeti,
the larger bulk grazers consume long grass and these are then followed by
smaller ungulates that create ‘grazing lawns’. These lawns are sources of
high-quality forage and so herbivores are seen to influence the quality and
productivity of the grazing resource. Mixed species grazing systems may
also be preferred to single species systems because they improve yields and
do not over-exploit productive herbaceous species. It has been reported
that sheep and cattle may affect the plant community in different ways.
Bedell (1973) has shown that sheep can reduce the abundance of clover in
a sward but they also increase the amount of Poa trivialis (Conway et al.,
1972). In contrast, a high proportion of cattle has been shown to increase
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the amount of clover relative to grass. In this manner combined cattle
and sheep grazing systems may be more productive than single species
systems.

Examples of rangeland management systems that attempt to encourage
diversity in herbivore populations to enhance resilience include replac-
ing monocultures of domestic livestock with multispecies game systems
and combined cattle/game ranches such as the CAMPFIRE (Communal
Areas Management Programme for Indigenous Resources) programme in
Zimbabwe (Cumming, 1993). Scholes and Walker (1993) have suggested
that events such as fire and herbivory play an important role in maintain-
ing the diversity and resilience of such systems. Here, the reduction of such
perturbations is thought to reduce landscape diversity and the ability of
the system to survive similar shocks in the future.

Moreover, in savannas (Walker et al., 1981) and Agrostis-Festuca grass-
land in Britain (Hulme et al., 1999) groups of grass species are important
in maintaining the system’s productivity. In other habitats, such as boreal
and deciduous forests in North America and Europe, where insectivorous
bird species are considered to be instrumental in controlling outbreaks of
forest insect pests, overall species diversity is important for maintaining
stability (Morris et al., 1958; Tinbergen, 1960; Campbell and Sloan, 1976;
Holmes et al., 1979; Takekawa et al., 1982; Holling, 1988; Maquis and
Whelan, 1994). There may also be indirect effects of diversity with some
species influencing the survival of other species, such as key plant species
determining the course of successional processes through the provision of
so-called ‘nurse effects’. Several studies have observed a greater number of
seedlings beneath mature trees compared with more open areas (Griffin,
1971; Borchert et al., 1989; Espelta et al., 1995). Similarly, shrub species
may influence seedling establishment, acorn consumption and the extent of
browsing by herbivores (Morgan, 1991; Callaway, 1992; Herrera, 1995).

Despite the importance of biodiversity in contributing towards eco-
logical services many ecosystems are undergoing profound change due
to economic development. Heavily disturbed agricultural ecosystems in
many parts of the world are threatened by human intervention, which
has resulted in a loss of biodiversity, productivity and resilience. Land
managers frequently need to know how biodiversity is affected by the
level and intensity of management and what will be the result of that
change. The significance of human-induced disturbance and environmen-
tal perturbation is the subject of the next section.

Ecosystem disturbance and biodiversity
Considerable insight into the understanding of conservation biology
has been gained through knowledge of the effects of human-induced
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disturbance on biodiversity (Wilson and Johns, 1982). There is a substan-
tial literature that shows that human-induced disturbance and habitat
degradation can result in a decline in biodiversity and species extinction.

Highly intensive agricultural practices that reduce spatial habitat com-
plexity leading to homogenization of the landscape may lead to biodiver-
sity loss. The decline in most of Europe’s SPECS (Species of European
Conservation Concern) has been linked to land use and management
changes with agricultural intensification being cited as the most significant
threat to bird populations (Tucker and Heath, 1994). Arable farming
systems in parts of Europe are thought to have played a part in the decline
of many species. For example, as a consequence of changing conditions in
agricultural fields in Britain many bird species have undergone significant
population declines. Fuller et al. (1991) report that many British farmland
birds have declined dramatically over the last three decades as agricultural
land use has altered, hedgerows have declined and farms have developed
to form larger contiguous areas. A reduction in forest area due to agricul-
tural expansion can also reduce species diversity. Studies of the avifauna
of fragmented forests have shown that some species are absent or infre-
quent in very isolated sites and that smaller woodland size gives rise to
less bird species diversity (Lynch and Whigham, 1984; Opdam et al., 1985;
Ford, 1987; van Dorp and Opdam, 1987).

Data from censuses of domestic animals collected for tax purposes as
well as from hunting statistics have been combined with palynological
reconstructions of vegetation to demonstrate the long-term ecological
effects of management practices. For example, hunting statistics for moose
and roe deer in Sweden suggest dramatic recent population increases that
have probably contributed to the decline of deciduous tree species (Ahlén,
1975). Peterken and Tubbs (1965) related fluctuating grazing regimes of
horses, pigs and cattle in the New Forest, England, to waves of regenera-
tion based on the age structure of existing trees. In Poland pollen data has
enabled reconstructions of vegetation successions (Mitchell and Cole,
1998). This has been combined with data on herbivore densities for forests
in eastern Poland over the last 200 years (Falifiski, 1986) and shows that
the proportion of conifers, principally Picea abies, increased dramati-
cally at the expense of broadleaved species during the period of intensive
grazing. Tree regeneration in the subsequent low-intensity grazing period
was dominated by broadleaved taxa, initially Betula, Populus and Caprinus
and, subsequently, 7Tilia and Quercus.

Jorritsma et al. (1999) used a dynamic simulation model FORGRA
to evaluate the impact of grazing on Scots pine regeneration in the
Netherlands. They showed that even low densities of ungulates could have
a significant impact on forest development. Their model indicates that
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the presence of one cow per ha virtually eliminates recruitment entirely.
Simulations of the model described above by Kienast et al. (1999) confirm
these results since they also demonstrated that high browsing pressure
does reduce recruitment and does alter the forest structure considerably,
leading to high rates of tree mortality and more open forests. The spatial
model developed by Weber et al. (1998) was used to determine the effects
of grazing intensity and grazing heterogeneity applied to the southern
Kalahari and shows that high levels of grazing lead to shrub invasion.
Jeltsch et al. (1997) also reported that when grazing intensity reaches a
critical level, shrub cover increases, drastically lowering the productivity
of the range.

High levels of disturbance by wild or relatively unmanaged introduced
animals are also thought to affect ecosystem productivity. The study of
long-term grazing—vegetation interactions using palaeovegetation data in
Ireland show that reasonably high populations of giant Irish deer imposed
a high pressure on shrubby vegetation and had a profound effect on the
change in vegetation communities from juniper scrub to grassland in
Ireland during the Late-glacial Interstadial (11 000-12000 BP) (Bradshaw
and Mitchell, 1999). In Galicia, Spain, Hernandez and Silva-Pando
(1996) report a decline in the abundance and diversity of shrub species
after a period of three years’ grazing by red (Cervus elaphus) and roe deer
(Capreolus capreolus). Jane (1994) considered the long-term effects of
browsing by red deer (Cervus elaphus) on mountain beech (Nothofagus
solandri) in New Zealand and concluded that the impact of high deer
densities on vegetation remains and can persist for many decades. She sug-
gests that in critical high altitude areas, large reductions in deer densities
were required to trigger the regeneration necessary for tree replacement.

Intensive levels of herbivory may reduce plant productivity, survival,
reproduction and growth (Fay and Hartnett, 1991; Fox and Morrow,
1992; Relva and Veblen, 1998). In a long-term experiment to evalu-
ate the impact of domestic livestock on tree species Hester et al. (1996)
manipulated sheep stocking density and season in an upland broadleaved
woodland in Cumbria, UK. They observed that growth and survival to
the sapling stage was negatively correlated with grazing intensity, and
suggest that, apart from plots grazed at the lowest animal densities, only
a small proportion of saplings will attain canopy height. Other studies
from around the world implicate browsing by domestic livestock as a
cause of poor tree species recruitment (Kingery and Graham, 1991). Van
Hees et al. (1996) employed an exclosure to determine the impact of roe
(Capreolus capreolus) and red deer (Cervus elaphus) on beech (Fagus silvat-
ica), pedunculate oak (Quercus robur) and silver birch (Betula pendula) in
the Netherlands. They showed that browsing reduced sapling abundance,
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height and above-ground biomass of all three species. Some studies in the
UK report a high number of seedlings within fenced enclosures compared
with unfenced areas (Sykes and Horrill, 1979; Marrs and Welch, 1991;
Staines, 1995). Historical records have also been used that suggest that
deer may prevent natural regeneration of Scots pine (Pinus silvestris) in
the United Kingdom. With respect to stocking densities, studies inves-
tigating the impact of ungulates foraging on upland heaths in Scotland
suggest that red deer (Cervus elaphus) at stocking densities of >1 deer/20
ha can prevent tree regeneration (Staines et al., 1995).

Persistent high levels of disturbance are also thought to affect ecosystem
function, particularly where these eliminate important functional groups
that affect ecosystem processes. Groups of grass species may be significant
in maintaining the productivity of savanna ecosystems (Walker et al.,
1981). Walker et al. found that grasslands with persistent intensive grazing
by settled peasant farmers had lower levels of productivity than moderate
opportunistic grazing practices employed by nomadic pastoralists. In the
former case, productive functional groups declined because herbivores
showed a preference for the most palatable species, whilst in the latter
case these preferred species were able to persist in the sward and adapt to
change and instabilities caused by grazing and drought, thereby maintain-
ing structural resilience.

Overgrazing may exacerbate the high inter-annual variation in produc-
tivity on many rangelands. Walker (1988) has observed a much higher
phenological diversity in semi-arid systems not subject to heavy grazing
compared with those that are intensively grazed. On lightly grazed areas
he noted an even mix of early, mid- and late secason grasses that were
able to respond to rainfall wherever it occurred in the season. Heavy
grazing leads to an absence of highly palatable early season species that
are replaced by later growing species (Silva, 1987). The implication being
that forage production was lower and more unstable on heavily grazed
areas compared with lightly grazed land because the sward was not able
to respond to early season rains. In the Serengeti, McNaughton (1985)
has also shown that forage production was more stable where the number
of species contributing to biomass was high compared with swards where
relatively few species contributed to forage production.

Many complex ecosystems that aim to maximize heterogeneity (such as
non-equilibrium systems) may be threatened by intensive grazing regimes
that attempt to restrict livestock movements. This may have a negative
impact on the stability and sustainability of the system. In areas where the
fodder resource is widely dispersed seasonally and spatially, restrictions
on stock movements by using paddocks can lead to land and vegetation
degradation (Hoffman and Cowling, 1990). Increasing the connectivity
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of an under-connected system may also cause the system to change to a
new stable state. An example of such a change has occurred in semi-arid
shrublands, where the erection of fences has restricted animal move-
ments, leading to localized feeding and degradation of vegetation and soil
resources (Hoffman, 1988).

There is evidence that overgrazing may trigger the transition from one
ecosystem to another, for example from forest to grassland or grassland to
a shrubby semi-desert (Holling, 1973; Westoby et al., 1989). This evidence
suggests that state and transition models (STM) are appropriate in many
rangeland situations where vegetation is best described by a set of discrete
‘states’ and a set of discrete ‘transitions’ between states. During a transi-
tion the system jumps to another state if a threshold is exceeded. This can
be triggered by fire, rainfall or grazing and the system never rests halfway
through a transition. They use an STM in eastern Australia to show how
once ecological thresholds are exceeded the system shifts from a woodland
with a grass understorey to a less productive shrubby state. The concept of
ecological thresholds suggests that there are limits to the ability of ecosys-
tems to withstand environmental perturbation. If such limits are exceeded,
ecosystems may shift to a less productive phase.

In some circumstances human management and spatial landscape
change may undermine ecosystem processes. For example, some empirical
studies have demonstrated that habitat fragmentation may reduce para-
sitism rates on herbivorous insects at different spatial scales (Kruess and
Tscharntke, 1994; Roland and Taylor, 1997). Similarly, silvicultural prac-
tices may reduce parasitism rates of spruce bark beetle (I typographus) in
central Sweden (Weslien and Schroeder, 1999).

Clearly persistent intensive use of resources can degrade ecosystems
and impact negatively on key functional groups. However, the level and
nature of disturbance appears to be an important factor. Some examples
of managed ecosystems indicate that an element of disturbance caused
by human intervention may actually enhance biodiversity. In the next
section we explore the impact of low and moderate levels of disturbance
on biodiversity, productivity and resilience.

Moderate ecosystem disturbance and biodiversity

MacArthur and Wilson (1967) suggest that some disturbance can promote
diversity because different species respond to disturbance in different ways.
They first characterized species as either r- or K- strategists, which have
evolved mechanisms to optimize resources in quite different environments.
The former (r-strategist) refers to species that attempt to maximize growth
in an unconstrained environment, reproduce quickly, disperse widely and
are of smaller size and shorter lifespan. On the other hand K-strategists
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include species that optimize growth in a climax successional phase or
a crowded environment, are highly adapted to stable equilibrium condi-
tions, are less flexible, more vulnerable to change, are generally longer
lived and do not disperse as well. High levels of disturbance may lead to
species-poor habitats since they favour the persistence of competitive,
opportunistic r species better adapted to cope with disturbance (Miller,
1982). Conversely, undisturbed environments that do not undergo change
may support less diversity because they favour the persistence of domi-
nant K-strategists. Linder et al. (1997) examined the effects of fire history
on stand structure and plant diversity in Swedish forest reserves. They
concluded that the reintroduction of fire represents an important means
of disturbance that was necessary to promote diversity of flora and fauna
in the area. Continued fire suppression has changed successional patterns
and altered stand structure. Late successional species such as spruce domi-
nate due to lack of fire, and pioneer species such as pine, silver birch and
aspen are decreasing in number because they require fire disturbance to
regenerate. This appears to accord with MacArthur and Wilson’s (1967)
theory where undisturbed environments may therefore support less diver-
sity because climax species are favoured. Linder et al. (1997) recommend
prescribed burning to ensure a relatively wide range of successional stages
to promote biodiversity over the longer term.

Higher habitat diversity due to moderate disturbance can also be
explained by niche relations and the manner in which species divide up
limited resources for their survival (Schmida and Wilson, 1985). They may
divide up the available space (for example, by selecting different habitats)
or energy resources (for example, by adopting different diets). Some studies
serve to demonstrate that moderate levels of human activity may enhance
biodiversity by opening up new niches, providing new food or protection
from predators and by diversifying micro-habitats. For example, struc-
tural heterogeneity is thought to be important for bird species diversity
and vegetation indexes have been developed to quantify structural diver-
sity particularly in relation to bird species (MacArthur and MacArthur,
1961; Willson, 1974; Erdelen, 1984). Several studies indicate that a decline
in structural diversity (James and Wamer, 1982; Terborgh, 1985; Ratcliffe,
1993; Telleria and Carrascal, 1994) and floristic diversity (Lynch and
Whigham, 1984) leads to less bird species diversity. This is confirmed by
Casey and Hein (1983) and Dambach (1944) who all reported that wood-
land heavily browsed by deer supported fewer bird species than woodland
that was not grazed (although see DeGraaf et al., 1991).

Schemske and Brokaw (1981) provide empirical evidence to show
that moderate disturbance in tropical forests caused by natural tree falls
resulted in the greatest diversity of bird species. Clout and Gaze (1984) in
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New Zealand found that the highest levels of bird diversity were recorded
in disturbed productive forests while undisturbed mature forests contained
less bird diversity, though they were populated predominantly by native
bird species. Sternberg et al. (2000) conducted a four-year study on the
response of a Mediterranean herbaceous community to grazing manage-
ment in north-eastern Israel. Contrasting different grazing treatments they
found that low and high grazing regimes reduced herbaceous diversity but
that moderately grazed areas increased diversity.

The study of long-term grazing—vegetation interactions (10>-10° years)
using palaeovegetation data permits the reconstruction of vegetation and
herbivore abundance and associations. Data from Jutland in Denmark
from the Holocene about 5000-7000 years ago suggests that large forest
herbivores did not have a significant influence on regional forest structure
(Bradshaw and Mitchell, 1999). This is because either large predators
held populations at modest levels, or the diversity of grazing species held
populations at stable, low populations of individual species.

Moderate levels of insect herbivory may actually increase productivity.
For example, Holling (1978) carried out an experiment on the defoliation
of balsam fir (Abies balsamea) by spruce budworm. The larvae result in the
death of mature trees aged 55-60 years though young trees are unaffected.
Saplings grow rapidly after mature forest is damaged, and the forest is
restored by its juvenile population. In the short term there is a shortfall
in the production of timber, but over the longer term wood production
remains unaffected. In fact, production rates of the juvenile forest remain
above that of the mature forest because in a mature stand, most trees
have passed their rapid-growth phase. Mattson and Addy (1975) reached
similar conclusions in their study on the effects of forest tent caterpillars
on aspen.

French et al. (1997) conducted a study on the development of Scots
pine in the Cairngorm mountains in Scotland and found that recruitment
is possible provided grazing/browsing pressure remains at a low level.
Similarly Sun et al. (1997) evaluated the effects of cattle grazing and seed-
ling size on the establishment of Araucaria cunninghamii in a silvo-pastoral
system in north-east Australia. They report that grazing did not cause
unacceptable mortality due to the fact that the tree has prickly needles,
which prevented browsing by cattle. They recommend that grazing does
not affect recruitment and can begin immediately after tree planting pro-
vided that a moderate stocking rate is used. Elsewhere, modelling has
also shown that plant populations may be little affected by low levels of
herbivory. Kienast et al. (1999) used a succession model - FORECE - to
assess the long-term dynamics of alpine forests in Central Europe. They
report that moderate levels of browsing posed no threat to the long-term
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survival of these forests and did not alter the successional sequence of
forest development.

Recent developments on the functional complexity of ecosystems show
that small disturbances may actually enhance ecosystem function and
increase resilience. Holling (1986) and Holling et al. (1994) suggest that
some natural disturbances initiated by fire, wind and herbivores are an
inherent part of the internal dynamics of ecosystems and in many cases
set the timing of successional cycles. These natural perturbations are part
of ecosystem development and evolution, and seem to be crucial for main-
taining ecosystem resilience and integrity (Costanza et al., 1993). In the
absence of such shocks, the system will become highly connected and this
will provoke even larger perturbations that are more destructive to the
ecosystem because they reduce the ability of the system to survive similar
shocks in the future (Scholes and Walker, 1993).

Some empirical studies reveal that herbivores may enhance a system’s
ability to resist environmental perturbation. For example, in their work
on Florida mangroves, Simberloff et al. (1978) reported that the action of
isopod and other invertebrate root borers resulted in new growth of roots
at the point of attack. More extensive root systems in mangroves result in
greater stability and resistance to storms and therefore benefit the plant.
In Britain, Hulme et al. (1999) carried out a study to evaluate the effects
of sheep grazing on the productivity of upland Agrostis-Festuca grassland.
The experiment controlled sheep grazing at light, heavy and moderate
levels. Both low and high levels of grazing resulted in the spread of less
desirable species such as Nardus stricta and Molinia caerulea. Moderate
levels of grazing maintained preferred species such as Festuca rubra and
Agrostis capillaris and prevented the spread of Nardus stricta and Molinia
caerulea.

Non-equilibrium rangeland systems as practised by nomadic pastoral-
ists in parts of Africa have evolved opportunistic management regimes
that employ moderate levels of grazing intensity that do not eliminate key-
stone elements but instead maintain the resilience of these components.
Scholes and Walker (1993) have suggested that events such as fire and
herbivory may play an important role in maintaining the diversity and
resilience of such systems. Nutrient release following small fires supports
a flush of new growth without destroying all of the old growth. Rangeland
patches are affected but the forage resource remains intact. Small fires
prevent the accumulation of forest biomass, which fuels very large fires
that can decimate large areas of rangeland (Scholes and Walker, 1993) or
whole forests (Holling et al., 1994). Such events may affect the parameters
of the system and cause it to cross a threshold into an alternative state,
which may alter the system’s capacity to provide ecological services. For
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example, the Yellowstone National Park in the United States employed
a ‘natural burn’ policy of management that culminated in catastrophic
forest fires.

As described above, human-induced perturbation on managed eco-
systems is a critical factor in maintaining biodiversity. However, the
application of best scientific practice by land managers may not in itself
be sufficient to achieve biodiversity conservation goals. This is because
markets may fail to account for the value of biodiversity to society. It is
essential therefore that land managers are aware of the limitations and
opportunities of the market. The next section explores the economic link-
ages between markets and biodiversity.

Biodiversity in managed landscapes: economic issues

As reviewed above, biological resources in many of the world’s low-
intensity managed habitats represent a significant contribution to economic
activity. However, many traditional low-intensity managed habitats are
threatened by development — a change in land use management due to the
prospect of increased private returns. According to the economic theory
of general equilibrium, the search for opportunities for increased private
returns can ensure that resources are allocated to the highest-value use
available, so that economic efficiency is achieved. This result depends on
a number of conditions. If these conditions are fully met, land use change
motivated by private profit need not be a cause for concern. However,
managed landscapes, in common with most environmental goods, have
characteristics that ensure that the necessary conditions will never be fully
met in practice. In general terms, this failure implies that any resulting
allocation of resources is likely to be economically inefficient, meaning
that it would be possible to reallocate resources in such a way as to make
at least one member of society ‘better off’.

Some mention of the distinction between economic efficiency and equity
is worthwhile at this point. Economists place great emphasis on economic
efficiency but this will not necessarily result in a fair outcome. For a society
to be sustainable, its welfare should not be declining over time (WCED,
1987; Pezzey, 1989). In theory there are potentially a number of efficient
time paths that are sustainable. However, efficiency does not necessarily
guarantee sustainability between, say, current and future generations,
in terms of the distribution of natural resources such as biodiversity
(Common and Perrings, 1992; Perman et al., 2003).

In the case of managed landscapes, the danger is that land use change
guided by market signals alone may lead not to beneficial development
but to loss of valuable and possibly irreplaceable resources. The neces-
sary conditions that must hold in order for market-led development to
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be benign are typically discussed under two headings referring to their
absence in practice. These are (1) market failure and (2) policy failure.

Causes of biodiversity loss: market and policy failure

Market failure occurs when private decisions based on a set of prices, or
lack of them, do not generate an efficient allocation of resources (Hanley
et al., 1997). With respect to biodiversity the concern is that market prices
are not reliable indicators of social cost. Social cost refers to the opportu-
nities forgone by society in committing resources in some way (Coase,
1960) and social cost in this study is taken to mean the true value that
society as a whole places on natural resources. Private cost, on the other
hand, refers simply to the financial cost faced by the private individual
or firm undertaking the land use change, at current and expected market
prices.

This divergence between private and social cost occurs because managed
biodiverse landscapes generate benefits to society in addition to those that
are transacted in the market system: external benefits. An absence of such
external effects is one of the necessary conditions for market efficiency
referred to in the previous section. Typically, the reason these benefits
remain external to the market system is that they have the characteristics

Table 4.1 Characteristics of public and private goods

Pure Private Quasi-private Quasi-public Pure Public Goods
Goods Goods Goods

v \ v v
Rivalness in Regular payments Up to some Non-rivalness in
consumption; in form of taxes or capability constraint consumption; non-
excludability; changes are made (carrying capability), excludability; or
property rights,  to finance supply  non-rivalness in excessive costs of
market prices consumption excludability
use values non-use values
(market revealed) (non-market

revealed)

VALUATION DIFFICULTIES
Degree of ‘familiarity’ declining
Problems of ‘perception’ increasing
New information requirements increasing
Problems of reliability/validity increasing
Reliance of interdisciplinary research effort and findings increasing —— >

YYVYY

Source:  Turner (1993).
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of public goods, in particular they are indivisible and perhaps also non-
excludable, making their exchange in markets unlikely (Table 4.1).

The public good nature of biodiversity creates difficulties for its valu-
ation. These will be discussed in some detail in the sections that follow.
Because managed landscapes provide high levels of unpriced public ben-
efits, in terms of wildlife and landscape quality, private agents will have no
incentive to take account of these benefits in decisions over land use.

Conventional economic theory seeks to cast government in the role of
an objective and well-informed ‘third force’ (in addition to individuals
and firms), with some ability to intervene to correct for market failures.
Government or policy failure occurs when policy decisions required to
correct for market failure are not implemented and fail to fully recognize,
or incorporate, the values associated with environmental resources. Policy
failure may also arise where government decisions themselves induce eco-
nomic inefficiencies. For example, agri-environment policies, through cre-
ating incentives for farmers to expand production, may result in a greater
privately optimal level of degradation than would be the case in the absence
of such policies. Poorly formulated policy instruments and incentives may
distort the allocation of resources unintentionally. Simpson et al. (1998)
suggest that high stocking rates are caused by incentives to graze moorland
to achieve profit maximization, encouraged by support from the Common
Agricultural Policy (CAP). They indicate that increases in the ewe flock
across the Northern Isles (in Orkney from 37000 in 1983 to nearly 55000
in 1992, and in Shetland from 116000 in 1982 to 156000 in 1993) was in
response to the EU’s sheep meat regime introduced in the early 1980s. The
scheme offered headage payments and a variable premium in fat lamb sales.
They suggest that the policy has been sufficient to increase stocking levels,
and hence heather utilization rates, across the Northern Isles. McNeely
(1993) suggests that in Botswana, national and European Union subsidies
have led to excessive uncontrolled grazing of rangelands and degradation
of grazing savanna, which have affected the long-term productivity of the
resource. Subsidies that aim to promote cash crops to secure export revenue
may result in land degradation, soil nutrient losses and a reduction in the
resilience of ecosystems (Grainger, 1990). Royalties in forestry can lead to
excessive rates of deforestation (Repetto, 1989; Barbier et al., 1991).

The catch-all term ‘market failure’ is defined so as to refer to all situa-
tions where the market signals perceived by private individuals fail to coin-
cide with social values (and fail to produce economic efficiency). However,
some necessary conditions for market efficiency, which may be violated
in practice, tend to be omitted from discussions of market failure, and are
worth briefly mentioning here. The discussion above relates mainly to what
might be called the ‘complete set of markets’ condition (Common, 1995).
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Also important is the ‘complete information’ condition, requiring not
only that prices be widely known, but also that they reflect the full implica-
tions of any reallocation of resources. It is clear from the discussion above
that in the case of managed landscapes, such knowledge is available only
in partial and uncertain form, and is not reflected in actual market prices.
The effect of such uncertainty is discussed below.

The so-called ‘rationality condition’ may also be violated for environ-
mental goods such as managed landscapes and associated biodiversity.
The link between market efficiency and the (constrained) satisfaction of
the wants of individuals and of the society of which they are members relies
upon a number of assumptions about the nature of individuals’ prefer-
ences. Rationality of preferences includes the ability and willingness always
to make comparisons between goods. We will see below that stated prefer-
ences for environmental resources can include a refusal to do this, on the
grounds that a biological resource should be preserved ‘in its own right’. To
the extent that individuals do not in fact have ‘rational’ preferences, market
outcomes will tend to deviate from socially desired outcomes.

Valuing biodiversity

The main point that is frequently made by environmental economists
working on valuation with regard to market and policy failure is that
private resource users do not attribute sufficient weight to biodiversity.
Valuation, it is argued, aims to redress this imbalance and sets out to
determine what weight should be given to biodiversity in the interests of
society as a whole.

The literature indicates that a variety of methods have been employed to
estimate wildlife values in managed landscapes. Studies on wildlife value
have focused on their use and non-use values. These values are based on
an individual’s willingness to pay (WTP) or willingness to accept (WTA)
compensation. Gross willingness to pay might include the cost of travel,
purchase of equipment to participate in the recreation activity, actual fees
associated with the activity and consumer surplus. The concept of ‘total
economic value’ (TEV) has been used to describe the components of value
as shown in Figure 4.3. Use values associated with managed landscapes
refer to the actual and/or planned use of a service by an individual and
include recreational activities such as bird watching or hunting. Use values
also include the following: option value, that is, the value of the option
to guarantee use of the service by the individual in the future (Weisbrod,
1964); and quasi-option value, that is, the value of future information
protected by preserving the resource now, given the expectation of future
growth in knowledge relevant to the implications of development (Arrow
and Fisher, 1974; Perman et al., 2003).
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Figure 4.3  Economic values in managed landscapes

More recently, empirical studies on wildlife values have placed emphasis
on non-use values. These refer to situations where an individual knows a
biological resource exists and will continue to exist, independently of any
actual or prospective use by the individual and where that individual would
feel a ‘loss’ if the resource were to disappear (Brown, 1990). Existence value
arises when the utility function of a consumer is enhanced by the knowl-
edge that a certain wildlife species exists. As indicated in Figure 4.3, non-
use values thus refer to situations in which individuals would like to see a
biological resource preserved ‘in its own right’. Non-use values include the
following: bequest value: the value of ensuring that the resource remains
intact for one’s future heirs (Krutilla, 1967); existence value: the value that
arises from ensuring the survival of a resource (Pearce and Turner, 1990;
Perman et al., 2003). Existence value is usually assumed to embody some
form of altruism, either for other human beings or for a concern for non-
human entities. For example, some of the literature distinguishes between
philanthropic motives based on the provision of services to other people,
and altruistic behaviour solely concerned with nature. The sum of all use
values and non-use values is referred to as total economic value (TEV).

In the literature, two classes of use value are sometimes defined — direct
use value and indirect use value. This is illustrated in Figure 4.3. Direct
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use value is the same as that outlined above and includes, for example,
harvesting timber from a forest or the use of recreation services provided
by a national park. Indirect use value on the other hand refers to the life
support services provided by ecosystems. These include ecosystem func-
tions such as flood control, catchment protection, nutrient cycling and
carbon sequestration. The biological diversity of managed landscapes may
serve an important role in maintaining ecosystem functions and thus serve
to support the productive process.

Measuring biodiversity values

Early studies on wildlife values employed revealed preference methods,
such as the so-called travel cost method (TCM). This technique was first
proposed for use in recreation studies and was subsequently refined and
applied in empirical studies by Clawson and Knetsch (1966). The method
is based on the premise that it should be possible to infer values placed by
visitors on environmental outdoor recreation services from the costs that
they have incurred in order to experience these sites. Such costs include
costs associated with travelling to a recreation site and the imputed value
of people’s time. A statistical relationship between observed visits and the
cost of visiting a site is determined. This is then used to construct a demand
curve from which consumer surplus can be measured. The current value of
the resource and value of alternative policies affecting the resource can then
be evaluated using consumer surplus calculated from the demand curves.
The advantage of TCM is that the data collected involves actual consumer
behaviour. Its chief disadvantage is that it does not accurately value trips
for multiple purposes. TCM has been used extensively in the United
Kingdom and United States for valuing the non-market benefits associ-
ated with national parks and managed landscapes including public forests
(Bowes and Krutilla, 1989; Benson and Willis, 1991; Whiteman, 1991).

A second method of estimating wildlife value is a stated preference
method, the contingent valuation method (CVM). This involves the
construction of a hypothetical or simulated market for an environmen-
tal or wildlife resource. Contingent valuation techniques use surveys to
elicit individuals’ preferences for public goods by finding out what they
would be willing to pay (WTP) for them, or what they would be willing to
accept as compensation (so that they would not be worse off) for specified
changes in them. This approach circumvents the absence of markets for
public goods by presenting consumers with hypothetical markets in which
they have the opportunity to purchase the good. Willingness to pay is
determined either through a written questionnaire or using bidding games
implemented by personal interviews. Demand curves are then constructed,
and consumer surplus used as a measure of use and non-use value. The
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CVM has the advantage of utilizing all the structural characteristics of
demand analysis. Its chief disadvantage is that respondent bias may exist,
pointing out the importance of the art of questionnaire design. Despite
its widespread use CVM is extremely controversial and the values derived
from the technique are treated with some scepticism by many economists
(van Rensburg et al., 2002; Mill et al., 2007). Some go as far as to suggest
that the technique should not be used as the basis for policy decisions
(Hausman, 1993).

The contingent valuation method began to be used widely from the
mid-1970s (Randall et al., 1974; Brookshire et al., 1976). Other detailed
accounts of the method can be found in Mitchell and Carson (1989),
Hanley and Spash (1993), Bateman and Willis (1995), van Rensburg et
al. (2002), and Mill et al. (2007). Relatively few contingent valuation
studies relate specifically to biodiversity (Diamond and Hausman, 1994;
Hanemann, 1994; Portney, 1994).

The value of species and habitats

Many empirical studies applied to wilderness areas indicate that the value
of recreational and other non-marketed direct values derived from areas
of high nature conservation value can be significant and may compare
favourably with competing commercial uses of the same resource. For
example, Hanley and Craig (1991) contrasted the trade-offs implicit in
permitting or prohibiting afforestation with respect to the flow country,
in northern Scotland (the largest body of blanket peat bog in the northern
hemisphere). The development would generate employment and produce
timber but displace extensive populations of internationally rare breeding
birds. They demonstrated that the total recreational value of the resource
exceeded the benefits derived from afforestation at discount rates of 6, 4
and 3 per cent. Similarly, Willis (1991) established that the total recrea-
tional value of the Forestry Commission estate in the United Kingdom
exceeded the value of timber sales.

Garrod and Willis (1997) carried out one of the few examples of contin-
gent ranking techniques applied specifically to biodiversity. They employed
a discrete choice contingent ranking approach to estimate the general pub-
lic’s WTP to increase the area of Forestry Commission forests managed
under three forest management standards designed to offer increasing
levels of biodiversity at the expense of commercial timber production.
This method enables relative preferences for different forest management
standards to be measured at the same time as WTP to promote biodiver-
sity. They suggest that the benefits of changing forest management to meet
these standards far outweigh the financial costs involved.

Some of the benefits associated with biodiversity can be deciphered from
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expenditure on the preservation of endangered species. Several empirical
CVM studies have been used to determine values related to the conserva-
tion of individual and endangered species in protected areas (Stoll and
Johnson, 1984; Brown and Henry, 1993). Research on endangered or
threatened species includes the value of preserving the whooping crane
(Grus americana) population at the Arkansas National Wildlife Refuge
in Texas for viewers and non-viewers (Bowker and Stoll, 1988) at about
USS$6 per person per year. Similarly, Boyle and Bishop (1987) estimated
the value of preserving the bald eagle at US$17.46 per person per year.

A study conducted by Brown et al. (1994) values the northern spotted
owl and its ancient old growth forest habitat using the contingent ranking
approach. In this study, respondents were offered five different policies.
Associated with each policy were the cost of the policy, the area preserved,
the estimated number of owl pairs preserved and their probability of sur-
vival. They estimated existence values for conserving the northern spotted
owl at about US$20 per person per year. Probabilistic theoretical models
have been used to determine the benefits of important wildlife species
such as the northern spotted owl in old naturally regenerated redwood
forests and have demonstrated the high marginal cost of preservation
(Montgomery et al., 1994). Estimates based on the probability of survival
and a reduction in timber stumpage supply give an estimated welfare cost
of US$21 billion to ensure an 82 per cent chance of the species surviving.
Increasing the chance of survival from say 90 per cent to 95 per cent was
estimated to cost an additional US$13 billion.

Indirect use values and ecosystem function
Much of the discussion in the second section of this chapter dealt with
the properties of ecosystems including their productivity, resilience and
stability. There is a significant literature on the value of ecosystem services
including indirect values (Ellis and Fisher, 1987; Barbier, 1994; Bell, 1997;
Daily, 1997; Barbier, 2000; Daily et al., 2000). Indirect values associated
with biodiversity can be measured using surrogate market approaches
using the production function approach. Information about a marketed
good (timber, crops or livestock sales) is used to infer the value of a related
non-marketed good (for example, forest, agricultural or wetland habitat).
The basic assumption underlying this approach is that, if, for instance,
biodiversity supports agricultural or forest production, then this ecologi-
cal service provides an additional environmental input into the agricul-
tural or forest enterprise.

For example, the stability of a managed ecosystem constitutes an indi-
rect use value and represents an important function to land managers.
As seen above, biodiversity may mitigate large inter-annual variation in
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productivity (McNaughton, 1985; Walker, 1988). For instance, the eco-
nomic value of a change in diversity can be evaluated from the change in
livestock liveweight gain associated with a decline in forage biomass as a
result of a decline in grassland diversity.

A number of studies in the applied economics literature have used the
stochastic production function approach suggested by Just and Pope
(1978) to capture the value of crop diversity. These studies indicate that
genetic variability within and between crop species confers the potential
to resist stress, provide shelter from adverse conditions and increase the
resilience and sustainability of agro-ecosystems. Plot studies indicate that
intercropping can reduce the probability of absolute crop failure and that
crop diversification increases crop income stability (Walker et al., 1983).
Therefore, the greater the diversity between and/or within species and
functional groups, the greater is the tolerance to pests. This is because
pests easily spread through crops with the same genetic base (Sumner et
al., 1981; Altieri and Liebman, 1986).

Crop diversity may enhance farm productivity, stabilize farm income
and reduce the risk of outright crop failure (Long et al., 2000). The exist-
ence of a limited number of crops grown in an area makes these crops
more vulnerable to diseases and pests. By maintaining proper crop rota-
tions diversity can improve soil productivity and reduce the need for agro-
chemical applications. Land managers also recognize that soil and climatic
conditions can vary considerably. In such circumstances, growing differ-
ent crops and crop varieties can lead to more efficient use of resources.
Some crops can be grown on fertile land while others can utilize marginal
areas. Therefore, the greater the variability of soil and climatic conditions,
the greater the impact biodiversity will have on improved agricultural
production.

For example, Smale et al. (1998), report that crop diversity is positively
related to the mean of yields and negatively correlated with the variance of
yields in rain-fed districts of the Punjab in Pakistan. Di Falco and Perrings
(2003, 2005) found cereal diversity to be positively correlated with yields
and negatively correlated with revenue variability in two studies in south-
ern Italy. Di Falco and Chavas (2006) point out increased crop diversity
may also reduce the likelihood of complete crop failure. Diversity is impor-
tant also for commercial farmers, since they are dependent on diversity in
the breeding pool, regardless of whether it is provided on or off farm.

Other examples of indirect values associated with diversity include
mycorrhiza, which are important for the functioning of ecosystems and
can be considered as a complementary input to timber production. They
represent an indirect use value. Silvicultural practices that eliminate myc-
orrhiza from the system will involve the loss of timber revenue. Although
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mycorrhiza are not consumed themselves, they are essential for the growth
of many timber species that are harvested and they are necessary to
support the production process that produces goods and services that are
consumed directly.

Similarly, the importance of bird species used as a biological control
agent can be captured from increased timber sales associated with insect
pest reduction. Takekawa and Garton (1984) used the substitution
method to determine the value of a bird species, the evening grosbeak
(Hesperiphona vespertina) in controlling spruce budworm populations
affecting stands of Douglas fir (Pseudotsuga menziesii) in Washington.
They substituted the costs of insecticide to produce the same mortality
that birds cause and established that it would cost at least $1820 per square
km per year over a 100-year rotation.

Biodiversity in managed landscapes: policy issues

Earlier sections indicated why markets may fail to protect biodiversity and
give some examples of how economic tools can provide a useful means by
which to measure the non-benefits and costs associated with biodiversity
and thereby go some way towards dealing with market failure. A further
solution is to develop economic incentives and instruments that correct for
market failure. In the section that follows we consider the importance of
policy with respect to biodiversity conservation.

The aims of a society may be formulated within the framework of
national environmental policy. Policy can be regarded as ‘the compendium
of statements, laws and other actions concerning government’s intentions
for a particular human activity under its jurisdiction’ (Miller, 1999).

Objectives concerning natural resources are not necessarily static.
History indicates that environmental policies have changed progressively
with time in response to changes in society. This has led to changes in the
public demands placed on environmental resources. Human populations
are concerned with using environmental resources as a means of survival
but also increasingly to meet recreation and conservation goals.

In managed landscapes there is also public concern about the impor-
tance of ecological functions — water quality, biodiversity, aesthetic values
and international and national organizations are under increasing public
pressure to take action to develop economic incentives to protect public
values on privately managed land (WCED, 1987).

Economic instruments

In what follows we outline two types of policy instruments of relevance to
land managers — economic incentives and command and control regula-
tions. We discuss economic incentives first.



Biodiversity conservation in managed landscapes 105

McNeely (1988, p.39) has defined incentives as ‘an inducement, which
is specifically intended to incite or motivate governments, local people
and international organisations to conserve biological diversity’. The idea
behind economic incentives is to increase the cost of non-compliance with
environmental standards yet allow the producer the flexibility to employ
the least-cost method of meeting these standards. By increasing the cost of
non-compliance the producer has a private incentive to meet the standards
set by the policy instrument. One of the advantages of incentive systems is
that they are seen by economists as a cost-effective alternative to inflexible
command and control environmental regulations (Hanley et al., 1997).
However, in practice subsidies are much more widely used because of the
resistance to other instruments by the agricultural sector (Hanley and
Spash, 1993).

Many incentives are based on the level of opportunity costs or financial
costs forgone by the producer. For example, the financial costs of conser-
vation as estimated by Willis and Benson (1988) in the United Kingdom
are offered to farmers as compensation for not developing their land. This
is based on profits forgone under a management agreement. The current
financial cost is the difference between the value of the output (less inputs) of
the land under intensive management minus the value of output (less inputs)
under a conservation regime. A complete financial evaluation of conserva-
tion also needs to include administrative costs, legal fees, labour and mate-
rial costs for the maintenance of habitats (Willis and Benson, 1988).

Once the specific costs to the producer are known, policy instruments
can be formulated that are targeted at the producer and that persuade
producers to achieve the desired environmental objectives. Typically,
agri-environmental policies employ market-based instruments such as
subsidies that create economic incentives that allow individual producers
to choose freely to adjust their activities thereby producing an environ-
mental improvement (Barbier et al., 1994). Taxes as opposed to subsidies
are generally preferred by economists because the latter inject income and
lead to expansion of the sector under consideration. Subsidies can attract
new entrants that may lead to greater aggregate levels of environmental
damage and to other market distortions (Hanley et al., 1997).

An example of such a broad appraisal is agri-environment policy used
to maintain ecologically important habitats such as the Environmentally
Sensitive Area (ESA) scheme in the United Kingdom. Specific areas of
land providing habitats for valuable species are identified as conserva-
tion areas under which agricultural management practices are regulated.
Typically the policy is aimed at the farmer or forester to meet the desired
environmental objectives where, for example, farmers might be expected
to employ ‘traditional’ agronomic practices. The producer is then expected
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to change his or her management methods in accordance with certain
regulations specified under a ‘management agreement’. Such management
agreements usually involve an identification of, for example, the farming
practices necessary to achieve environmental objectives and then stipu-
late how they should be put into practice. In order to specify guidelines
for ‘good environmental practice’, policy-makers need to understand the
relationship between management practices and the species, population
or community concerned; for example, the specific relationships between
farm management methods and the species composition of grasslands.

An example of this includes the use of stocking restrictions to encour-
age heather moorland in the United Kingdom. The model developed by
Simpson et al. (1998) crucially relates heather productivity and survival
to varying intensities of the management variable (in this case, the stock-
ing rate). Reductions in stocking rate can then be used to target farmers
who are able to manage heather sustainably under, say, a management
agreement.

Typically, agri-environment policy under a management agreement
involves reductions in farm intensity in exchange for compensatory pay-
ments. In order to do this a precise estimate of the changes in management
intensity to meet environmental objectives is required. This then enables
the specific costs to the producer to be calculated based on opportunity
cost pricing procedures. In the example described above, Simpson et al.
(1998) suggest that in order to meet conservation guidelines for heather
conservation ewe stocking rates will have to be reduced to between 13 and
91 per cent on Orkney and between 5 and 89 per cent on Shetland. They
report that such a reduction would in most cases result in major finan-
cial losses to farmers who would need to be compensated if they were to
comply with their recommendations.

This process of European agricultural reform has influenced the objec-
tives of the CAP, which have undergone significant changes in recent
years. The aims of the CAP are now strongly oriented towards environ-
mental conservation rather than agricultural productivity. The devel-
opment of these initiatives has provoked many EU countries to adopt
environmental policies specifically aimed at encouraging producers to
adopt less intensive agronomic and silvicultural practices (Hanley, 1995).
The status of environmental objectives therefore is increasingly recognized
to be as important as other goals such as rural income stability, employ-
ment and support for agricultural commodities. As a consequence, the
monitoring and evaluation of environmental policy includes an increas-
ing environmental component. The appraisal of agri-environment policy
needs to include an assessment of physical economic targets but also needs
to meet environmental objectives.
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The second type of instrument includes command and control regu-
lations. Situations may occur where economic activities need to be
restrained in areas that are especially rich in biodiversity to protect the
resource for present and future generations and yet it may not be pos-
sible to control market behaviour using incentives. Command and control
environmental regulations may be used in such circumstances. Regulatory
control involves the direct limitation or reduction of activities that degrade
an environmental resource in accordance with some legislated or agreed
standard (Barbier et al., 1994).

This is especially important where development initiatives that threaten
biological diversity involve uncertainty. In the case of risk, as opposed to
uncertainty, it is possible to completely list the range of possible outcomes,
and to assign an estimated probability to each outcome. Given this infor-
mation, and preferences over risk and return, rational decision-making
is possible. In circumstances of uncertainty, however, where the range of
possible outcomes is unknown, it is not possible to determine the expected
profitability of a project. Although in the case of species extinctions a
probability can be attached to the loss of species, the total consequence of
this in terms of the loss of environmental services and ecosystem support
and duration of these effects cannot be known with certainty. Decision-
making in the presence of uncertainty relies not on rational comparison of
all options, but on adoption of some decision rule that has appealing prop-
erties (Common, 1995). It has been argued that a precautionary approach
to the conservation of biological resources should be adopted.

The policy of taking action before uncertainty about possible envi-
ronmental damage is resolved has been referred to as the ‘precautionary
principle’. One justification for this is that the costs of damage to bio-
logical resources may exceed the costs of preventative action (Jackson
and Taylor, 1992). Also, irreversible damage may occur such as species
extinctions. The emphasis is thus on avoiding potentially damaging
situations in the face of uncertainty over future outcomes. It has been
proposed for decisions taken over the Convention on Biodiversity and
has been used in conjunction with the Montreal Protocol (Myers, 1992;
Haigh, 1993).

Ciriacy-Wantrup (1968) and Bishop (1978) have proposed ‘the safe
minimum standards’ approach, which involves setting quantitative, and
qualitative limits for, say, the preservation of species and their habitats. A
programme is developed to maintain such limits unless the costs of doing
so are ‘unacceptably high’. Hanley et al. (1991) indicate that sites of special
scientific interest (SSSI) in the United Kingdom provide an example of
this approach in practice. These sites may be lost if the costs of conserva-
tion are prohibitive in terms of the government’s conservation budget, but
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they are still protected regardless of any cost-benefit analysis having been
undertaken.

Conclusions

Rapidly increasing human populations and associated economic develop-
ment around the world have imposed real pressures on natural habitat
and its biodiversity. This is a subject of major concern to policy-makers
and the public at large because it is recognized that biodiversity loss could
seriously diminish the options open to future generations. All too often
market and policy imperfections obscure the social costs of managed
lands, giving rise to inefficient land use and biodiversity loss.

Protected areas represent a high cost solution to biodiversity conserva-
tion in many areas. They impose considerable costs on producers, limit
future development options, reduce the supply of market produce and
they fail to engage land managers in conservation initiatives.

Joint production of commercial goods and biodiversity in managed
landscapes represents an important alternative to reserves. Indeed there is
evidence to suggest that biodiversity can coexist in landscapes of economic
importance and that it is important in supporting productive processes
in managed areas. However, highly intensive managed systems may pose
a threat to biodiversity in some areas and it is vital that managers and
policy-makers work together to develop strategies to avoid such losses.

Policy-makers should contribute to this process by developing instru-
ments that internalize biodiversity values into market behaviour. This
will help to avoid intervention failure and perverse incentives that lead
to biodiversity loss, ensuring that biodiversity values are protected and
provided efficiently.

Uncertainty over the benefits and costs of biodiversity and its role in the
functioning of ecosystems point towards the need for a diversified strategy
that includes protected areas as well as privately managed land used for
production. In the absence of a concerted effort by policy-makers and
land managers, the opportunity to develop initiatives that include private
lands in such a strategy to achieve biodiversity conservation goals will be
missed.

Note

1. Biodiversity thus represents the diversity of all life as being a characteristic property of
nature, rather than a resource. The term also has a broader meaning for the set of organ-
isms themselves. For example, a biodiverse tropical rainforest, therefore, refers to the
quality or range of diversity within it.
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5. How do institutions affect the
management of environmental resources?
Bhim Adhikari

Introduction
In recent years, institutions and institutional arrangements have become
central in the study of the success or failure of environmental resource
management. The enforcement of institutions such as contracts' and prop-
erty rights plays a crucial role in managing natural resources, affecting the
equity and efficiency of resource management regimes. The centrality of
contracts and property rights in understanding the diversity of institutional
arrangements began in the research programme initiated by Coase (1937,
1960) and implemented by new institutional economics (NIE), and is now
widespread throughout the economics literature (Menard, 2000). NIE
focuses on explaining the determinants of institutions and their evolution
over time and evaluates their impact on economic performance, efficiency
and distribution (Nabil and Nugent, 1989). The theoretical framework of
NIE has been used in many disciplines, ranging from sociology, anthro-
pology and legal studies to applied fields such as policy analysis, planning
and organizational development. It is recognized that ‘institutions matter’
and that the associated incentive structure in a particular form of institu-
tion substantially influences economic performance (Bardhan, 1999).
NIE provides a coherent theory of how contracts and collective action
can be seen as the logical outcome of rational individuals’ utility maximi-
zation and how institutional changes alter the pattern of individual choice
and incentive directions. Lin and Nugent (1995) divide NIE into two
broad categories, one studying the demand for institutions and one study-
ing the supply of institutions. So the institutional analysis has adopted two
inter-related approaches: (1) the transaction costs and information costs
approach and (2) the collective action approach (Nabil and Nugent, 1989).
The former is concerned with the role of transaction costs in economic
organizations. The general hypothesis is that institutions are transaction-
cost-minimizing arrangements, which may change and evolve with changes
in the nature and sources of transaction costs and the means for minimiz-
ing them. The transaction costs approach is thus suitable for analysing
the functional role of common property institutions (that is, demand for
institutions). A second theme is the collective action approach, which
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focuses on property rights. The existence of property rights facilitates
cooperation, which significantly reduces the costs of transaction. In this
way, along with technology and other traditional constraints, institutional
constraints enter into the decision process of individuals (Aredo, 1999).
The collective action theory is the appropriate framework for understand-
ing institutional change (that is, the supply of institutions). The law and
economics branch of NIE studies the behaviour of rational individuals in
a setting where the rule of law imposes prices on various non-market deci-
sions (Posner, 1987). A closely related area is the economics of property
rights and contracts (Alchian, 1965).

Institutions are an integral part of an economic system. They help
to guide human behaviour and act as a key to economic performance.
Institutions are the rules of the game, both in game theory settings and
in the arena where individuals exchange goods and services. Institutions
serve a number of important economic functions like facilitating market
and non-market transactions, coordinating the formation of expecta-
tions, encouraging cooperation and reducing transaction costs. Apart
from being behavioural constraints, institutions also serve as a kind of
knowledge in a world of imperfect information and imperfectly rational
individuals (Olsson, 1999). In the context of common pool resource (CPR)
management,” institutions can be more specifically defined as a set of
accepted social norms and rules for making decisions about resource use:
these define who controls the resource, how conflicts are resolved and how
the resource is managed and exploited (Richards, 1997). Institutions are
often subdivided into formal and informal institutions. Formal institu-
tions include laws, contracts, political systems, organization and markets;
informal institutions are informal rules of conduct like norms, traditions,
ethics, value systems, religion and ideologies. The former include informal
cooperation and exchange, and moral or spiritual controls, often based on
traditional heads, organized user groups, village committees and district
councils. CPRs usually depend on a mix of both types of institutions. An
institutional arrangement? is basically an arrangement between two differ-
ent economic units that govern and shape the way in which each economic
agent can negotiate and cooperate (Kherallah and Kirsten, 2001).

The role of property rights in managing local public goods* is examined
in the NIE literature. Property rights are social institutions that define or
delimit the range of privileges granted to individuals or groups to specific
assets, such as parcels of land, water or forest (Libecap, 1989). According
to Coase (1960), externalities that arise from the use of public goods can
be internalized through bargaining and negotiation if property rights are
well established and transaction costs are zero. That is, voluntary nego-
tiation will lead to a fully efficient outcome providing that (1) rights are
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well defined, (2) transactions are costless and (3) there is no income effect
(Baland and Platteau, 1996). The Coase theorem was later criticized for
the following reasons. First, in a game involving more than two individu-
als (parties), the solution that leads to an efficient outcome through decen-
tralized bargaining depends on the initial assignment of rights. Second, the
negative effects of many resource and environmental problems occur in
the distant future. The Coase theorem is not clear about how the concern
of future generations is taken into account in the bargaining process.
Despite some crucial difficulties, there is no doubt that the Coase theorem
demonstrates the importance of property rights and transaction costs in
order to internalize the externality associated with public good manage-
ment. The basic motivations for contracting property rights are as follows.
First, individuals do not have to consider the full social costs of their
activities with respect to resource use in the absence of well-defined prop-
erty rights. Second, resources will be undervalued because reallocation of
the resources to higher-value uses becomes more costly and not feasible if
property rights are absent. I shall clarify this argument in the subsequent
discussion.

This chapter proceeds as follows. The second section focuses on the
current debate concerning property rights transformation, placing the
problem in a broader theoretical context. I then analyse the notion of
common property resources and show how open access resources differ
fundamentally from resources held under community ownership. The role
of transaction costs is then examined before considering the impact of
group heterogeneity.

Property rights transformation and resource management

Property rights are social institutions, including formal legal codes and
informal social norms, which define and enforce the range of privileges
granted to an individual or group of individuals with respect to specific
economic resources (see Barzel, 1997). The assignment and enforcement of
property rights is thus a legal mechanism that institutionalizes ownership
of resources to a particular agent (however, property rights may also be
informal institutions). According to the property rights school of think-
ing, the problem of over-exploitation and degradation of CPRs can be
resolved only by creating and enforcing private property rights (Demsetz,
1967; Cheung, 1970; Johnson, 1972; Smith, 1981). Private property is
considered to be the most efficient way to internalize the externalities gen-
erated from the over-exploitation of the commons. On this basis, restruc-
turing property rights remains one of the top priorities in land reform and
natural resource policy in many developing countries. A common practice
is to clarify poorly defined property rights over these resources, especially
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exerting state ownership over communally managed resources to maximize
long-term economic rent.> However, experience from different parts of the
world indicates that the efficiency of changing property rights cannot be
guaranteed simply by enacting new legal rules, since the very notion of
property rights is largely embedded in prevailing social customs (informal
institutions) that guide individual behaviour in respect of environmental
resource use. The nature of this transformation in property rights deter-
mines the parameters for the use of scarce resources and assigns incentive
structures and costs to economic actors. Since property rights institutions
range from formal arrangements, including constitutional provisions,
statutes and judicial rulings, to informal conventions and customs regard-
ing the allocation and use of property (Libecap, 1989), transforming
property rights requires complementary changes in social norms. Together
with new formal rules and other constraints, these changes in social norms
redefine economic opportunity and redraw the rules of the game that
govern the actions of economic actors, including business organizations
and individual entrepreneurs, in their pursuit of economic gain (Wang,
2001). Correspondingly, the new structure of property rights does not
necessarily ensure efficient utilization of environmental resources until
economic actors adjust their expectation and behaviour in response to
underlying changes in property rights.

Contemporary theoretical debate on property rights changes is broadly
dominated by two schools of thoughts, the ‘economic school’ and the ‘dis-
tribution school’ (Coase, 1960; Demsetz, 1967; North 1981; Eggertsson,
1990). The basic theme of economic reasoning in the domain of institu-
tional changes is that the propensity to achieve economic efficiency in
the allocation of resources is the main force propelling such changes.
Individuals will work to establish new rights or reallocate existing rights
only if the benefits from doing so exceed the costs (Libecap, 1989). Libecap
further argues that ‘capturing a portion of the aggregate gains from miti-
gating common pool losses is a primary motivating force for an individual
to bargain, to install or to modify property rights arrangements’ (Libecap,
1989 p. 19). An institution established to achieve such an objective remains
in place as long as it serves the purpose. Whenever the underlying eco-
nomic relations change, the existing institution cannot serve the purpose
efficiently and so provides the motivation to change the existing worn
out institution. The basic theoretical thrust of the economic school is to
view property rights evolution as a response to changes of relative prices,
either direct or indirect, via the opening of new markets, population
change, technological innovation and so forth (Wang, 2001). Changing
economic conditions create new opportunities that could not be captured
by the existing property rights structure, which is thus under pressure to
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change (Demsetz, 1967). Demsetz provided a classic example of economic
reasoning driving property rights changes in relation to land following
the opening of the fur trade. Since the existing property rights arrange-
ments could not guarantee the maintenance of minimum stock required to
conserve fur-bearing animals, private property rights over land resource
emerged in response to this economic change to generate long-term com-
mercial gain (Wang, 2001).

The distribution school, on the other hand, emphasizes the role of
economic actors in changing the property rights structure of any par-
ticular resource system. This school argues that distributional issues can
complicate the process of evolution of new systems of property rights
since efficiency of improvement is blocked by distributional inequality.
Built upon a perceived weakness of the economic school, the distribution
school recognizes that distributional issues can complicate the process of
property rights evolution (Wang, 2001). Shifts in the political influence
of potential claimants can lead to the transformation of property rights.
The agents who benefit from such a change have a larger stake in new
systems of property rights and therefore have a greater incentive to act
in favour of such institutional change. However, the same change has a
corresponding disincentive effect on the other agents whose endowments
have been reduced. Economic inequality among competing resource users
may give rise to conflicts and can severely block any institutional response
to CPR problems. Libecap (1989) argues that distributional conflicts
inherent in any property rights arrangements, even those with important
efficiency implications, hinder the adoption of new institutions. In criticiz-
ing the economic school as being naive and single-minded in emphasizing
the ‘demand side of institutional change (that is, gain from the change),
the distribution school correctly points out factors such as distributional
conflicts on the “supply side” can block property rights change’ (Wang,
2001, p.419).

Understanding institutions and institutional change is therefore a
prerequisite for optimal policy prescription. Since an institution creates
a social equilibrium, institutional change is thus a move from one equi-
librium to another. The success of institutional change in this regard can
be judged by whether this equilibrium is able to establish stable human
expectation with respect to the use of scarce resources. What is critical
in this regard is whether the very notion of different forms of institutions
for CPRs is understood while creating and enforcing new institutions for
sustainable resource management. From the perspective of institutional
approaches to resource management, Libecap (1989) suggested that
common pool losses are the primary motivation for contracting property
rights (institutional change). Libecap further hypothesized that, all things
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being equal, the greater the losses of the common pool then the greater
the size of the anticipated aggregate benefits of institutional change
and the more likely new property rights will be sought and adopted.
Nationalization of environmental resources in many developing countries
seems to be influenced by this hypothesis as well as ‘the tragedy of the
commons’ metaphor. In this metaphor, resources managed under common
property rights and open accesses were frequently viewed as synonymous.
It was thought that a resource held under a CPR regime is inherently inef-
ficient since individuals do not get proper incentives to act in a socially effi-
cient way. As a consequence scholars have long questioned the incentive
for efficient use of CPRs under common property regimes (Gordon, 1954;
Scott, 1955; Hardin, 1968) and solutions have been proposed, such as state
control and management (Hardin, 1968) or privatization of the commons
(Demsetz, 1964). In explaining the tragedy of the commons, the economic
theory focuses less upon the weakness of the individuals and more upon
the imperfections in the social systems to which they respond. In fact,
economists are less convinced of the importance of human failing in deter-
mining social outcomes, simply because economists have believed in a
special form of social synergism since the time of Adam Smith. However,
more careful analysis of the foundation of common property regimes in
developing countries has shown that local institutional arrangements,
including customs and social conventions designed to induce cooperative
solutions, can overcome the collective action problems and help achieve
efficiency in the use of such resources (Gibbs and Bromley, 1989; Ostrom,
1990). In the following section, I present a critical analysis of the common
property and open access resource systems and explain how common
property institutions were misunderstood.

Property regimes: open access versus common property

The terms ‘open access resource’ and ‘common property resource’ are
often confused and sometimes mistakenly used interchangeably. While the
first term refers to resources over which no defined property rights exist,
the second specifies the resources managed under community ownership.
Hardin (1968) saw over-exploitation as an inevitable outcome of the use
of common resources, even when the individuals sharing the benefits of
such resources act in an economically rational way. Hardin was neither
alone nor novel in making the argument about open access resources.
An article on the open access problem can be traced back to the early
twentieth century. A little-known article by Jens Warming written in 1911
(cited in Stevenson, 1991) is perhaps the earliest more or less accurate
description of the open access problem. Two modern resource economists,
Gordon (1954) and Scott (1955) provided the general conventional theory
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of common resources in their articles on fishery economics. Building on
Gordon and Scott, Smith (1968) provided a general theory of produc-
tion and consumption of common property resources using an algebraic
model. Smith applied his general model to fisheries, mining and timber
resources and showed how differences in production externalities,® either
from production scarcity or from crowding by procedures, lead to different
outcomes. Most of these articles, however, advocated that a resource held
under a common property regime is not efficient since individual resource
users do not get proper incentives to act in a socially efficient way.

Hardin’s arguments have been formalized later on in the form of the
‘Prisoner’s Dilemma Game’ (Runge, 1981). The prisoner’s dilemma game
is conceptualized in a non-cooperative game theory in which all players
are assumed to have complete information about the game to be played.
Each player has a dominant strategy in the sense that the player is always
better off choosing a dominant strategy — to defect — no matter what the
other player does. The disturbing conclusion of prisoner’s dilemma is
that rational people cannot achieve collective outcomes. However, where
the situation is a recurrent one, for example, as in the case of a repeated
game, the logic changes (Axelrod, 1981). Free-riding in this circumstance
remains a possibility but not an imperative as described in the ‘Simple
Prisoner’s Dilemma Game’ (Runge, 1984; Sugden, 1984). Olson (1965)
also discusses the difficulty of getting individuals to act in such a way that
it increases their joint welfare. Olson challenges proponents of ‘group
theory’” who believe that individuals with common interests would volun-
tarily act to maximize the collective benefits. Olson argues that unless the
number of individuals is quite small, or unless there is coercion or some
other special device to make individuals act towards the overall common
interest, rational, self-interested individuals will not act to achieve their
own common interest (Olson, 1965). The tragedy of the commons, the
prisoner’s dilemma and the logic of collective action are closely related
concepts in the models that have defined the accepted way of viewing
many problems that individuals face when attempting to achieve collective
benefits (Ostrom, 1998).

The tragedy of the commons metaphor confused common property
regimes with open access regimes. It did not understand the very essence
of community wisdom to act together and institute checks and balances,
rules and sanctions, for sustainable management and utilization of envi-
ronmental resources. In other words, followers of this concept after Hardin
did not understand the fact that many resources used by rural communi-
ties are not open access but are managed under community ownership.
Scholars of the commons argued that Hardin confused common property
with open access, failing to distinguish between collective property rights
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Table 5.1 Types of property rights regime relevant to common pool
resource

Regime

Open access (res nullius) Free for all; no defined group of users or owners
and benefit stream is available to anyone interested
in entering into harvesting the resource, resource
use rights are neither exclusive nor transferable

State property (res publica) ~ Ownership and management control held by the
nation state, state has right to determine use/access
rules (but in real world, use rights and access rights
are often not enforceable without high cost)

Common property (res Use rights for the resource are controlled by an

communes) identifiable group and are not privately owned or
managed by government; rules exist concerning who
may use the resource, who is excluded from using
the resource, and how the resource should be used;
the co-owner has both rights and duties with respect
to use rate and maintenance of the property owned

Private property Owned by individual; individuals have right to
undertake socially acceptable uses; claim rests with
the individual or the corporation

Sources:  Berkes and Taghi Farvar (1989); Bromley (1991).

and no property rights (Ciriacy-Wantrup and Bishop, 1975). One possible
reason behind this misunderstanding is a lack of clarity between prop-
erty and resource regime. While ‘property’ refers to rights and duties or
social relationships between individuals in respect to a resource, ‘regime’
refers to the type of ownership under which these resources are managed.
The economics literature describes four different types of property rights
regimes relevant to CPRs. Table 5.1 presents the four basic types of prop-
erty regimes, which will facilitate the subsequent discussion on open access
and common property resource regimes.

Before turning to the essential difference between common property and
open access, a brief statement about problems associated with common
goods deserves mentioning. According to an economic definition, a
common good is located between a ‘pure private good’ and ‘pure public
good’. The differences between these two goods reside in the concepts of
jointness and exclusion. A pure private good is a good with the property
of exclusivity, which means that the consumption of the good in question
by one individual prevents its consumption by another. The owner of such
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a good can dispose of it as desired and can exclude other people from its
use. On the other hand, a public good can be jointly consumed with others
and is therefore non-exclusive. The rate of consumption of such goods
is independent of the number of consumers and how the good is utilized
(Oakerson, 1986). A common good has characteristics of both private
(subtractable) and public goods (difficult to exclude) since it contains a
certain degree of subtractability and excludability. This implies that the
consumption of a common good by one individual will reduce another
individual’s ability to consume the same good. The rate of consumption of
a common good, however, varies according to the number of users and the
type of use. It appears that it is difficult to exclude anyone from utilizing the
benefits generated by common goods, which characterizes the problem of
common property as the provision of these benefits becomes problematic.

However, it is not impossible for co-owners to jointly benefit from
common resources, as long as there are mechanisms to exclude non-
owners from their use. Common property resources are partly joint
and partly exclusive, which means that a type of property regime has to
apply to exclude certain sections of society from entering into resource
appropriation and exploitation. Communal or common property regimes
try to achieve this exclusion by making the resource accessible only to
an identifiable group or members, who devise certain mechanisms to
regulate the pattern of resource use. Many policy prescriptions towards
centralized management of CPRs in the developing world stem from a
fundamental misunderstanding of possible resource regimes. Due to this
confusion, common property carries the false and misplaced burden of
‘inevitable’ resource degradation that properly lies with situations of open
access (Bromley, 1991). Policy-makers without complete knowledge of
tenurial differences and systems of customary rights quite often advocate
the argument that the efficient utilization of CPRs is only possible under
state property regimes. Nationalization of Nepal’s forests is an example of
transformation of private/communal systems of property rights into state
property (de facto open access), which actually upset centuries of social
arrangements adopted by villagers to overcome resource degradation and
make common property regimes viable. In the following section I will take
up further discussions that underscore theoretical aspects of open access
and common property regime systems.

Open access

Open access conditions occur when there is no exclusively defined access
and use right to a particular resource system. Resources that fall into this
category are subject to use by any person who has the capability and desire
to harvest or extract the resource. This situation often results from the



128 A handbook of environmental management

absence, or the breakdown, of management and authority systems whose
very purpose was to introduce and enforce a set of norms of behaviour
among resource users with respect to that particular resource. Bromley
(1991) considers the open access situation as a resource regime in which
there are no property rights (res nullius). There is no defined group of
users or owners and the benefit from the resource is available to anyone.
All individuals have both privileges and no rights; no user has the right to
preclude use by any other party (Bromley, 1991). Resources held under an
open access situation are doomed to over-exploitation since each resource
user places immediate self-interest above social interest. In the absence
of informal/formal management institutions, there is a consensus that
CPRs are typically subject to Hardin’s tragedy of the commons. Since all
members of a resource-using group are assumed to behave in a socially
inefficient way, the carrying capacity of a resource system will eventually
exceed its rate of regeneration. If property and management arrangements
are not determined, and if investment is in the form of capital assets such
as an improved tree species or range revegetation, the institutional vacuum
of open access ensures that use rates will eventually deplete the asset
(Bromley, 1991).

Under open access, a right of inclusion is granted to anyone who wants
to use the resource and such property systems are likely to generate nega-
tive externalities (Baland and Platteau, 1996). Some CPRs are fugitive
(that is, move from one property to another, such as water) and can be
depleted, so are characterized by rivalry in exploitation (Stevenson, 1991).
The rivalry in consumption of a CPR indicates that extraction by one user
of the resources precludes another’s possession. For example, if one user
cuts a tree, another cannot use the same tree. However, for some ubiqui-
tous CPRs, such as the air, the relevance of rivalry might not be applica-
ble until they are consumed (or polluted) at a very high rate. Rivalry in
extraction indicates that a CPR is not a pure public good at all potential
use rates. As a community size grows, and therefore the number of rights
holders increases, the higher use rate will ultimately exceed the resource’s
regenerative capacity. Depletability of a CPR indicates that, along with
rivalry in consumption, resource supply might reduce to zero at some use
rates. This is true both of strictly exhaustible resources, such as oil and
minerals, and of renewable resources, such as fish and trees (Stevenson,
1991). Simple physical or economic exhaustion can reduce the former’s
supply to zero, and a sufficiently high use rate can extinguish the latter’s
capability to reproduce (Dasgupta and Heal, 1979).

The fugitive nature of some CPRs under open access means that they
must be ‘reduced to ownership by capture’ (Ciriacy-Wantrup, 1952: noted
by Stevenson, 1991). There are no formal property rights over the resource
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in an in situ condition. This means that a physical unit of the resource in its
in situ or fugitive state cannot be associated with a particular owner unlike
a private property regime where an in situ resource can be said to belong
to a particular real or legal person. So in an open access condition anyone
who possesses the social and physical capital to exploit the resource and
the desire to enter into resource harvest can do so.

Another fundamental problem associated with an open access regime
is that the over-exploitation of CPRs under open access will then result in
symmetric or asymmetric negative externalities. A symmetric externality is
present in an open access regime where each entrant to resource use imparts
a negative externality to all other producers. The new entrant, in turn,
simultaneously has a negative externality imposed on them by the others.
The externality is reciprocal or symmetric. Common examples include fish-
eries, wildlife, open grazing land, ground water, unregulated woodland and
forests, and common oil and gas pools. On the other hand, an asymmetric
externality occurs when the production or consumption decisions of actors
enter the production or utility functions of others while the recipients of
the externality do not cause any reciprocal effects (Stevenson, 1991). A
typical example includes the classic case of a smoking factory dirtying a
nearby laundry’s clothes. Most of the literature on resources held under
open access has concentrated on the symmetric externality, however, the
concept can easily be extended into both types of externality.

There is a vast literature developing on the issue of resource exploitation
as characterized by an open access regime. In his analysis of deforestation
in Nepal, Wallace (1981) reached several important conclusions in respect
to exploitation of forest resources under an open access condition. First,
resource users over-consume the resource in two different ways: they over-
use the resource relative to other goods, and they over-use the resource
this year relative to next year. Both kinds of over-exploitation occur
because the cost of resource use to each individual is less than the cost to
society. For each user, the cost of a particular product from the commons
next year depends mostly on this year’s consumption by other users. The
benefit of the resource next year is assumed to be independent of this
year’s consumption. Unable to influence this year’s consumption by other
harvesters, each user will consume the resources until this year’s marginal
benefit equals this year’s marginal cost. Second, with two substitutable
resources, resource users may consume too much of one and too little of
another, even if total use is efficient. This unbalanced consumption mix
also results from the divergence of private and social costs of resource con-
sumption. Resource users in open access regimes tend to react to average
rather than marginal costs and the unbalanced consumption mix is the
result of different average and marginal costs (Wallace, 1981).
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Third, resource users may use inefficient methods to harvest a resource
as in the case of unregulated common property resources. Competing
resource users over-use capital-intensive harvesting methods in their
attempts to out-harvest each other. In general, they do not consider the
negative impact of their activity on the welfare of another. Fourth, resource
users under open access regimes are not likely to invest in resource con-
servation, even if they know that investment improves the productivity of
the commons. No one has any incentive to invest unless there is an assur-
ance that other users will also invest in order to enhance the productivity
of the commons. This situation is similar to under-investment in public
goods such as clean air. Open access resource users invest in replenishing
the forest only until the marginal costs equal a fraction of the marginal
benefit. This under-investment results from a divergence between those
who invest in the improvements and those who reap the benefits. The
divergence results from a mismatch of the scale of some investments and
the amount of potential individual benefit, and from a lack of incentive to
invest in the resource for future benefits because of a competitive rush for
the resource exploitation in the present (Stevenson, 1991).

People who may have strong incentives to invest in protecting trees for
fodder or timber will have much less incentive to do so for public goods
like clean air and soil conservation because they fear others will ‘free-ride’
on their efforts or because they can free-ride themselves. Those who do
not invest because they see little direct benefit are still able to gain from
the investments by others (Varughese, 1999). This inefficiently low invest-
ment by resource users imposes a welfare loss on the group of community
members. Finally, users of CPRs in open access regimes under-invest in
information about the resource since they have no incentive to acquire
knowledge about planting methods, growth rates, or optimal cutting
techniques and so on. A person who has perfect information about a
CPR under an open access regime would not change his or her behaviour
regarding the resource use, because other users would capture most of the
benefits of any potential change. Thus, no one has any incentive to gather
the information necessary to increase the productivity of commons held
under open access regimes (Wallace, 1981), which seriously threaten the
long-term sustainability of natural resources.

Common property

Common property refers to resources for which there are communal
arrangements for the exclusion of non-owners and allocation among co-
owners. Common property exists when a defined group of resource users
holds property rights to natural resources and there is a restriction on the
number of people who can reap a benefit from the commons. As I noted
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earlier, this is a resource regime, where exclusion is difficult and joint
use involves subtractability. On this front, they share the first attribute
with pure public goods and the second attribute with pure private goods.
Ciriacy-Wantrup and Bishop (1975) provide the first accurate description
of the concept of common property by specifying two fundamental char-
acteristics associated with common property regimes. First, the distribu-
tion of property rights among co-owners of common property is equal in
terms of their rights to use the resource. Second, potential resource users
who are not legitimate members of a resource-using group of co-equal
owners are excluded. This implies that, within the community, rights to
the resources are unlikely to be either exclusive or transferable; they are
often rights of equal access and use (Feeny et al., 1998). Common property
does not imply communal ownership, which has been described as a right
that can be exercised by all members of the community (Demsetz, 1967),
nor does it imply free access by all to the resource (North and Thomas,
1977). Bromley (1991) argues that a common property regime (res com-
munes) represents private property for the group of co-owners (since all
others are excluded from use and decision-making) and individuals have
rights (and duties) with respect to the resource in question.

Common property is said to be similar to private property in a sense
that there is exclusion of non-owners. The property-owning group varies
in nature, size and internal structure across a broad spectrum, but it
is a social unit with definite membership and boundaries, with certain
common interests, with at least some interaction among members, with
some common cultural norms and often their own endogenous authority
system (Bromley, 1991). The management group (the ‘owners’) has the
right to exclude non-members, and non-members have a duty to abide by
exclusion. Individual members of the management group (the ‘co-owners’)
have both rights and duties with respect to use rates and maintenance
of the property owned (Bromley, 1991). The rights of the group may be
legally recognized or in some cases they may be de facto rights. The fun-
damental difference between open access and common property is that in
open access situations, every potential user has a privilege with respect to
use of the resource since no one else has the legal ability to keep the person
out. Therefore, an open access situation is one of mutual privilege and no
rights (Bromley, 1991). In contrast, a common property regime indicates
a resource system in which there are rules and regulations defining who is
the legitimate user and who is not. Many misunderstandings found in the
literature may be traced to the assumption that common property regime
is the same as open access. Hardin’s prediction of the inevitability of over-
exploitation follows this assumption (Feeny et al., 1998).

For almost two decades after Hardin’s article, CPRs managed under
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communal property and open access were frequently viewed as synony-
mous. It was thought that common property was inherently unstable and
pressures from free-riders were inevitable, leading natural resources to be
degraded in the ‘tragedy of the commons’. However, in many cases this
is not true. Evidence suggests that successful exclusion under communal
property regimes is the rule rather than the exception. More careful analy-
sis of the foundation of common property regimes, combined with closer
investigation of the management of collective goods in the developing
world, suggests that common property regimes are not only viable, but
in some circumstances are essential (Gibbs and Bromley, 1989). Even the
common grazing lands in Hardin’s classic ‘tragedy of the commons’ were
well looked after for many centuries, before they declined for reasons
unrelated to any inherent flaw in the commons system (Cox, 1985). The
tragedy tends to be related to the breakdown of existing commons systems
due to disruptions that have originated externally to the community
(Berkes, 1989). Hardin’s tragedy of the commons often results, not from
any inherent failure of common property, but from institutional failure to
control access to resources, and to make and enforce internal decisions for
collective use. Institutional failure could be due to internal reasons, such as
the inability of the users to manage themselves, or it could be due to exter-
nal reasons, for example an incursion of outsiders (Dove, 1993; Berkes
and Folke, 1998). Pressure on the resource because of human population
growth, technological change, or economic change, including new market
opportunities, may contribute to the breakdown of common property
mechanisms for exclusion (Feeny et al., 1998). The social and political
characteristics of the users of the resource and how they relate to the larger
political system affects the ability of local groups to organize and manage
communal property (Ostrom, 1987).

Stevenson (1991) noted seven different characteristics of common prop-
erty resources, which he regards as necessary to manage common property
successfully. The conditions are individually necessary because a resource
managed under common property must meet all seven of them and the con-
ditions are jointly sufficient for common property because all other resource
use regimes (in particular, various forms of open access and private prop-
erty) fail to meet at least one of the conditions (Stevenson, 1991). Based on
the analysis of Ciriacy-Wantrup (1971) and Ciriacy-Wantrup and Bishop
(1975) on the distinction between open access and common property
resources, Stevenson (1991) described the following characteristics as a
form of resource ownership under common property regimes:

1. The resource unit has bounds that are well defined by physical, bio-
logical and social parameters.
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2. There is a well-delineated group of users, who are distinct from

persons excluded from resource use.

Multiple included users participate in resource extraction.

4. Explicit or implicit well-understood rules exist among users regarding
their rights and their duties to one another about resource extraction.

5. Users share joint, non-exclusive entitlement to the in situ or fugitive
resource prior to its capture or use.

6. Users compete for the resource, and thereby impose negative exter-
nalities on one another.

7. A well-delineated group of rights holders exists, which may or may
not coincide with the group of users.

w

The first point indicates that a resource held under common property
must be defined either by biological, physical or social conventions, or a
combination of these. At this point I again emphasize the clear distinc-
tion between the resource and common property regime. As was shown
above, common property refers to management institutions that underline
the relation between individuals, which differ from physical objects. In
contrast, the resource is the physical or intangible asset that a group can
own and manage as common property. Since the institution cannot exist
without the resource that it controls, demarcation of resources, nonethe-
less, must be included in the definition of the social institution of common
property (Stevenson, 1991).

The second point specifies that there are two groups in respect to the
resource: included users and excluded persons. The first group consists of
an identifiable and countable number of users. The second set of persons
do not have the right to use the resource (Stevenson, 1991). This is in con-
trast to open access where everyone is a potential user. Third, more than
two users utilize a common property resource. This clearly distinguishes
common property from private property, where a single person is consid-
ered to be the sole owner. Fourth, the existence of rules (formal/informal)
regarding resource appropriation and exploitation in order to guide the
groups of resource users is the main characteristic that helps distinguish
common property from an open access condition. This includes how rights
are transferred, what financial obligation a user has to the group, what
contribution he or she makes and how the rules themselves are changed.
The rules may be formal and explicit or they may be informal and implic-
itly accepted (Stevenson, 1991).

The fifth point provides an essential difference between common and
private property. It also highlights the relationship between common prop-
erty and a public good. Unlike common property, in private property the
in situ resource belongs to a particular owner. However, under a common
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property regime, the user may have a secure expectation of getting certain
amounts of product from the commons, but not particular physical units.
The joint, non-exclusive entitlement condition means that participants in
common property arrangements have simultaneous, ex ante claims on any
particular unit of the resource and it can be argued that an essential step
in the use of common property resources (except the resources that have a
pure public good characteristic) is that they be ‘reduced’ to sole ownership
by capture (Stevenson, 1991). As indicated earlier, point five also provides
some basis to distinguish between common property and public goods.
First, some common property resources like national parks, reserves and
so on have public good characteristics that do not exhibit rivalry at low or
moderate levels of use. Reducing the resource to sole ownership through
capture does not apply in the way that it does to resources that exhibit
rivalry in extraction. Second, these resources exhibit joint, non-exclusive
entitlement, because all participants who use the resource have an ex
ante claim to benefits from the resource. For these reasons, reduction to
sole ownership through capture is not a necessary condition for common
property, but joint, non-exclusive entitlement is (Stevenson, 1991).

Point six indicates that, though multiple users compete for the resource
appropriation and exploitation in common property, they undertake
mutual capital investments in resource conservation. To better understand
this idea, reconsider the problem of common goods. As in an open access
condition, extraction by one user of the resource in a common property
regime may generate negative externalities for other users. However, the
difference lies in the extent to which externalities are generated. Point
seven recognizes that the resource users and resource owners do not
always coincide in a common property regime. Common property rights
holders may rent their resource use rights to the actual users subject to
the condition that the rights holders are a group of people who fulfil the
institutional criteria of common property regimes (Stevenson, 1991).
This is not meant to preclude the situation in which a government entity
coordinates or imposes rules regarding resource extraction on users and
rights holders. A common property resource, therefore, is a resource held
by an identifiable community of interdependent users in which these users
exclude outsiders while regulating use by members of the local community
(Feeny et al., 1998).

Transaction costs and natural resource management
Insights from the economics literature

Transaction costs have been a subject of discussion in the literature
on externalities over the past few decades. In his seminal article ‘The
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Nature of the Firm’, Coase (1937) discussed why firms exist and sowed
the seed of the concept of transaction costs in the economics literature.
Coase underlines the important role of transaction costs in the organiza-
tion of firms and other contracts. Coase’s theory was later developed by
many scholars (Coase, 1960; Cheung, 1969, 1983; Alchian and Demsetz,
1972; Williamson, 1985). Coase (1960) observed that identifying relevant
parties, collecting information, undertaking negotiation, enforcing agree-
ments and so on could be sufficiently costly to prevent many transactions
from being achieved. When two or more parties agree to exchange or
transfer goods or services, the transaction can be seen as a form of con-
tract (Drennan, 2000). Arrow (1969) defines transaction costs as the costs
of running the economic system. Transaction costs are the costs of arrang-
ing, monitoring, or enforcing agreements; the cost associated with all the
exchanges that take place within an economy (Eggertsson, 1990; North,
1990). North (1997, p. 150) points out, ‘the study of transaction costs, in
addition to giving us insights into static economic analysis, also holds the
key to unlocking the doors to an improved understanding of economic
and societal performance through time’.

The importance of transaction costs can be studied through ‘transaction
cost economics (TCE)’, which is a new type of economics first mentioned
in Williamson (1991). According to him, TCE is focused on reducing
maladaptation costs through ex ante selection of governance structure
for the antecedent conditions. Its working hypothesis is that economic
organization is really an effort to ‘align transactions, which differ in their
attributes, with governance structures, which differ in their costs and com-
petencies, in a discriminating (mainly, transaction cost economizing) way’
(Williamson, 1991). TCE tries to explain how trading partners choose,
from the set of feasible institutional alternatives, the arrangements that
offer protection for their relationship-specific investments at the lowest
total cost (Shelanski and Klein, 1995). TCE maintains that in a complex
world, contracts are typically incomplete because agents are boundedly
rational, or because certain quantities or outcomes are unobservable. Due
to this incompleteness, parties who invest in relationship-specific assets
expose themselves to a risk: if circumstances change, their trading partners
may try to expropriate the rents accruing to the specific assets. A variety
of governance structures could be adopted in order to avoid this risk.
Nevertheless, the appropriate one depends on the particular character-
istics of the relationship. In this respect, TCE can be seen as the study of
alternative institutions of governance.

Transaction costs are incurred in different stages of production and
exchange. Dahlman (1979) separates transaction costs into three broad cat-
egories: (1) search and information costs, (2) bargaining and decision costs



136 A handbook of environmental management

and (3) policing and enforcement costs. He documented that all of these
costs represent resource losses due to lack of information. Transaction
costs are a real and unavoidable aspect of any economic system. It is not
even possible to eliminate transaction costs by prohibiting all transac-
tions because such a decree would have to be deliberated and enforced
and other institutions would emerge to replace banned markets. Libecap
(1989) points out that having lower transaction costs is a necessary rather
than a sufficient condition for adoption of an institutional arrangement.
The inevitability of transaction costs means that any notion of Pareto
optimality” is incomplete until transaction costs are incorporated (Griffin,
1991). It is therefore appropriate to examine transaction costs when evalu-
ating the potential of new institutions as alternatives to the existing one.

Transactions differ in a variety of ways. Williamson (1985) identifies
asset specificity, uncertainty and frequency as three major attributes of
transactions that have direct cost implications. These three attributes of
the transactions are also relevant to many natural resource systems. Asset
specificity can be defined as investment in assets specifically relevant for
a particular transaction. This is generally regarded as the most impor-
tant of the three attributes because it creates market imperfections and
allows asset owners to earn rents (Drennan, 2000). It can take the form
of a physical asset related to location, an asset dedicated to a particular
consumer, or a tangible asset that can be easily duplicated. It turns out
to be the case that asset specificity creates information asymmetry, which
permits owners to earn economic rents. Having private information
makes it possible for people to behave opportunistically towards others
who contract for their services. However, asset specificity also reduces the
mobility of assets into alternative uses, with consequent market imperfec-
tions (Drennan, 2000). Most of the physical assets in the form of natural
resources (forests, wildlife, fish and so on) are very site specific. Based
upon this site specificity, species are considered endemic or endangered in
their natural habitat. Transactions in natural resource systems also differ
in the required specificity of human resources. It is useful to distinguish
between idiosyncratic site-specific knowledge, especially the indigenous
knowledge of a local community, and scientific knowledge required for
planning and implementation of resource management activities (Birner
and Wittmer, 2000).

The second attribute of transactions with costly implications for con-
tracting is the extent of uncertainty surrounding the contract. Transactions
surrounded by little or no uncertainty require minimal governance because
ex ante and ex post information about the transaction is available to all
concerned parties while uncertainty in defining and observing perform-
ance makes it difficult to place contracts on that performance (Drennan,
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2000). However, natural resources are subjected to various types of threats
according to their causes (human-made vs. natural) and effect (irreversible
vs. reversible). The threat of irreversible loss of natural resources is con-
sidered to be a particular problem since it is associated with extinction of
endemic and endangered species. Whether the threats to natural resources
are caused by community members or outsiders also influences the appro-
priate governance mechanisms: using the instruments of social control
by communities or user groups is usually more effective in dealing with
threats caused by insiders than with those caused by outsiders (Meinzen-
Dick and Knox, 1999).

The last attribute of transaction, frequency, also has implications
for the extensiveness of governance investment. Frequent transactions
justify an investment in governance because the cost can be amortized
across many transactions and is therefore more likely to be recovered
while infrequent transactions are more likely to be controlled by ad hoc
arrangements put in place if and when the need arises (Drennan, 2000).
In the case of natural resource management, one can distinguish frequent
day-to-day management decisions and less frequent strategic decisions, for
example, on the establishment of protected areas. Most activities carried
out to implement management decisions are frequent, ranging from daily
to seasonal (Birner and Wittmer, 2000), which implies high transaction
costs of management.

Birner and Wittmer (2000) discussed ‘public relevance’ as an additional
attribute of transaction, which influences the necessity of public sector
involvement in commons management. Public sector engagement or inter-
vention is required to deal with various aspects of externalities that arise
while using common goods. From the outset, we have seen that negative
externalities occur due to the public nature of environmental goods that
affect the interest of society at large, especially concerning environmental
protection. So, public relevance is an equally important attribute of trans-
actions in the issue of intergenerational equity. For example, formulation
of biodiversity policy needs to pay adequate attention to how the inter-
ests of future generations are taken into account while making current
conservation/resource utilization decisions.

Fenoaltea (1984) considered ‘care- or effort-intensity’ as another key
attribute of transaction. Effort-intensive transactions are easier to monitor
and typically relate to production activities (for example, seedling produc-
tion, plantation, felling trees and so on) in natural resource management,
while care-intensive transactions are difficult to measure because they
leave ample room for shirking and even sabotage (Fenoaltea, 1984), which
are characteristic of protection activities. The monitoring problem of care-
intensive activities is aggravated if the outcome of a transaction is difficult
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to measure. From the theoretical framework, it revealed that protecting
the relationship of the contracting parties from opportunistic behaviour
(as well as uncertainty, opportunism, asset specificity and frequency)
justifies the existence of an appropriate governance structure. Therefore,
governance structures offer various remedies for protection against the
uncertainty and opportunism of economic relations. As pointed out
by Pelletier-Fleury et al. (1997, p.5), ‘exchange requiring investment in
specific assets, in a context of uncertainty and strong information asym-
metries, justifies the recourse to vertical integration as opposed to market
coordination, as this allows transaction costs to be contained’. Moreover,
particular types of transaction are thus handled under particular govern-
ance structures depending on the relative costs of production and transac-
tion (Pelletier-Fleury et al., 1997).

Transaction costs and collective action

At this point, it became clear that resource users enter into various kinds
of explicit and implicit agreements (contracts) in order to initiate collective
action or agree to exchange or transfer goods or services. The process of
contracting involves two parties agreeing to ex ante and ex post situations
and these contributions will be in the form of negotiation, monitoring and
enforcement, where substantial amounts of costs are incurred. Ex ante
costs involve the search costs of finding partners, setting up the agreement
and costs incurred negotiating with the potential partners. Ex post costs
are needed to ensure that exchange is carried out, or monitoring and if
necessary enforcing its performance. Hanna (1995) describes four different
resource management stages in which variable transaction costs are inevi-
table. These four different stages are: (1) the description of the resource
context, (2) regulatory design, (3) implementation and (4) enforcement of
agreed-upon rules. Description of the resource context includes a descrip-
tion of resource users, processors, markets and the analysis of associated
socioeconomic characteristics. Designing the regulation requires informa-
tion describing the resource context, which in turn depends on the quality
of contextual information provided. Implementation of a regulation is a
critical test of a regulation’s fit to its contexts. Monitoring and enforce-
ment of a regulation is the final area of transaction costs. Monitoring com-
pliance with regulations will be excessively costly if monitoring systems are
not designed to be consistent with resource dynamics or a user’s operation
(Hanna, 1995).

Despite the inevitability of transaction costs of resource management,
at this stage I would like to point out that empirical discussion regarding
transaction costs associated with different forms of governance structure
is very sparse. Some scholars argued that the costs of privatization of
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communal resources, for example costs incurred for fencing, measure-
ment, title insurance, record-keeping and so on are greater than those of
collective management. However, when various hidden costs of resource
management are incorporated into the analysis, a somewhat modified
picture appears. A common property regime would not have the need
for extensive records on boundaries and sales, but instead require meet-
ings and discussions where the co-owners decided their strategies for the
coming period (Bromley, 1991). This may constitute a significant portion
of costs of resource management. In many field settings, efficient manage-
ment of common property resources is often challenged by various sources
of uncertainty that result in high levels of transactions costs. For individual
resource users, the transaction costs of resource management are related to
participation, opportunity cost of time involved in meetings, time required
to acquire information and to communicate and direct monetary expenses
for travel, communication and information. These costs are directly related
to the effectiveness and efficiency of a collective action; and at the com-
munity level these costs may well be borne by poor community members
(Adhikari et al., 2004; Adhikari and Lovett, 2006a; Meshack et al., 2006).
It may therefore be that benefits from collective action are exceeded by
transaction costs (Hanna, 1995). Thus, ignoring transaction costs in policy
design and evaluation leads to the risk of producing suboptimal policy rec-
ommendations. A starting point for analysing this lies in an examination
of what transactions occur, and what interactions are needed as the bare
minimum for effective policy operation (Falconer, 2000).

High transaction costs, whether perceived or actual, related to entry
into collective action may pose significant constraints on participation.
The private transaction costs incurred by individuals may be so high that
they might limit participation of poorer sections of society in some form
of collective action. The existence of transaction costs may also have
important distributional aspects. For example, sizeable fixed transaction
costs related to participation (that is, mandatory start-up costs to be con-
tributed by each participating community member at the initial stage of
collective action) may discourage poor community members entering into
community-based management regimes, as their income from the man-
agement of CPRs is relatively small. Room (1980) argues that economic
studies of participatory forest management have been biased towards
measuring benefits as opposed to costs, especially the likely major transac-
tion costs of management for local forest users. In most of the community-
based resource management systems with an initially degraded resource
base, the costs associated with management are reported to be higher than
the expected benefits. Nonetheless, in many economic models, physical
input and property rights are taken as variables and transaction costs of
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resource management are seldom incorporated in the ‘price’ of resource
consumption, though they can be a significant component of resource use.
These costs vary with the attributes of the resource, the nature of use rights
and the socioeconomic circumstances of the local communities. However,
there has been very little attention paid to the socioeconomic significance
of such costs. Transaction costs are largely invisible and there has been
little attempt to quantify them (Falconer, 2000). While there has been a
recent growth in theoretical research in this area, systematic empirical
research is still lagging behind (Aggarwal, 2000).

Despite the importance of transaction costs in resource management,
there are very few empirical estimates of transaction costs. Moreover,
empirical estimates of transaction costs suffer from various uncertainties
that hinder their quantification. Benham and Benham (2000) proposed
four different arguments, which make empirical measurement of transac-
tion costs difficult. First, there is lack of clarity on definitions of transac-
tion costs in existing literature. These definitions offer powerful conceptual
insights, but they have not been translated into widely accepted operational
standards. Second, there is a problem in separating transaction costs from
production costs since quite often they are jointly determined. This leads
to formidable difficulties in estimating transaction costs separately. Third,
if the cost of transacting is very high, many forms of transaction may not
take place in any economic system of interest. Even if some specific form
of transaction does occur, it may not take place in the form of monetary
exchange. Therefore, of all potential transactions, very few may appear in
the market place. To understand why a particular transaction is likely to
be adopted by an individual requires knowledge of the opportunity costs
faced by this individual. To understand the choices made, we may need to
estimate the cost of transactions that did not actually occur (Benham and
Benham, 2000). Fourth, since individuals and groups in any given society
face different opportunity and thus transaction costs, many estimates may
be needed. Other things being equal, an individual’s political connections,
ethnicity, endowments and other characteristics will affect the opportunity
costs of a particular exchange (Benham and Benham, 2000). Though a few
measurements of transaction costs exist in natural resource management,
hardly any of these estimate their magnitude and variation. Transaction
costs in the public sector can be estimated on the basis of information to
be acquired from public agencies, which are typically part of the organiza-
tion’s budget. However, measuring the transaction costs of resource users
is often difficult (Birner and Wittmer, 2000) since most of these costs are
incurred indirectly, for example, time spent on meetings, carrying out
protection work and other daily activities. In this connection, an adequate
theory of natural resource use should incorporate the role of institutional
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structures associated with different management regimes and their associ-
ated transaction costs (Kant, 2000).

Transaction costs, governance structures and natural resource management
In the previous sections, I have discussed the underlying theory of trans-
action costs and its relevance to the natural resource sector. I now turn
to appropriate governance structures for natural resource management
from the perspective of transaction cost economics. Menard (2000, p. 240)
points out that ‘variability in contractual arrangements results from the
necessity of setting up and monitoring transactions that have distinctive
characteristics, particularly with regard to the degree of uncertainty of the
environment in which transactions take place and to the degree of specifi-
city of assets that they mobilize’. Indeed, the different conditions demand
differing governance structures (enforcement procedures) in managing the
CPRs if the so-called tragedy of the commons is to be avoided. Drawing
heavily on Birner and Wittmer (2000), to which I return below, I shall offer
some explanation of how to go about choosing efficient governance struc-
tures for CPR management. I have made clear that asset specificity and
uncertainty provide the basis for selecting appropriate governance struc-
tures. In the view of Menard (2000, pp. 240-41), ‘while specificity of assets
plays a predominant role in the search for an efficient governance struc-
ture, uncertainty is the key factor in choosing the enforcement procedures
of contractual arrangements’. Though I will not go further on uncertainty
and asset specificity issues (see Williamson, 1985 for more detail), I will
review the literature that uses the analytical apparatus of transaction cost
economics, which helps to understand the type of appropriate governance
structure for natural resource management.

Birner and Wittmer (2000) divided transaction costs of natural resource
management into two different parts: transaction costs of decision-making
(TCp) and transaction costs to implement those decisions (7C;). The
decision costs (7'C}) are incurred during the process of acquiring various
information prerequisite to making appropriate decisions and include
costs of coordinating activities, such as resources spent on meetings, set-
tling conflicts and costs arising due to delayed decisions. Transaction costs
of implementation (7'C)) are influenced by the incentives of those carrying
out implementation activities to comply with the management decision
made, the presence of asymmetrical information and the measurability
of the outcome, the possibilities to use social control for monitoring and
the damage caused in the case of non-compliance (Birner and Wittmer,
2000). The economics literature suggests that the incentive for compliance
depends on direct benefits from compliance as compared with defection.
Moreover, the incentive for compliance is also influenced by the value that



142 A handbook of environmental management

resource users put on management decisions and the degree of members’
compliance with these obligations. The extent of group obligation depends
positively upon (1) the cost of producing the joint goods and (2) the degree
of dependency among members. The degree of members’ compliance with
these obligations depends positively upon the monitoring and sanction-
ing capabilities of the group. Since costs of monitoring and sanctioning
can be high, the degree of cooperative success will depend on the mecha-
nisms the group adopts to economize on such costs (Hechter, 1990 noted
by Molinas, 1998). Encouraging user participation in decision-making
processes, which possibly creates the legitimacy required for compliance,
can minimize monitoring costs. User participation in common property
regimes is the cornerstone to the sustainable management of the commons
in most developing countries. Because resource dependency is very high,
and the number of users is comparatively large, spatial extension and poor
infrastructure make monitoring costly. Conservation measures are also
care-intensive and resources are prone to irreversible damage due to a high
degree of dependency (Birner and Wittmer, 2000).

I now turn to the graphical representation of the nature and extent
of transaction costs as described in Birner and Wittmer (2000), who
presented a very subtle analysis of transaction costs of different govern-
ance structures. Transaction costs of public sector governance (7C*) and
co-management (7C) are presented in Figure 5.1a and b respectively.
Transaction costs of decisions and implementation change accordingly

(a) Public sector governance (b) Co-management (state/community)

'y r'N

Transaction costs

Transaction costs
TCh+ TC)=TCr

TCy + TCy = TC

Cy

Care-intensity Care-intensity
Threat to resource Threat to resource
Measurement costs Measurement costs

Source:  Birner and Wittmer (2000).

Figure 5.1 Decision and implementation costs of public sector governance
and co-management
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in relation to the variable cost of resource management. Variable costs
described here represent the care-intensity of the implementation activi-
ties, the costs of measuring the outcomes and/or the intensity of the
threats to the natural resource in question. It is clear that the decision
costs of state governance (7Cj?) are lower than those of co-management
(TCp) with lower variable costs (that is, little care-intensity, little threat
to resources and measurement of outcome is possible). This implies that
transaction costs are higher for a co-management strategy since a higher
degree of effort is required for joint decision-making and coordination.
The decision-making procedure becomes more complicated and costly
with increasing group size since time and effort required appear to be
rapidly increasing functions of the size of the group. This is, indeed, in
line with Olson’s hypothesis, which maintains that the smaller the group
size, the greater the likelihood of collective action. When the consent of
every party participating in collective action is required for agreement,
these costs may be very high indeed (Baden, 1998). Nonetheless, with
increasing variable cost, the decision costs under public sector governance
are assumed to increase more rapidly than those under co-management,
because the probability of making wrong decisions is assumed to be higher
due to a lack of idiosyncratic knowledge that further increases the decision
costs (Birner and Wittmer, 2000).

In contrast, transaction costs of implementation seem to be higher for
public sector governance than those of co-management. This is due to
the fact that community-based management systems have the potential
for solving the commons dilemma by internalizing transaction costs of
resource management within the community. The community has a kind
of built-in incentive of social capital® and idiosyncratic knowledge that
can be used to make resource-specific decisions or overcome factors such
as social heterogeneity in the group (Adhikari and Lovett, 2006b). The
community can overcome the problem caused by asymmetrical informa-
tion through informal institutions and lower the opportunity costs of their
time which considerably reduces the extent of transaction costs. The com-
munity also has at its disposal the requisite social coercive mechanisms
to force compliance with expected harvest (Grima and Berkes, 1989).
Though Figure 5.1 does not specify how the transaction costs are distrib-
uted between state government and community, co-management seems
to be crucial to shift transaction costs from state agencies to local users
(Birner and Wittmer, 2000).

Transaction costs of public sector governance and co-management are
compared with those of hybrid private sector governance (7C") in Figure
5.2. The state government’s involvement in common property resource
management seems to be essential for various types of conservation
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Figure 5.2 Comparative efficiency of different governance structures

initiatives like biodiversity conservation. The graph tries to deal with
‘public relevance’ attributes of transaction costs as described in the previ-
ous section. This specifically represents the resulting efficient governance
structure in relation to the variable costs. Hybrid private sector govern-
ance is assumed to have the lowest transaction costs for low values of
variable costs because (1) decision costs are low, (2) there is no need to
overcome collective action and coordination problems and (3) a private
enterprise can typically use stronger incentives than the state (Birner and
Wittmer, 2000). The figure demonstrates that contracted or regulated
private sector governance is comparatively efficient if ¢ is smaller than
¢), pure state governance is comparatively efficient for ¢; < ¢ <c¢, and co-
management (public and collective action sector) is comparatively efficient
if ¢ > ¢, (Birner and Wittmer, 2000).

At this particular juncture, it is relevant to show how efficiency of gov-
ernance structure is influenced by the level of state capability and social
capital. This relationship is presented in Figure 5.3. As I noted earlier,
social capital is very productive since it makes possible the achievement of
certain outcomes that would not be attainable otherwise. Peer monitoring
can considerably reduce the cost of monitoring and this is one reason why
local informal institutions of resource management are able to perform
better than centralized government-mandated institutions (Aggarwal,
2000). The transaction costs of hybrid private governance and of state
governance increase more rapidly with increasing values of variable cost
if state capability is low. Experience from different parts of the world
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Figure 5.3 Impact of state capability and social capital on governance
structure

suggests that sole state ownership over natural resources is less likely to
be efficient in protecting these resources. For example, biodiversity losses
may increase more rapidly due to difficulties faced by state governance in
preventing over-exploitation of biological resources due to high enforce-
ment and monitoring costs. As discussed earlier, increased social capital
reduces the transaction costs of collective action through coordinating
the resource users and implementation of instruments of social control.
Figure 5.3 shows that hybrid private governance is comparatively efficient
for ¢ > ¢" and co-management is the optimal choice for ¢ > ¢’ (Birner and
Wittmer, 2000).

Table 5.2 provides a summary of the institutional choice and govern-
ance structure for natural resource management under different state
capability and social capital.

If both state capability and social capital are low, private sector manage-
ment with state regulation is superior to community-based management.
This significantly reduces the transaction costs of resource management.
Participatory management is especially suited to cases where there is a
high probability of strong community participation. User involvement
in decision-making processes enhances compliance with resource use
regulation. Moreover, community-based management is best suited where
equity issues need to be taken into account. Co-management may be the
optimal choice where governance structure places less demand on social
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Table 5.2 Role of social capital and state capability in selecting
appropriate institutions for commons management

State Social Capital

Capability Low High

Low (Hybrid: private sector Community-based management
management under contract or
regulation)

High Public sector management Hybrid: co-management

involving government agencies
and local communities

Source:  Birner and Wittmer (2000).

capital (state assistance in maintaining this governance structure) and
state capability (transparency may help to reduce corruption in the public
sector) (Birner and Wittmer, 2000). Birner and Wittmer (2000) summarize
the attributes of the most important governance structures for common
property resource management in Table 5.3.

Because transaction costs are a function of the chosen governance struc-
ture and physical characteristics of the resource, ex ante evaluation of pos-
sible resource regime and associated transaction costs is thus an apparent
challenge. Since measuring transaction costs is itself a very difficult task,
estimating the expected gain from selecting a particular governance struc-
ture is also troublesome. Vitn (2001, p.671) points out, ‘when setting up a
regime one must also evaluate or make qualified guesses about the future
development of external costs, for example, costs due to technological
change, new products, etc, implying changes in matter cycles and habitat
interactions’. Theoretical insights presented in this section help to evaluate
and design appropriate forms of governance structure for natural resource
management in these circumstances.

Empirical studies

Having described transaction cost theory and the criteria in selecting
appropriate governance structures I now provide a brief overview of
empirical attempts that try to measure the transaction costs of collec-
tive action. The concern in this section is with three types of transaction
costs: (1) information costs, (2) bargaining costs and (3) enforcement
costs, as described in the previous section. Very few empirical studies
have attempted to measure the transaction costs of community-based
resource management. Davies and Richards (1999) extensively reviewed
the literature on economic analysis of participatory forest management to
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understand the incentives for different stakeholders. They found that these
studies tend to be biased towards benefits in general as opposed to costs like
transaction costs and ex ante studies for project preparation as opposed to
ex post monitoring and impact analysis. Cheung (1987) suggests that the
challenge to economists is to specify and identify what these transaction
costs are and how they will vary under differing circumstances.

Despite this, few empirical studies on transaction costs exist. For
example, Crocker (1971) conducted an empirical analysis of the role of
transaction costs in natural resource transfer using the case of the impact
of air pollution on agricultural land use. He concluded that transaction
costs for affected farmland owners to bargain with polluters were very
high. Leffler and Rucker (1990) applied transaction costs analysis to the
structure of timber harvesting contracts and established empirical evidence
for the influence of specific types of transaction costs on contractual pro-
visions. Kumm and Drake (1998) estimated the private transaction costs
incurred in relation to participation in the Swedish agri-environmental
programme, using data from a survey of 90 randomly selected farmers.
Transaction costs were defined to include expenditure for assistance from
agriculture or conservation consultants, mapping, communication costs
related to participation and time inputs (individuals’ working hours). On
average, consultants’ costs accounted for approximately one-third of the
total costs and the individuals’ labour accounted for approximately two-
thirds. Transaction costs, as a share of actual compensation received, are
typically around 12 per cent and private transaction costs have risen over
recent years.

Drake et al. (1999) carried out a pan-European survey to determine
the cause of participation and non-participation of farmers in agri-
environmental programmes in eight EU member states. They outlined a
theoretical econometric participation function related to parameters like
the direct resource costs of conservation (in terms of reduced production
levels), the direct utility of the farmer derived from conservation activities,
and the transaction costs borne by farmers in relation to participation.
They found that transaction costs borne by farmers might pose constraints
on participation. Information-gathering, for example, on the economics
of organic conversion and how to change management practices, is often
a key component of the transaction costs incurred by farmers wishing to
participate in conservation schemes (Drake et al., 1999).

Aggarwal (2000) undertook a case study of group-owned wells in
southern India in an attempt to understand the possibilities and limita-
tions to cooperation in small groups by looking at the transaction costs
associated with these activities. He observed that start-up costs of well
construction in these villages included the costs associated with digging,
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pump installation, construction of waterways and electricity connec-
tion. The major operating expenses were the costs of electricity used in
pumping, the cost of pump repair and maintenance and costs associated
with periodic removal of silt from the well. The community also invests
substantial amounts of money periodically for the expansion of the wells.
He observed that costs of negotiating are likely to be higher in the case of
expansion activities, particularly in groups where heterogeneity among
members in terms of their endowments and needs is high. Because of the
higher stakes involved in the case of expansion activities, a higher peer
pressure is required to enforce collective arrangements (Aggarwal, 2000).
Moreover, he also observed that instead of community-owned wells, most
of the villagers prefer to have their own private well. Their reluctance for
joint investment can be understood in terms of the high transaction costs
of negotiating and enforcing a complete contract that outlines the obliga-
tions of each member under the different possible contingencies that can
arise (Aggarwal, 2000).

Richards et al. (1999) undertook a participatory economic analysis of
community forestry in Nepal in an attempt to improve donor and project
understanding of the economic incentives faced by different stakeholders,
and in particular local forest users. The case study particularly seeks to
contribute to efforts to improve equity in the forest user groups and to
understand the role of recurrent annual transaction costs faced by com-
munity members. Transaction costs were simply measured in terms of the
opportunity costs of time spent in obligatory forest activities (planting,
protection, weeding and so on) and in various community meetings. They
found that transaction costs of resource management as a percentage of
total costs were significantly higher for the less forest-dependent commu-
nities than for more dependent forest user groups. The study concluded
that it is very important to include transaction costs in economic studies of
community-based resource management (Richards et al., 1999).

Empirical estimation of transaction costs is also documented in Kuperan
et al. (1998), who attempted to analyse a fisheries co-management system
in San Salvador Island in the Philippines. The transaction costs of fisheries
management were categorized into three major cost items: (1) informa-
tion costs, (2) collective fisheries decision-making costs and (3) collective
operational costs. They found that the difference in the total costs of
fisheries management between centralized government management and
co-management is significant; there is significant difference in the costs at
the different stages of management. For the first two stages, which are the
stages of initiating a new management regime and community education,
the costs are higher for the co-management approach compared with the
centralized approach. Nonetheless, transaction costs are lower in the latter



150 A handbook of environmental management

stage for a co-management approach when monitoring and enforcement
and conflict resolution become more important. This is because the costs
of monitoring and enforcement are likely to be lower as resource users
are more likely to comply with community-devised rules and regulations
as opposed to regulation imposed by a centralized government authority.
Since monitoring costs are the major transaction costs, and monitoring is
undertaken by the community, there is an opportunity for these costs to
decline over time as community acceptance of the rules and regulations for
managing the common property increases with a greater moral obligation
to obey those rules and regulations (Kuperan et al., 1998), that is, the costs
are internalized. They further argue that monitoring activities emerge as
the activity accounts for more than 50 per cent of the total costs of all the
activities involved in co-management. It takes up the bulk of the time as it
is a continuous day-to-day activity and it is a crucial activity for the main-
tenance of institutions (Kuperan et al., 1998).

The impact of group heterogeneity

I now turn to a slightly different issue, heterogeneity, which has direct
policy implications for the emergence of local management institutions.
One of the issues related to successful collective action is the contested
role of group heterogeneity, which is assumed to have something to do
with the way institutions evolve. Particularly important among these
issues is the question of socioeconomic, ethnic and political heterogeneity
and their effect on local-level collective action and resource management
(Keohane and Ostrom, 1995; Baland and Platteau, 1996, 1998; Schlager
and Blomquist, 1998; Uphoff, 1998; Bardhan and Dayton-Johnson, 2000;
Velded, 2000; Varughese and Ostrom, 2001). The assumption is that
socioeconomic differentiation and group heterogeneity make cooperative
arrangements more difficult. On the one hand, there is widespread reali-
zation that productivity-enhancing CPR governance is difficult when
appropriators are heterogeneous in regard to their socioeconomic endow-
ments. A large and influential component of the literature claims that
heterogeneity inhibits innovation of local management institutions since it
creates distrust and suppresses the level of mutual understanding among
community members. In such communities, the process of crafting rules
and regulations with respect to how a resource should be managed can
involve high levels of local dispute. Some economic and social science
literature emphasizes that homogeneity or heterogeneity among agents in
any society reflects the levels of trust, which influences the emergence of
local management institutions through its impact on costs of transactions
(Zak and Knack, 2001). Some other scholars, on the other hand, posit
that heterogeneity is not necessarily bad for collective action. Baland and
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Platteau (1996, p.301), point out that, too often, ‘heterogeneity is blamed
as a matter of principle without enough effort being devoted to spelling
out the precise conditions under which it undermines collective action’.
Indeed, the role of group heterogeneity in the evolution of local manage-
ment institutions is ambiguous. What deserves credit in this respect is to
clarify the various forms of heterogeneity and the way they bear upon
collective action dilemmas. In the subsequent discussion I will critically
examine group heterogeneity and the success or failure of collective action
drawing upon evidence from theoretical and empirical work from both the
economic and social science literatures.

The source of heterogeneities are diverse, and include differences in
asset holding, appropriation skills and access to technology, caste, gender,
ethnicity, opportunity cost, political influence and other local differences,
which might influence the equity of resource distribution and thus per-
formance of collective action. Kant (2000, p.288), points out, ‘resource
users will often have somewhat different preferences regarding resource
management, or assign different priorities to the various objectives of
resource management, either because of differing personal interest in the
resource or differing degree of involvement in the social group’. The het-
erogeneity of individual interest with respect to how a resource is managed
affects individual incentives and thus economic use of the local commons.
As rightly pointed out by Seabright (1993), the degree of trust economic
agents, participating in some form of collective action, have in one another
serves a crucial role in common property regimes. He developed a model
of ‘habit forming’ cooperation. The model revealed the fact that players’
belief about each other’s trustworthiness is confirmed and contributes
to cooperative behaviour. Such a ‘habit-forming’ process is, however,
unlikely to work in a community which starts with a high level of het-
erogeneity with respect to resource management preference (Kant, 1998).
Moreover, economic inequality or socioeconomic heterogeneity among
the members of a resource-using group might be associated with different
degrees of access to, and control over, the local commons. Intra-group
heterogeneity in terms of private payoffs, therefore, can often lead to con-
flicts of interest and thus hinder the emergence of egalitarian institutions
and the performance of any cooperative arrangements. Ostrom (1990)
argues that none of the successful CPR situations involves participants
who vary greatly in regard to ownership of assets, skills, ethnicity, race, or
other variables that could strongly divide a group of individuals.

Socioeconomic heterogeneity, relative income effect and the political
framework in which policy decisions are taken determine the benefit-
sharing arrangements in commons management. Income inequality pro-
duces the gap between poor individuals’ ability to pay and willingness to
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pay for collective action. The level of the poorer users is so low that they
might not be able to participate in community-based management systems,
because they cannot meet the costs involved. For example, groups that
depend heavily on daily wage labour sometimes find it difficult to contrib-
ute their share of resource management costs. As a result they are deemed
ineligible for the benefits. McKean (2000) observes that common property
regimes do not always serve to equalize income within the user group.
Communities may vary enormously in how equally or unequally they
distribute the products of the commons to eligible users. Decision-making
rights tend to be egalitarian in the formal sense; however, richer house-
holds may actually have additional social influence on decisions due to the
relative strength of their socioeconomic position. Greater homogeneity,
on the other hand, promotes both equity and efficiency by facilitating the
adoption of more coordination and cooperative arrangements at the local
level. In a similar vein, Guggenheim and Spears (1991) argue that in light
of likely scenarios of sociopolitical heterogeneity within spatially defined
community groupings, participation in community decision-making can
be skewed in favour of more powerful subgroups. Asymmetries among
participants facing CPR provision and appropriation problems, therefore,
can present substantial barriers to overcoming the disincentives associated
with collective action (Ostrom and Gardner, 1993).

The sources of heterogeneities are diverse and there are several possible
definitions of heterogeneity. A number of researchers seem to be much
focused on economic inequality as a major source of heterogeneity, that is,
inequality in wealth or income among the community members involved
in collective action. However, Bardhan and Dayton-Johnson (2000) also
noted other kinds of inequality within a resource-dependent community
such as ethnic and social heterogeneity, and environmental or state vari-
ables like low levels of trust or social cohesion. They noted a U-shaped
relationship between inequality and commons management: very high
and very low levels of inequality are associated with better commons
performance, while mid-range levels of inequality are associated with
poor outcomes. Social heterogeneity increases the cost of negotiation
and bargaining inherent in the process of crafting institutions. Economic
inequality, combined with other constraints, severely limits the possible
bargaining outcomes available to resource users. In this regard, inter-
related ‘commons outcomes’ that might be affected by inequality include
resource conservation, maintenance of infrastructure, the supply of local
institutions, monitoring and enforcement of regulations and conflict
resolution (Bardhan and Dayton-Johnson, 2000).

Economic opportunities available to resource users outside the local
commons are considered to be a complicated form of heterogeneity that
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Bardhan (1999) considers ‘exit options’. He argues that the effect of exit
options on conservation is complicated. Nonetheless, this depends in part
on the nature of the relationship between wealth and the exit options. If a
resource harvester’s exit option is a concave function of wealth — meaning
that the value of the outside option rises very quickly with wealth at low
levels of wealth, but increases more slowly at higher wealth levels — then
increases in inequality, starting from relatively equal wealth distributions,
will reduce conservation and thus performance of cooperative arrange-
ments. In that case, the relatively poorer harvesters will not be interested
in optimal conservation; as her/his wealth declines, their gain from con-
servation falls off more rapidly than the gain from exercising her/his exit
option. On the other hand, if the exit option is a convex function of the
wealth level then increased inequality might either enhance or damage
the prospects for conservation: the effect is intermediate. If resource users
have relatively lucrative earnings outside the commons, this can affect
their individual incentives. Wealthier households might have reduced
incentives to participate in collective action, as their wealth endowments
afford them attractive outside earning opportunities. For those enjoying
such opportunities, the discounted value of their future income flows from
the CPR may fall below that of alternative incomes available. On the
other hand, users lacking such outside opportunities attach a higher value
to the future state of the resources, which may enhance the likelihood of
collective action.

In his simple numerical model, Kanbur (1992) investigated the role of
group heterogeneity in the success or failure of common property resource
management. He argues that cooperative arrangements are less likely
when agents are highly heterogeneous. Moreover, existing arrangements
are also likely to break down as a group becomes more heterogeneous.
Drawing upon the conclusions from various case studies, he vividly
presents the fact that greater equity (at least greater homogeneity) pro-
motes greater efficiency by facilitating adoption of cooperative arrange-
ments, in situations where externalities make non-cooperative outcomes
inefficient. Tang (1992) presents a synthesis based on careful analysis of
47 case studies of community irrigation systems and found that a low
variance of average family income among irrigators tends to be associated
with a high degree of rule conformance and good maintenance: 72 per
cent more of the cases with low-income variance are characterized by both
a high degree of rule conformance and good maintenance than the cases
with high income variance. This finding may throw new light on the fact
that successful schemes are to be found in relatively homogeneous commu-
nities, and it is precisely in these communities that one is unlikely to find
arrangements that favour one subgroup over another (Kanbur, 1992).
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In their theoretical modelling, Baland and Platteau (1999) investigated
the impact of inequality on the ability of resource users to undertake
successful collective action with special reference to over-exploitation of
common property resources. They argued that in the voluntary provision
problem, inequality has an ambiguous impact on efficient outcomes, while
in regulated settings it tends to reduce the acceptability of available regula-
tory schemes, which makes collective action more difficult. Changes that
disequalize distribution of access rights through the definition or redefini-
tion of property rights will have two different effects. First, the agents who
benefit from such a change have a larger stake in the common property
resources and therefore have a greater incentive to take part in conserva-
tion efforts. The same change has a corresponding disincentive effect on
the other agents whose endowments have been reduced. Since the increas-
ing inequality redistributes incentives in different directions, it may have
ambiguous effects on the ability of users to initiate collective action. Under
such circumstances, a homogeneous group may better succeed in design-
ing and enforcing equitable conservation measures than a heterogeneous
one.

In contrast to what I have discussed earlier, heterogeneity and income
inequality in community-based property rights structures are also said to
be conducive to the successful outcome of collective action. Olson (1965)
hypothesized the possibility that groups where considerable heterogenei-
ties exist may be privileged if those with the most economic interests and
power were to initiate collective action to protect their own interests.
Wealthy users may be more concerned with resource conservation since
they can greatly internalize the benefits generated from the commons and
therefore have more incentive to contribute to the local commons. Olson
further argued that the greater the share in the benefits of a collective
action for any single member, the greater the propensity of this ‘large’
member to bear the costs involved in commons management. In a related
vein, Baland and Platteau (1999) revealed that increasing inequality could
stimulate the incentive of the big users to voluntarily contribute and simul-
taneously encourage the small users to free-ride on the former’s contribu-
tion. As a result, the net impact of inequality on collective action will hinge
upon the respective strengths of these two opposite effects. However, the
fact that rich users are more inclined to contribute does not imply that
increased inequality favours collective action. Again, inequality has an
ambiguous impact on collective action.

The Olson hypothesis is likely to make sense when management of a
CPR involves important ‘non-convexities’ in its production function.
Non-convexities indicate the large start-up costs, which are likely to be
incurred in setting up a commons management regime. These costs might
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be labour costs of constructing irrigation infrastructure, fencing around
the pastures and maintenance costs like fire prevention measures in com-
munity forestry and cleaning of canals in community-managed irrigation
systems. Furthermore, start-up costs also involve organizational effort
to collectively mobilize community members towards collective action.
Bardhan and Dayton-Johnson (2000) considered that benefits from local-
level collective action are a non-convex function of the effort provided
to produce those benefits if there is a threshold level of aggregate effort
that must be supplied before any benefits are realized. As effort increases
beyond the threshold, however, benefits to the group begin to increase. It
is impossible for poorer members to contribute and bear a significant part
of these start-up costs in order to initiate community-based resource man-
agement. In this respect, wealthier and better-endowed users may be able
to mobilize the capital necessary to support and materialize the collective
action. Baland and Platteau (1997) also confirm the theoretical possibility
of this Olson effect in the presence of non-convexities.

Theoretical literature on heterogeneity is also supplemented by empiri-
cal studies undertaken in different parts of the world, especially in
developing countries. Drawing upon recent theoretical advances in the
analysis of cooperation, Molinas (1998) undertook an econometric analy-
sis of the determinants of successful collective action based on a survey
of 104 peasant cooperative institutions in Paraguay. This study shows
that controlling as much as possible for the specific characteristics of the
community and peasant committee, the relationship between community
inequality and cooperative performance is an inverted U. It was evident
that community members with bigger land holdings are expected to
benefit proportionally more from the committee’s activities than members
with smaller holdings. Since the provision of community infrastructure
will increase the average price of land in the community, users who own
more land naturally benefit more. In addition, the benefits accruing from
joint commercialization of the outputs and collective buying of inputs are
proportional to the scale of production, which in turn depends upon the
size of the land holding. The study concludes that local-level cooperation
is not monotonically related to either the degree of inequality of endow-
ments within the community or the local intervention; rather, it is of an
inverted U-shape form. Dayton-Johnson (2000) develops a simple model
of individual households’ incentives to provide collective maintenance
effort in a communally owned irrigation system in Mexico. He found that
economic inequality and social heterogeneity are consistently and sig-
nificantly associated with lower levels of infrastructure maintenance and
reduce the performance of collective action, while inequality in landhold-
ings has a negative, though complicated, effect on maintenance. Similar to
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Molinas’ findings, his model shows that the effect of economic inequality
is complicated and not monotonic (Dayton-Johnson, 2000).

Varughese and Ostrom (2001) investigate the role of heterogeneity in
affecting the likelihood of collective action in a study of 18 forest user
groups in Nepal. Their study focuses on some important community
attributes that affect users’ incentives to cooperate in resource manage-
ment like the size of the community of resource users, locational differ-
ences among users with respect to forest areas, differences in forest users’
income and presence or absence of economic/social/ethnic disparities
and the availability of alternative forest resources. They, however, con-
clude that social and cultural heterogeneity does not have a determinant
impact on the likelihood or success of collective action. Successful groups
overcome stressful heterogeneities by crafting innovative institutional
arrangements well matched to their local circumstances within which user
groups decide how to organize themselves and which rules to adapt to
allocate rights and duties as well as costs and benefits. They further argue
that communities would collectively manage local-level natural resources
where there are very substantive benefits to be obtained through collective
action. Heterogeneity is not a variable with a uniform effect on the likeli-
hood of organizing self-governing enterprises, as communities put effort
into devising rules to cope with heterogeneities and they may be able to
invest more heavily in finding effective rules that are considered fair, effec-
tive and efficient to most users (Varughese and Ostrom, 2001).

A study of CPR management in Fulanui village in Mali (Velded, 2000)
demonstrated little direct relationship between the degree of heterogene-
ity and the success of collective action. It was found that homogeneity
among elite groups enhanced capacity for collective action. However,
when heterogeneity in economic interests between elite groups intensi-
fied and coincided with other dimensions of heterogeneity, such as het-
erogeneity in economic wealth, access to land and CPRs and agreement
over authority of the leadership, the collective action became difficult to
achieve. He further observed that heterogeneity of wealth and ethnicity
do not prevent ‘common interest’ among elite and subordinate groups in
collective action. Rather, Velded argues that the political elite of the com-
munity can assume leadership in local organization of CPR management
and provide an authority structure for monitoring and rule enforcement.
On the other hand, conflict was observed in a similar setting when eco-
nomic interests differed with regard to use of CPRs. Moreover, in terms of
resource use, access to local CPR grazing is more exclusively for the noble
elite and influential section of the community. This study suggests that as
long as there is reasonable homogeneity among elite groups, cooperative
outcomes can be relatively persistent even among heterogeneous social
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groups (Velded, 2000). However, in line with Baland and Platteau (1995,
1996), Velded emphasized that there is a need to distinguish between
various forms of heterogeneity in analysis and explanation of collective
action, especially in relation to heterogeneity in endowments, entitlements
(wealth) and economic interests.

Kant (2000) developed an optimal control model for a dynamic
approach to forest regimes in developing economies integrating the natural
system and socioeconomic factors of the resource users. The model dem-
onstrates that the dynamics of the optimal forest regimes depend on the
change in natural factors, socioeconomic factors (user group heterogene-
ity) and on the interaction between natural and socioeconomic factors.
The model defines cultural, economic, ethical and other social differences
as a basic level of heterogeneity. Due to this basic heterogeneity, members
of the user groups may have diverse preferences for timber and non-timber
products and hence prefer a different mix of products, which is considered
as second-level heterogeneity. Preference for diversified forest products
often leads to different preferences for resource management regimes,
which can be further described as a third level of heterogeneity. Therefore,
heterogeneity with respect to resource regimes is treated as a function of
the product preference differences, which in turn is treated as a function of
cultural, economic and social heterogeneity. Though the model is crucial
to understanding optimal resource regimes, their linkages with socioeco-
nomic factors (heterogeneity), and the dynamics of these optimal regimes
and socioeconomic factors, it is explicit about how and to what extent
intra-community heterogeneity or wealth endowment affects equitable
benefit-sharing mechanisms among resource users.

While there has been a great deal of work on the management of local
environmental resources in recent years, there has been surprising little
work, either theoretical or empirical, on how inequality helps or hinders
cooperative management of the local commons (Bardhan, 1999). Not much
is understood on how socioeconomic status of resource users promotes or
discourages participation in CPR management and consequently the equity
of resource distribution. Nonetheless, evidence from South Asia suggests
that the socioeconomic status of resource users may place stringent limits
on the extent to which certain groups are able to participate and benefit
from the management of CPRs. The landless, agropastoralists, and other
politically and economically marginalized user groups may not be able to
take advantage of incentives for tree growing (Guggenheim and Spears,
1991). Moreover, participatory forest management in South Asia illustrates
the sharp equity problem elsewhere since social structure itself is for the
most part inherently unequal. These resource management initiatives were
supposed to help the poorest of the village population, lighten women’s
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workload and relieve family budgets. The income of many such projects,
however, has been invested in other community development activities
like village schools, rural roads and small-scale irrigation and very often
productivity gained from such investments is captured by relatively well-
off farmers. Entitlement to products of the commons varies to a surprising
extent (McKean, 1992a). Hill and Shields (1998) observed that the com-
munity incentives in joint forest management (JFM) in India are not so
clear-cut, however, the main losses in JEM are fuel wood head loaders who
are often from the poorest subgroup within the village. Many studies have
shown that the poor and the disadvantaged do not necessarily benefit from
community-based forest management (Bhatia, 1999). While the aggre-
gate gains from reducing common pool problems or promoting economic
growth through the definition or redefinition of property rights are unlikely
to be controversial, the distribution of wealth and political power inherent
in the proposed rights structure will be a source of dispute (Libecap, 1989).

The recent literature on common property resource management,
however, indicates that sustaining environmental resources is not depend-
ent on a particular structure of property rights regime, but rather on a
well-specified property rights regime and a congruence of that regime with
its ecological and social context (Hanna and Munasinghe, 1995). Success
of the property rights regime depends upon the congruence of ecosystem
and governance boundaries, the specification and representation of inter-
ests, the matching of governance structure to ecosystem characteristics,
the containment of transaction costs and the establishment of monitoring,
enforcement and adoption processes at the appropriate scale (Eggertsson,
1990; Ostrom, 1990; Bromley, 1991 and Hanna et al., 1995). More impor-
tantly, the equity and distributional aspects of the CPR regime are con-
sidered to be one of the major determinants of long-term sustainability
of CPR institutions. Since the nature of property rights regimes and the
distribution of access to natural resources affect both the level of poverty
and the quantity and quality of the environmental resource base in the
long run (Dasgupta and Maler, 1991), property rights institutions will
have to be more egalitarian in order to avoid unilateral appropriations of
the commons. Empirical regularities that link inequality to better or worse
outcomes of community-based resource management would be a basis for
asset redistribution programmes including land reform and poverty alle-
viation that target communities based on the level of inequality (Bardhan
and Dayton-Johnson, 2000).

Conclusions
This chapter explores the role of institutions in managing local-level envi-
ronmental resources. The basic purpose was to explain the emergence of
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local management institutions and their impact on successful management
of common property resources at the local level. The analytical approach
of this chapter builds on insights from ‘new institutionalism’ and theoreti-
cal and empirical literature from new institutional economics that under-
score the role of formal and informal institutions for a solution to the CPR
problem. Institutions are humanly devised constraints that shape human
interaction and that ultimately affect the performance of the economy
by their effects on the costs of exchange (North, 1990). Institutions serve
a number of important economic functions like facilitating market and
non-market transactions, coordinating the formation of expectation,
encouraging cooperation and reducing transaction costs. From the eco-
nomic perspective, it became clear that the problem of environmental deg-
radation is to get the institution right. The underlying causes of resource
degradation are found in those problems that systematically result in
institutional failures. Since the basic theme of economic reasoning in the
domain of institutional changes is to achieve equity and economic effi-
ciency in the allocation of resources, an institution established to achieve
such objectives remains in place as long as it serves the purpose. Whenever
the underlying economic relations change, new institutions will emerge
in response to underlying economic circumstances of the community.
However, North (1990) pointed out that not all institutions are efficient
and even inefficient institutions can persist for a long time. Institutions
do not always decrease transaction costs but might actually, when they
are inefficient, increase transaction costs (Olsson, 1999). Because transac-
tion costs are a function of the chosen governance structure and physical
characteristics of the resource, designing the governance structure depends
on the attributes of transaction, that is, asset specificity, uncertainty and
frequency of transaction associated with making various management
decisions. Because of the public nature of environmental goods, public
relevance also needs to be taken into account while selecting particular
types of management regime.

The chapter has analysed different resource management regimes and
addressed appropriate governance structures for environmental resource
management from institutional perspectives. I revisited and analysed open
access and common property resource systems and associated transaction
costs. It is shown that open access exploitation results from the absence of
well-defined property rights. Access to the resource system is unregulated
and is free and open to everyone interested in resource appropriation and
exploitation. Rent is completely dissipated at open access equilibrium.
In another words, zero average net revenue characterizes the equilibrium
of an open access regime. There is over-use resulting from resource users
ignoring the effects of their consumption on the costs faced by other users.
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Similarly, there is over-use resulting from users ignoring the effect of
their consumption this year on the costs they will face next year. On the
supply side, CPRs held under open access regimes are like public goods.
Individuals cannot capture the benefits of their investments in these
resources, and as a result investment is inefficiently low, resources are mis-
allocated, and there is under-investment in information (Wallace, 1981).
Governance of natural resources can thus be conceptualized as a collective
endeavour of individuals organizing for the provision of, and appropria-
tion from, resources that have public good characteristics. Since individual
interests are unlikely to lead to sustainable management of CPRs in an
open access regime, the design of governance for resource management
has to include some elements of support from government to modify the
incentives for individual resource users (Varughese, 1999).

Analysis of CPR management under common property regimes indi-
cates that resource management under community ownership is not
operating in a vacuum. Instead, common property is a form of resource
management regime in which a well-delineated group of competing users
participates in extraction or use of a jointly held, fugitive resource accord-
ing to explicitly or implicitly understood rules about who may take how
much of the resource (Stevenson, 1991). The confusion in the conventional
literature over the tragedy of the commons arises from a failure to under-
stand the concept of property, and therefore to fail to understand common
property regimes (Bromley, 1991). The economics literature also discusses
the problem associated with common property, which results from some
type of adverse interaction among resource users and unrestricted access to
the resource system by all who care to use it. As discussed earlier, common
property resources share two important characteristics. First, exclusion of
resource users from these resources is difficult. Second, the use of resources
by one person subtracts from the welfare of other users. Natural products
like trees, water and wildlife are subtractable, and in most cases, exclu-
sion will be problematic and costly. If one individual uses more, then less
remains for another. These resources are therefore potentially subject to
depletion or degradation, that is, use that is pushed beyond the limits of
sustainable yields. So the problem raised by common property is usually
represented in the formal framework of the ‘prisoner’s dilemma’.

This chapter also attends to the transaction costs associated with
community-based resource management. An institution’s primary purpose
is to reduce transaction costs and thereby enhance economic performance.
Neo-classical economic analysis tends to be preoccupied with production
costs, largely ignoring the transaction costs associated with production
and economic exchange. Despite the importance of transaction costs in
functioning of an economic system, there are very few empirical estimates
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of transaction costs and very few comparative estimates. The analysis
emphasized that transaction costs of community-based resource manage-
ment can be a significant part of resource management costs, which is gen-
erally ignored in economic analysis of participatory forest management.

The chapter also discussed the role of heterogeneity in the perform-
ance of collective action in general and distributional implications of such
regimes in particular. On the one hand, it turned out to be the case that
wealth might affect private benefits from the commons indirectly, through
social relations between one group and another, when users attempt to
deal with collective action dilemmas associated with joint use of common
resources. However, there is still disagreement among social scientists and
economists regarding the effect of heterogeneity on the capabilities of social
groups to undertake successful collective action. In fact, a general finding
from studies on the management of common property systems is that enti-
tlements to products of the commons are almost always based on private
holdings (Dasgupta, 1999). McKean (1992b) reaches a similar conclusion
that the distribution of benefits in collective action reflects inequalities in
private wealth. Drawing upon several theoretical and empirical studies in
Asia and Africa, Baland and Platteau (1996) provide several examples of
homogeneity/heterogeneity and claim that equitable access to resources is
possible even in heterogeneous village society in Japan (McKean, 1992a,
1992b) and an ethnically diverse village in India (Bardhan, 1993a, 1993b),
as well as most pastoral societies of Africa. In most of these villages,
scholars observed a kind of equitable access to locally managed CPRs
with local rules, norms and customary law. It seems that the impact of het-
erogeneity is ambiguous. Analysis of heterogeneity and distributive issues
of collective action have important policy implications for community-
based resource management initiatives, especially those aimed at shaping
resource use decisions by households and poverty reduction through
better management of local commons.

Notes

1. Iborrow the idea of Libecap (1989) to conceptualize the process of defining or changing
property rights in terms of contracting. Contracting includes both private bargaining to
assign or adjust informal ownership arrangements and lobbying efforts among private
claimants, politicians and bureaucrats to define, administer and modify more formal
property institutions (Libecap, 1989).

2. Common pool resources refer to the natural resource that is available in the commons,
whereas common property regime refers to the institutional property rights arrangement
by which the resource is managed. The two are often confused as the same acronym,
CPR, is used for both.

3. Williamson (2000) notes that NIE operates at two different levels: macro and micro. The
macro level deals with the institutional environment, or rules of the game, which affect
the behaviour and performance of economic actors in which organizational forms and
transactions are embedded. Williamson discusses it as the set of fundamental political,
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social and legal ground rules that establish the basis for production, exchange and dis-
tribution. The micro-level analysis, on the other hand, also known as the institutional
arrangements, deals with the institution of governance. These refer to the modes of man-
aging transactions including market, quasi-market and hierarchical modes of contract-
ing (Williamson, 2000).

4. Public goods are resources that can be accessed by anyone and the consumption of the
resource by one person does not affect the consumption by anyone else. Enjoyment of
a sunrise is a classic example. However, many natural resource public goods can be
readily over-exploited, which is why property rights need to be defined and consumption
regulated.

5. Economic rent is the difference between the actual cost of bringing something into pro-
duction and the amount that is paid for the product. Economic rents are low if there is a
lot of competition and tend to be higher when there are monopolies.

6. Production externalities are costs of production that are incurred by someone other than
the producer. For example, a logging company exploiting old growth forest will pay
stumpage costs on each tree extracted to the owner of the land, but does not compensate
society for the loss of a valuable habitat.

7. Pareto optimality is when goods are exchanged until no one can be made better off
without someone being made worse off. Under these conditions the market is efficient in
that it is responsive to supply and demand.

8. Social capital comprises features of social organization such as networks, norms and
trust that can improve the efficiency of a community by facilitating cooperation and
coordination of relations between actors and among actors (see Coleman, 1990; Putnam,
1993). Social capital is also productive since it makes possible the achievement of certain
outcomes that would not be attainable otherwise (Coleman, 1990; Molians, 1998) and it
also reduces the transaction costs of collective action.
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6. Analysing dominant policy perspectives —
the role of discourse analysis
David G. Ockwell and Yvonne Rydin

Introduction

The last decade has seen a ‘linguistic turn’ within policy analysis
(Edelman, 1988; Rydin, 1998, 1999; Hastings, 1999) as it becomes increas-
ingly accepted that language use and appeals to different discourses by
various actors in the policy-making sphere have a direct influence on
the nature of any policy. In this chapter we explore how to undertake a
discursive policy analysis. Rather than focus on the theoretical debates
on this approach, we address the practical problems and potential for
undertaking discourse analysis of environmental policy through a case
study of the policy governing anthropogenic fire in Cape York Peninsula,
Queensland, Australia. We begin by exploring the rationale for and ben-
efits of using discourse analysis. Then we emphasize the need to find an
appropriate ‘middle range’ theory for application in any specific context.
To illustrate our point, two alternative frameworks for undertaking such
an analysis are outlined. We then apply these frameworks in detail to our
case study and use them to understand why a particular policy perspective
has dominated fire policy in Cape York. This demonstrates the nature of
the insights that the two approaches facilitate and provides the opportu-
nity for exploring the methodological difficulties and practicalities of such
an analysis.

The arguments for a discursive approach to policy analysis

The term ‘discourse’ is both complex and contested. It has multiple roots
in the social sciences and humanities (Hastings, 1999, 2000). Dryzek (1997,
p.8) defines a discourse as ‘a shared way of apprehending the world.
Embedded in language it enables subscribers to interpret bits of informa-
tion and put them together into coherent stories or accounts. Each dis-
course rests on assumptions, judgements and contentions that provide the
basic terms for analysis, debates, agreements and disagreements’.

The key point of attending to discourse within environmental policy
analysis is to respond to the assumption that policy language is a neutral
medium through which ideas and an objective world can be represented
and discussed (Darcy, 1999). This assumption overlooks the extent to
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which policy is contingent on social constructions of reality and the way
the expression of policy issues will both be the result of power relations,
ideological contestations and political conflict, and actively shape such
relations, contestations and conflicts. Advocates of discourse analysis
claim that it is crucial to examine and explain how language is used in
such contexts in order to reveal aspects of social and political processes
that were previously obscured or misunderstood. Furthermore, discourse
analysis can serve to illuminate the way in which entrenched policy posi-
tions are to some extent sustained by the way in which policy problems are
linguistically framed (Scrase and Ockwell, 2009).

More specifically, three distinct benefits of policy discourse analysis can
be identified (Rydin, 2005). First, it enables one to understand different
policy actors’ perspectives and their self-presentation within the policy
process. These will be expressed through the language that policy actors
use and can help explain how different actors operate within policy con-
texts. An actor may use specific forms of language that are particularly
appropriate and effective in a given policy context; by contrast, the weak
situation of community representatives at formal hearings and inquiries
is often at least partly due to their lack of command of the appropri-
ate formal language. There are also strong links between the identity of
actors and their use of language; identity is constructed through linguistic
means. This has implications for how actors are categorized and treated
in policy contexts; what it is to be actor X in a certain policy situation is
discursively constructed. The argument here is that language is not just
a medium of interaction but is also constitutive of actors, their identities
and their values. Actors’ values, therefore, cannot be seen in terms of their
hard-wired preferences but rather as generated through debate, discus-
sion and enunciation of those values (DeLuca, 1999). Furthermore, this is
not an individual undertaking but is inherently social, occurring through
interactions between actors.

Second, the attention to language allows consideration of how actors’
power is at least in part discursive. Interaction between actors then becomes
not just a series of encounters in which interests are balanced against or
do battle with each other on the basis of their material resources. Rather
it points to how the language that actors actively or unconsciously use in
their communications with others is involved in persuasion and ration-
alization and influences the dynamics of policy debates. This is not just a
matter of individual actors’ capacity in using language. Linkages with pre-
vailing societal discourses will also be important in supporting a particular
actor’s case. The reliance on various forms of economic rationality are a
case in point, where the discursive reliance on a widely used and referenced
argument about the importance of economic growth carries weight quite



170 A handbook of environmental management

independently from the material power of economic actors and their skill
in persuasion (Rydin, 2003).

Another way of considering the inter-relationship between language
and actors’ interactions with one another is to see language as also con-
stitutive of the incentives facing actors — the costs and benefits (monetary
and otherwise) that they take into account in deciding on their behav-
iour. For example, researchers have suggested that reputation can be a
key factor shaping behaviour (Ostrom, 1990; Chong, 1991). Actors may
seek to promote and protect a good reputation and avoid behaviour that
is going to expose them to public shame and blame. But reputation is a
social variable 